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ABSTRACT- English 

Pharmaceuticals constitute a major class of Emerging Contaminants due to their 

extensive global consumption, intrinsic chemical stability, and limited removal in conventional 

wastewater treatment plants. Their persistence and bioactivity raise considerable environmental 

and toxicological issues, necessitating the development of efficient, scalable, and sustainable 

remediation strategies.  

This thesis first provides a systematic review of heterocyclic pharmaceuticals, 

synthesizing current knowledge on their sources, environmental occurrence and fate, 

physicochemical persistence, transformation pathways, and documented toxicological profiles, 

including neurotoxicity, genotoxicity, mutagenesis, and carcinogenicity. Examples of targeted 

experimental studies employing Advanced Oxidation Processes and adsorptive materials are 

also presented. The analysis identifies substantial gaps in the understanding of long-term 

ecological risks and highlights pressing limitations in existing remediation technologies. 

Sildenafil and tadalafil are heterocyclic pharmaceuticals used to treat erectile 

dysfunction that, in recent years, have gained considerable attention due to their widespread 

legal and illegal use, including increasing recreational consumption among young people. Their 

high stability and environmental persistence, together with the generation of potentially 

hazardous phototransformation products, pose risks to human health and ecosystems. 

Conventional wastewater treatment plants are largely ineffective at removing these compounds, 

resulting in their continuous release into effluents and subsequent contamination of surface 

waters. This study evaluated photooxidation processes under simulated solar irradiation for 

removing sildenafil and its derivatives from water using three oxidants (hydrogen peroxide, 

peroxymonosulfate, and persulfate), as well as photocatalytic processes employing a TiO₂ 

catalyst. Potential transformation products were assessed and tentatively identified using liquid 

chromatography coupled to mass spectrometry with electrospray ionization and multiple-stage 

mass spectrometry. The Sunlight/peroxymonosulfate system proved most effective, achieving 

complete degradation in distilled water after 80 minutes and in synthetic wastewater after 130 

minutes. Acute toxicity tests on Vibrio fischeri confirmed the non-toxicity of treated solutions, 

demonstrating the environmental compatibility of the Sunlight/peroxymonosulfate system. 

The global rise in depressive disorders has led to increased prescription of venlafaxine, 

a serotonin–norepinephrine reuptake inhibitor. Its physicochemical stability, limited 

biodegradability, and incomplete removal in wastewater treatment have resulted in its frequent 

detection in effluents and surface waters. The persistence and biological activity of venlafaxine 

underscore the need for effective, sustainable treatment technologies, including 

Electrochemical Advanced Oxidation Processes, which employ reactive species such as 



 

hydroxyl (•OH) and sulfate (SO4
−•) radicals to achieve the mineralization of pollutants. While 

most studies employ boron-doped diamond anodes, these present practical challenges, 

including delamination, high cost, limited scalability, and short service life. In this thesis, 

platinum was used as a stable alternative for galvanostatic electrochemical degradation. 

Experiments conducted in 0.1 M Na2SO4 at pH 9 under a current density of 25 mA cm-2 

achieved 94% degradation of 25 mg L-1 venlafaxine within 7 hours, following first-order 

kinetics (k = 0.0084 min-1). LC-MS (Liquid Chromatography-Mass Spectrometry) analysis 

identified key transformation intermediates, revealing predominant degradation pathways 

involving demethylation, hydroxylation, and aromatic ring modification. In silico toxicity 

predictions confirmed that these intermediates pose significantly lower ecological risks than the 

parent compound. 

To complement oxidative treatments, sustainable adsorption-based approaches were 

investigated. Activated carbons were synthesized from spent brewery grains using K2CO3 as an 

activating agent, with both conventional and microwave-assisted pyrolysis employed to assess 

the effect of thermal treatment on adsorbent properties. Microwave-assisted activated carbon 

exhibited higher surface areas, enhanced porosity, and improved surface functionalization, as 

confirmed by Scanning Electron Microscopy and BET (Brunauer-Emmett-Teller) analysis. 

Adsorption experiments showed that, with microwave-derived activated carbon, equilibrium 

was reached within 2 hours, achieving removal efficiencies of 62% ± 3% in ultrapure water and 

49.5% ± 0.6% in wastewater at a dose of 50 mg L-1. Kinetic modeling indicated pseudo-second-

order behavior, suggesting chemisorption as the dominant mechanism, while equilibrium 

isotherm fitting supported monolayer adsorption on a homogeneous surface with identical 

adsorption sites. The superior performance of the microwave-derived activated carbon is 

attributed to its enhanced porosity and improved textural properties resulting from rapid and 

uniform heating during microwave-assisted pyrolysis. The results support the viability of 

transforming agro-industrial waste into high-value adsorbents and contribute to the 

development of greener, circular, and robust solutions for addressing emerging pharmaceutical 

contaminants. 

The removal of sildenafil and tadalafil was similarly investigated using activated 

carbons and natural and organo-modified montmorillonite with didodecyldimethylammonium 

bromide (DDAB). Microwave-derived activated carbons achieved equilibrium in 2 hours with 

removal efficiencies of 90.3% ± 0.1% for sildenafil and 95% ± 2% for tadalafil at a dose of 50 

mg L-1. DDAB-modified montmorillonite reached equilibrium within 60 minutes, removing 

84.9% ± 0.1% of sildenafil and 91% ± 3% of tadalafil using a dose of 250 mg L-1. Isotherm 

analyses and kinetic modeling confirmed that chemisorption and specific interactions with 



 

active sites govern adsorption, while differences in surface heterogeneity explain variations in 

capacity across the different materials. Collectively, this investigation demonstrates that bio-

derived activated carbons and engineered clay minerals are effective and sustainable adsorbents 

for removing sildenafil and tadalafil from aqueous matrices. 

This study advances sustainable and economically viable water-treatment strategies 

aligned with circular-economy principles. By evaluating technology and resource-recovery, it 

offers a scientific framework for designing systems that reduce waste, save energy, and 

encourage material reuse. The research provides a solid foundation for mitigating 

pharmaceutical contaminants in water, promoting ecosystem health, and resilient management 

practices.  

  



 

ABSTRACT- Italiano 

I prodotti farmaceutici costituiscono una delle principali classi di contaminanti 

emergenti, a causa del loro elevato consumo a livello globale, della loro stabilità chimica 

intrinseca e della limitata rimozione negli impianti convenzionali di trattamento delle acque 

reflue. La persistenza e l’attività biologica di questi composti sollevano rilevanti 

preoccupazioni ambientali e tossicologiche, rendendo necessaria la definizione di strategie di 

bonifica efficienti, scalabili e sostenibili. 

La tesi si apre con uno studio sistematico dei farmaci eterociclici, che raccoglie e 

sintetizza le conoscenze attuali sulle loro fonti, sulla presenza e sul destino nell’ambiente, sulla 

persistenza fisico-chimica, sui principali processi di trasformazione e sui profili tossicologici 

documentati (inclusi neurotossicità, genotossicità, mutagenesi e cancerogenicità). Sono inoltre 

riportati esempi di studi sperimentali mirati che impiegano processi di ossidazione avanzata e 

di adsorbimento su materiali naturali. L’analisi di tali evidenze mette in luce rilevanti lacune 

nella conoscenza dei rischi ecologici a lungo termine e le limitazioni delle tecnologie di bonifica 

attualmente in uso. 

Nell’ambito dei farmaci eterociclici, il sildenafil e il tadalafil rivestono un interesse 

particolare. Si tratta di composti impiegati per il trattamento della disfunzione erettile che, negli 

ultimi anni, hanno attirato crescente attenzione a causa dell’ampio uso legale e illegale, incluso 

l’impiego ricreativo tra i giovani. La loro elevata stabilità e persistenza ambientale, unitamente 

alla formazione di prodotti intermedi della fototrasformazione del farmaco potenzialmente 

pericolosi, rappresentano un rischio per la salute umana e per gli ecosistemi. Gli impianti di 

trattamento delle acque reflue risultano in gran parte inefficaci nella rimozione, determinandone 

il continuo rilascio negli effluenti e la conseguente contaminazione delle acque superficiali. In 

questa tesi è stata valutata l’efficacia di processi per la rimozione del sildenafil e dei suoi 

derivati in acqua, con particolare attenzione alla fotoossidazione sotto irradiazione solare 

simulata, impiegando tre diversi ossidanti, perossido di idrogeno, perossimonosolfato e 

persolfato, e ai processi fotocatalitici mediante l’uso del catalizzatore TiO2. I potenziali prodotti 

di trasformazione sono stati valutati e identificati mediante cromatografia liquida accoppiata a 

spettrometria di massa con ionizzazione elettrospray e spettrometria di massa tandem. Il sistema 

radiazione solare/perossimonosolfato è risultato il più efficace, raggiungendo la completa 

degradazione in acqua distillata dopo 80 minuti e in acque reflue sintetiche dopo 130 minuti. 

Test di tossicità acuta su Vibrio fischeri hanno confermato la non tossicità delle soluzioni 

trattate, dimostrando la compatibilità ambientale del sistema radiazione 

solare/perossimonosolfato. 



 

L’aumento globale dei disturbi depressivi negli ultimi anni ha comportato una crescente 

prescrizione di un farmaco antidepressivo, la venlafaxina, appartenente alla classe degli 

inibitori della ricaptazione di serotonina e noradrenalina. La sua stabilità fisico-chimica, la 

limitata biodegradabilità e la rimozione incompleta negli impianti di trattamento ne hanno 

determinato la frequente rilevazione negli effluenti e nelle acque superficiali. La persistenza e 

l’attività biologica della venlafaxina rendono necessaria l’adozione di trattamenti efficaci e 

sostenibili, tra cui i processi elettrochimici di ossidazione avanzata, che impiegano specie 

reattive quali radicali idrossilici (•OH) e solfato (SO•–) per la mineralizzazione degli inquinanti. 

Poiché la maggior parte degli studi utilizza anodi in diamante drogato con boro, che 

presentano criticità pratiche quali la delaminazione, l'elevato costo, la limitata scalabilità e la 

ridotta durata operativa, in questo studio è stato impiegato il platino come alternativa stabile 

alla degradazione elettrochimica galvanostatica. Gli esperimenti condotti in Na2SO4 0,1 M a 

pH 9, con densità di corrente pari a 25 mA cm-2, hanno permesso di ottenere una degradazione 

del 94% della venlafaxina (25 mg L-1) in 7 ore, con cinetica del primo ordine (k = 0,0084 min-

1). Le analisi LC-MS (cromatografia liquida accoppiata a spettrometria di massa) hanno 

consentito l’identificazione dei principali intermedi di trasformazione, evidenziando percorsi di 

degradazione dominati dalla demetilazione, dall’idrossilazione e dalle modificazioni dell’anello 

aromatico. Studi di previsione di tossicità in silico hanno confermato che tali intermedi 

presentano rischi ecotossicologici significativamente inferiori rispetto a quelli del composto 

precursore. 

A integrazione dei trattamenti ossidativi, sono stati sviluppati approcci sostenibili basati 

sull’adsorbimento. A partire da scarti di produzione della birra, sono stati sintetizzati carboni 

attivi mediante attivazione con K2CO3 e utilizzando pirolisi convenzionale e pirolisi assistita da 

microonde, per valutare l’effetto del trattamento termico sulle proprietà dei materiali prodotti. 

Il carbone attivo ottenuto tramite pirolisi a microonde è risultato avere migliori proprietà 

adsorbenti di quello ottenuto tramite pirolisi convenzionale. Gli esperimenti di adsorbimento 

hanno evidenziato, per il carbone derivato da pirolisi a microonde, il raggiungimento 

dell’equilibrio in 2 ore, con efficienze di rimozione della venlafaxina pari al 62% ± 3% in acqua 

ultrapura e al 49,5% ± 0,6% in acque reflue, con una dose di adsorbente pari a 50 mg L-1. Studi 

cinetici hanno indicato un comportamento di pseudo-secondo ordine, suggerendo la 

predominanza del chemisorbimento, mentre l’analisi delle isoterme ha evidenziato un 

adsorbimento monostrato su una superficie omogenea con siti attivi equivalenti. Le prestazioni 

superiori del carbone ottenuto mediante pirolisi a microonde sono attribuibili alla maggiore 

porosità e alle migliori proprietà strutturali, dovute al riscaldamento rapido e uniforme tipico di 

tale tecnologia. I risultati supportano la fattibilità di trasformare i residui agro-industriali in 



 

adsorbenti ad alto valore aggiunto, contribuendo allo sviluppo di soluzioni sostenibili, coerenti 

con i principi dell’economia circolare e ad alta robustezza per la rimozione dei contaminanti 

farmaceutici emergenti. 

A conferma di ciò, anche la rimozione di sildenafil e tadalafil è stata studiata su carboni 

attivi oltre che su altri adsorbenti naturali, in particolare montmorilloniti naturali e modificate 

con bromuro di didodecil-dimetil-ammonio. L’adsorbimento su carboni attivi ottenuti tramite 

microonde ha raggiunto l’equilibrio in 2 ore, con efficienze di rimozione del 90,3% ± 0,1% per 

il sildenafil e del 95% ± 2% per il tadalafil, con una dose di 50 mg L-1. La montmorillonite 

modificata con bromuro di didodecil-dimetil-ammonio ha raggiunto l’equilibrio in 60 minuti, 

rimuovendo l’84,9% ± 0,1% di sildenafil e il 91% ± 3% di tadalafil, a una dose di 250 mg L-1. 

L’analisi cinetica e delle isoterme ha confermato che l’adsorbimento è governato da interazioni 

specifiche con siti attivi e da meccanismi di chemisorbimento, mentre le differenze nelle 

proprietà superficiali determinano le variazioni di capacità tra i diversi materiali. 

Nel complesso, questo studio può contribuire in modo rilevante allo sviluppo di strategie 

integrate per il trattamento delle acque, caratterizzate da sostenibilità ambientale, fattibilità 

economica e coerenza con i principi dell’economia circolare. La valutazione congiunta delle 

prestazioni tecnologiche e del potenziale di valorizzazione delle risorse delinea un quadro 

scientifico completo per la progettazione di sistemi finalizzati alla riduzione degli inquinanti 

emergenti, al contenimento dei consumi energetici e alla promozione del riutilizzo dei materiali. 

Tale approccio pone basi solide per l’implementazione di misure efficaci di mitigazione dei 

contaminanti farmaceutici negli ambienti acquatici, favorendo la tutela a lungo termine degli 

ecosistemi e pratiche di gestione delle acque più resilienti. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

LIST OF ABBREVIATIONS AND ACRONYMS 

ADME/Tox: absorption, distribution, metabolism, excretion and toxicity 

AC: activated carbon  

AO: anodic oxidation  

AOPs: Advanced Oxidation Processes  

AU: arbitrary units 

BDD: boron-doped diamond 

BET: Brunauer-Emmett-Teller 

BSEs: backscattered electrons  

CE: capillary electrophoresis 

CID: collision-induced dissociation 

CP: conventional pyrolysis 

CV: cyclic voltammetry 

cGMP: cyclic guanosine monophosphate 

DAD: photodiode-array detection (detector) 

DDA: data-dependent acquisition  

DDAB: didodecyldimethylammonium bromide 

DI: direct injection 

DPV: differential pulse voltammetry  

D-A: Dubinin–Astakhov  

D-R Dubinin–Radushkevich  

DW: distilled water  

EAOPs: Electrochemical Advanced Oxidation Processes  

ECOSAR: Ecological Structure-Activity Relationship 

ECs Emerging Contaminants 

ED: erectile dysfunction 

EDS: Energy Dispersive X-ray Spectroscopy  

EF: Electro-Fenton 

EMA: European Medicines Agency 

EPR: Electron Paramagnetic Resonance  

EQS: Environmental Quality Standards 

ESI: electrospray ionization 

FAB: Fast Atom Bombardment 

FAT: Fixed Analyzer Transmission  

FDA: Food and Drug Administration 



 

FIA: flow injection analysis 

FLD: fluorescence detection (detector) 

FRR: Fixed Retard Ratio  

FT-ICR: Fourier transform ion cyclotron resonance  

FWHM: full width at half maximum  

GC: glassy carbon 

HCD: higher-energy collisional dissociation 

HEPT: theoretical equivalent plate height 

HPLC: High Performance Liquid Chromatography 

HRMS: High-Resolution Mass Spectrometry 

IARC: International Agency for Research on Cancer  

ICSM: International Consultation on Sexual Medicine 

IE: ionization energy 

LC-MS: Liquid Chromatography-Mass Spectrometry  

LIT: linear ion trap 

LOD: limit of detection  

LOQ: limit of quantification 

LR: low resolution 

LSIMS: liquid secondary ion mass spectrometry 

LTQ: linear trap quadrupole 

MALDI: matrix-assisted laser desorption ionization  

MET: methanogenic 

MMT: montmorillonite  

MP: microwave-assisted pyrolysis 

MRM: Multiple Reaction Monitoring 

MSn or MS/MS: tandem mass spectrometry 

NET: norepinephrine transporters  

PDE-5i: Phosphodiesterase Type 5 inhibitors 

PMS: peroxymonosulfate 

PNEC: predicted no-effect concentration  

POPs: Persistent Organic Pollutants 

PS: persulfate or peroxydisulfate 

PZC: point of zero charge 

Q: quadrupole 

QSAR: Quantitative Structure-Activity Relationship  



 

QSPR: Quantitative Structure–Property Relationship  

RSD: relative standard deviation 

RF: radiofrequency 

SBG: spent brewery grains  

SCE: saturated calomel electrode  

SD: standard deviation 

SEs: secondary electrons  

SEM: Scanning Electron Microscopy  

SERT: serotonin transporters 

SILD: sildenafil 

SIM: Selected Ion Monitoring 

SNRIs: serotonin–noradrenaline reuptake inhibitors 

SRM: Selected Reaction Monitoring 

SWW: synthetic wastewater  

TAD: tadalafil 

TIC: Total Ion Current Profile 

TOC: Total Organic Carbon 

ToF: Time of Flight  

UV: ultraviolet 

UVA: near-ultraviolet 

VFX: venlafaxine 

VIS: visible 

WFD: Water Framework Directive 

WHO: World Health Organization 

WWTP: wastewater treatment plant 

XIC: eXtracted Ion Chromatogram  

XPS: X-ray Photoelectron Spectroscopy 
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1. INTRODUCTION 

Environmental pollution is now among the most pressing global challenges, with profound 

implications for ecosystem integrity, biodiversity, human health, and sustainable development. 

Rapid industrialization, urban expansion, intensive agriculture, and the ever-growing use of 

pharmaceuticals have significantly increased the input of synthetic chemicals into aquatic, 

terrestrial, and atmospheric systems. Among these pollutants, pharmaceuticals and other 

Emerging Contaminants (ECs) have attracted particular attention because they often remain 

biologically active even at trace concentrations, resist conventional treatment, and accumulate 

in the environment, thereby posing novel and complex risks [1].  

Although most pharmaceuticals are not inherently highly persistent, their continuous 

release from multiple sources, even in small but significant amounts, renders many effectively 

pseudo-persistent. These contaminants can exert both acute and chronic effects on aquatic flora 

and fauna, yet their long-term consequences and potential impacts on human health remain 

poorly understood. Recent studies indicate that pharmaceuticals may accumulate in aquatic 

invertebrates, which are then consumed by fish and ultimately by humans. This process, known 

as biomagnification, contaminates the food chain [2]. These substances can enter the aquatic 

environment through multiple pathways: direct or indirect discharges from pharmaceutical 

manufacturing wastewater treatment plants (WWTPs), human excretion into domestic 

wastewater, or animal excretion from agricultural sources (Figure 1.1). 

 

Figure 1.1 Major pathways through which pharmaceuticals enter the environment [2]. 

Pharmaceutical active compounds are detected in surface waters, groundwater, and even 

drinking-water supplies around the world; they are not yet strictly regulated in most 

jurisdictions and thus escape full monitoring [3]. Pharmaceuticals pose a particular challenge 

as environmental contaminants because they are designed to be biologically active. Even at 

trace concentrations, they can interfere with endocrine systems, disrupt development, promote 

antibiotic resistance, and impact non-target organisms. As a result, these substances are 



 

 

increasingly concerning for environmental safety and public health [4]. Because traditional 

WWTPs were largely designed to remove conventional pollutants (e.g., nutrients, suspended 

solids, pathogens), many micropollutants persist and are released into downstream 

environments [5]. Moreover, the fate and behaviour of these compounds in engineered and 

natural water cycles remains poorly understood in many contexts: their persistence, transport, 

transformation, and potential to generate more toxic by-products pose serious gaps in our 

knowledge [6].  

Given the complexity of these ECs, the urgency of developing innovative and 

sustainable remediation technologies cannot be overstated. It is essential not only to remove 

these pollutants effectively, but also to do so in ways that are environmentally efficient, 

economically feasible, and scalable. In this context, the present thesis aims to evaluate and 

compare advanced physical and chemical treatment methods specifically targeting 

pharmaceuticals such as sildenafil (SILD), tadalafil (TAD), and venlafaxine (VFX), assessing 

each method’s removal efficiency, ecological footprint, cost-effectiveness, and potential for 

scale-up. By explicitly linking the environmental challenge to treatment strategy development, 

this research contributes to the broader objective of mitigating pharmaceutical pollution and 

safeguarding aquatic ecosystems, groundwater resources, and human health. 

The following sections provide an overview of the literature on advanced water 

treatment methods, highlighting the advantages and limitations of the most widely adopted 

degradation and removal strategies. A concise description of the chemical and physical 

properties of key contaminant classes is also presented, with particular attention to the factors 

influencing their persistence and reactivity in natural environments. Among the available 

treatment strategies, Advanced Oxidation Processes (AOPs) and adsorbent-based approaches 

are examined in detail, as these technologies remain central to the effective mitigation of ECs. 

 

1.1 Definition and classification of Emerging Contaminants (ECs) 

Environmental pollution is one of the most pressing global challenges of the 21st 

century, affecting air, water, and soil systems and posing significant risks to ecosystems, human 

health and sustainable development. Along with “classic” pollutants (Persistent Organic 

Pollutants, POPs), ECs are now considered. ECs are natural or synthetic chemicals that are 

present or transformed into new chemical compounds in water bodies across the globe [7]. 

These contaminants are classified and categorized as follows [8-10]: 

 Pharmaceuticals (illicit and prescribed drugs); 

 Personal care products (cosmetic, surfactants, disinfectants, domestic biocides, food 

additives); 



 

 

 Industrial chemicals (food additives, pesticides, polychlorinated biphenyls, flame 

retardants, antimicrobial substances); 

 Disinfection byproducts (from water treatment plant: nitrosamine, halonitromethanes, 

haloacetonitriles, trihalomethanes, haloacetic acids); 

 Algal toxins (toxic compounds released from some algae: cyanotoxins, microcystin); 

 Biocides and their metabolites (plants and agricultural preventive agents, the well-

known pesticides); 

 Bioterrorism and disruption devices (biological and chemical weapons). 

The term “emerging” does not necessarily imply that these substances are newly 

synthesized; rather, it reflects recent detection in environmental matrices due to advances in 

analytical techniques, increasing awareness of their potential toxicity, persistence, 

bioaccumulation, adverse ecological or human health effects, and insufficient regulatory 

frameworks to control their presence in water, soil or air [11]. ECs are characterized by [12-

13]: 

 low concentrations (often ng L-1 to μg L-1 in water); 

 potential for bioaccumulation and biomagnification; 

 resistance to conventional wastewater treatment; 

 sub-lethal or chronic effects on organisms, including endocrine disruption, genotoxicity 

and neurotoxicity.  

Although present at low concentrations, they are continuously released into the 

environment, leading to so-called pseudo-persistence and a steadily increasing and continuous 

presence. Therefore, the presence of ECs in our environments is a global issue that requires 

urgent attention. Aquatic ecosystems are highly vulnerable to pollution, as they are critical 

components of the Earth’s biosphere and essential for biodiversity, the human water supply, 

and food production. More than 700 ECs have been detected in European surface waters alone, 

including metabolites and degradation products. Their monitoring has only become possible 

through the development of advanced analytical techniques such as liquid chromatography 

coupled with high-resolution mass spectrometry (LC-HRMS). The sources of ECs are diverse 

and include pharmaceuticals released from manufacturing effluents, domestic wastewater and 

veterinary use in agriculture; personal care products and cosmetics; pesticides and fertilizers 

from agricultural runoff; household chemicals and industrial discharges (Figure 1.2) [14]. 



 

 

 

Figure 1.2 Primary sources of ECs in the environment [14]. 

To assess their ecological impact, ecotoxicological bioassays are employed using 

species from different trophic levels, including unicellular algae (Pseudokirchneriella 

subcapitata), freshwater crustaceans (Daphnia magna), and bioluminescent bacteria (Vibrio 

fischeri) [15]. Among these, Daphnia magna tests are widely used due to their sensitivity. 

Results are expressed as mortality/immobilization percentages or EC50 values, which indicate 

the concentration that causes a 50% effect in the test population (European Commission, 1996) 

[16-17]. Substances are classified as very toxic (<1 mg L-1), toxic (1–10 mg L-1), harmful (10–

100 mg L-1), or not classified (>100 mg L-1). The growing prevalence and pseudo-persistent 

nature of these contaminants, coupled with their bioactive properties and potential for 

biomagnification, underscores the urgent need for advanced monitoring, remediation, and 

regulatory strategies. Addressing these challenges requires identifying methods that are not 

only effective in removing pollutants but also eco-friendly, economically feasible and scalable, 

ensuring the protection of aquatic ecosystems, groundwater resources, and human health.  

 

1.2 What are Watch Lists? 

In environmental policy, a Watch List is a regulatory and monitoring tool used to 

identify and prioritize substances that may pose a risk to ecosystems or human health, 

particularly when information is limited. These Watch Lists track water quality, availability, 

and risks such as pollution or overuse, supporting sustainable water management and fair 

distribution. The first Watch List was established in 2015 as a cost-effective and dynamic way 

of ensuring that the Commission can keep the EU legislation on water pollutants up-to-date by 



 

 

gathering evidence, in particular on contaminants of emerging concern. To date, five Watch 

Lists have been published under the Water Framework Directive (WFD). 

The Watch List acts as an early-warning system, allowing authorities to monitor ECs, 

assess their prevalence in environmental matrices, and generate data to guide future regulatory 

decisions. Substances are typically selected based on scientific evidence of potential toxicity, 

persistence, bioaccumulation, or widespread occurrence, as well as their relevance to public 

health or ecological protection. Monitoring programs collect standardized data across regions, 

enabling trend analysis and comparisons over time. 

Under the WFD (Directive 2000/60/EC), the Watch List includes emerging pollutants 

such as pharmaceuticals, industrial chemicals, and endocrine-disrupting compounds, and it is 

periodically updated based on scientific risk assessments. Data from the Watch List inform 

whether substances should be added to the priority substances list, potentially leading to legally 

binding environmental quality standards (EQS) and stricter control measures. This proactive 

approach bridges the gap between emerging scientific evidence and formal regulation, helping 

policymakers anticipate risks, prioritize research, and implement effective monitoring and 

mitigation strategies before contaminants become widespread.  

The latest version, the 5th Watch List, was published in February 2025 [18]. It adds new 

substances suspected of posing risks to aquatic environments and human health and mandates 

their monitoring across EU Member States. According to the 5th Watch List, these substances, 

along with other compounds, are targeted for removal in the next update, highlighting the urgent 

need to identify effective techniques for their elimination from aquatic environments. 

 

1.3 Venlafaxine  

The antidepressant VFX and its metabolite O-desmethylvenlafaxine were first included 

in the 3rd Watch List (EU/2020/1161) [19] and retained in the 4th Watch List (EU/2022/1616). 

Since VFX is a substance of environmental concern, it was selected as one of the target 

pharmaceuticals for this study. Chemically known as 1-[2-(dimethylamino)-1-(4-

methoxyphenyl)ethyl]cyclohexanol hydrochloride, VFX has the molecular formula C17H27NO2 

and molecular weight of 313.86 g·mol⁻¹ (its chemical structure is shown in Figure 1.3). 

 

 



 

 

 

Figure 1.3 Chemical structure of venlafaxine hydrochloride. 

VFX is an antidepressant belonging to the class of serotonin–noradrenaline reuptake inhibitors 

(SNRIs). It acts by blocking the serotonin (SERT) and norepinephrine (NET) transporters, 

thereby preventing the reuptake of these neurotransmitters into the presynaptic terminal and 

increasing their availability in the synaptic cleft. This mechanism enhances neurotransmission 

and alleviates the symptoms of psychiatric disorders associated with deficits in serotonin and 

norepinephrine. VFX exhibits dose-dependent selectivity. At low doses (≤150 mg/day), it 

primarily inhibits serotonin reuptake, whereas at moderate doses (150–300 mg/day), it also 

inhibits norepinephrine reuptake. At higher doses (>300 mg/day), it shows weak inhibition of 

dopamine reuptake. The recommended therapeutic dose ranges from 75 to 375 mg/day. 

Overdoses can lead to serious adverse effects, including cardiac arrhythmias, serotonin 

syndrome, hypertension or hypotension, coma, and, in extreme cases, death. [20].  

Pharmacokinetically, most of the VFX (approximately 87% of the administered dose) 

is not metabolized and is excreted unchanged in urine. Consequently, VFX enters the 

environment primarily through human excretion, and via waste streams from hospitals, 

pharmaceutical production, and improper disposal (Figure 1.4). Its high excretion rate, 

combined with widespread therapeutic and off-label use, makes VFX a persistent EC in aquatic 

systems, where it can be detected in wastewater influents, effluents and surface waters 

worldwide [21]. 



 

 

 

Figure 1.4 Primary environmental entry pathways of VFX [21]. 

Chemically, VFX has a pKa of 9.6, meaning that at natural waters or wastewater pH 

(6.5-8.5) values, it predominantly exists in a cationic form due to protonation of its tertiary 

amine group. Its aqueous solubility is relatively high (572 mg mL-1 at 25°C), contributing to its 

mobility in aquatic environments and persistence in water systems. Its logKow value of 3.2 

indicates moderate hydrophobicity and potential for bioaccumulation [21]. Its presence in 

aquatic environments results primarily from human excretion and the discharge of untreated or 

partially treated wastewater [22]. The continuous input of VFX, even at low concentrations 

(typically in the ng L-1 to low μg L-1 range), classifies it as a “pseudo-persistent” contaminant, 

as repeated releases maintain steady environmental levels despite partial biodegradation [21]. 

The most commonly detected metabolite of VFX, O-desmethylvenlafaxine, is also commonly 

detected and contributes to the overall pharmacological load in the environment [23]. The 

persistence and potential biological activity of VFX and its metabolite raise concerns about 

long-term ecotoxicological effects, including endocrine disruption and behavioral alterations in 

aquatic organisms [24]. As a non-volatile, poorly degradable compound in natural waters, VFX 

exhibits high environmental persistence and potential toxicity to aquatic life. Recent 

ecotoxicological studies have demonstrated that exposure to VFX can significantly reduce 

serotonin levels in the brains of fish, such as European seabass (Dicentrarchus labrax), 

impairing their hunting abilities and altering reproductive mechanisms in aquatic organisms 

[25]. In zebrafish (Danio rerio), for example, a six-week exposure to a pharmaceutical mixture 

containing VFX led to a substantial decrease in embryo production, highlighting potential long-

term reproductive effects [26]. Data from the German Federal Environment Agency reported 

over 400 detections of VFX in various water bodies, with concentrations ranging from 0.02 

ng·L-1 to 400 ng·L-1. The highest levels, exceeding 1 μg·L-1, were observed in surface waters 



 

 

and WWTP effluents. These effluents are considered the primary entry points of VFX into the 

aquatic environment, due to its incomplete removal during conventional treatment processes. 

Such findings underscore the need to develop advanced remediation strategies. [27].  

 

1.4 Phosphodiesterase Type 5 inhibitors (PDE-5i) 

Phosphodiesterase type 5 inhibitors (PDE-5i), such as SILD and TAD, are increasingly 

detected in surface waters, groundwaters and wastewater effluents worldwide [28-29]. Despite 

their rising environmental relevance, these compounds are not included in any of the five Watch 

Lists for priority monitoring. However, mounting evidence of their persistence and ecological 

risk has led several authors to recommend their inclusion in future monitoring programmes [28-

29]. For this reason, in addition to VFX, SILD and TAD were also considered ECs and selected 

as target compounds in this study. 

PDE-5i are primarily used for the treatment of erectile dysfunction (ED). ED has been 

defined by the Fourth International Consultation on Sexual Medicine (ICSM) as “the constant 

or recurrent inability to achieve and maintain a penile erection sufficient for sexual satisfaction” 

[30]. The etiology of ED is multifactorial. It can be neurological, due to impaired nerve 

signalling to the corpora cavernosa; psychological, including depression, stress, and anxiety; or 

endocrinological, such as low testosterone or other hormonal imbalances [31]. PDE-5i are 

structurally similar to cGMP (cyclic guanosine monophosphate) and can block the enzyme’s 

degradative action on cGMP by occupying its catalytic site [32]. By maintaining high cGMP 

levels in the smooth muscle cells of the corpora cavernosa, PDE-5i prolong the physiological 

mechanism of penile erection. In addition to treating ED, these drugs are approved for other 

therapeutic indications, such as pulmonary arterial hypertension and lower urinary tract 

symptoms, as well as experimental applications in cardiovascular and neurological disorders 

(Figure 1.5) [33]. 

 

Figure 1.5 Therapeutic uses of PDE-5 inhibitors [33]. 



 

 

However, a concerning aspect is that these drugs are not only used for medical purposes 

but also recreationally. According to a 2023 study, SILD sales are extremely high among young 

adults aged 20–30 years [34]. This suggests that PDE-5 inhibitors are often used recreationally 

rather than for legitimate medical purposes, resulting in unregulated and potentially elevated 

environmental loads [35]. 

 

1.4.1 Sildenafil (SILD) and tadalafil (TAD) 

SILD, known as 1-{[3-(6,7-dihydro-1-methyl-7-oxo-3-propyl-1H-pyrazolo [4,3-d] 

pyrimidin-5-yl)-4-ethoxyphenyl] sulfonyl}-4-methylpiperazine, belongs to the class of PDE-

5i. It was first discovered in 1989 by the Cardiovascular Research and Development group at 

Pfizer (Sandwich, UK) during studies aimed at identifying selective PDE-5i for the treatment 

of angina pectoris. Although the compound proved ineffective in relieving angina symptoms, 

researchers observed an unexpected side effect, penile erection, which led to a new therapeutic 

application [36]. This serendipitous finding laid the foundation for the use of SILD in the 

treatment of ED. In 1998, SILD was approved by the USD Food and Drug Administration 

(FDA) for ED therapy, and later, in 2005, by the European Medicines Agency (EMA) for the 

treatment of pulmonary arterial hypertension in patients classified in functional classes II and 

III.  

Chemically, SILD has the molecular formula C22H30N6O4S, a molecular mass of 474.6 

g mol-1 and exhibits poor aqueous solubility (5–10 mg L-1) [37]. Its logKow value of 0.93 

indicates very high hydrophobicity and potential for bioaccumulation [38]. The molecular 

structure of SILD is shown in Figure 1.6. 

 

Figure 1.6 Chemical structure of SILD. 

 

TAD, whose IUPAC name is (2R,8R)-2-(1,3-benzodioxol-5-yl)-6-methyl-3,6,17-

triazatetracyclo[8.7.0.0³,⁸.0¹¹,¹⁶]heptadeca-1(10),11,13,15-tetraene-4,7-dione, is another 

member of the PDE-5i class. It was developed in the late 1990s by ICOS Corporation in 



 

 

collaboration with Eli Lilly & Co. as part of a research program to identify selective PDE-5 

inhibitors with longer-lasting pharmacological effects. [39]. 

Chemically, TAD (Figure 1.7) has the molecular formula C22H19N3O4, with a molecular 

weight of 389.41 g mol-1. It appears as a white-to-off-white crystalline powder, with poor water 

solubility (approximately 5 mg L-1 at 25°C) and high lipophilicity, which contribute to its 

slower elimination and a prolonged duration of effect, up to 36 hours, earning it the nickname 

“the weekend pill” [40]. A logKow value of 1.42 for TAD classifies it as very lipophilic [41].  

 

Figure 1.7 Chemical structure of TAD. 

 

Unlike SILD, TAD demonstrated a markedly longer half-life (17.5 hours) and duration 

of action, allowing for greater flexibility in dosing and extended therapeutic coverage [39-40]. 

The compound was approved by the USD FDA in 2003 for the treatment of ED and later, by 

the EMA for benign prostatic hyperplasia and PAH. The compound acts by selectively 

inhibiting PDE-5 in the corpus cavernosum, thereby enhancing the nitric oxide–cGMP 

pathway, promoting smooth muscle relaxation, and increasing blood flow.  

Because of its wide use and persistence, TAD, like SILD, has been detected in 

wastewater and surface waters worldwide, raising concerns about its environmental persistence 

and ecotoxicological effects [43]. In recent years, SILD has received particular attention from 

the scientific community due to its high sales volume and frequent detection in the environment, 

particularly in wastewater [41-43]. For instance, Nieto et al. (2010) detected SILD in 

wastewater influents, effluents, and sludge in Spain at ng L-1 concentrations [44], while 

Schroeder et al. (2010) reported ~35 ng L-1 in municipal wastewater in Germany [45]. Similarly, 

Causanilles et al. (2017) found a threefold increase in SILD levels in Korean urban wastewater 

between 2012 and 2015, following the drug’s patent expiration and the market introduction of 

over 60 generic versions [46]. A small but insightful study published in a British medical journal 

highlighted the detection of unexpectedly high concentrations of SILD in wastewater samples 

collected from three Dutch cities. The measured levels were significantly higher than those 



 

 

predicted based on official prescription data. According to the national database, this 

discrepancy suggests that the illegal supply and unregulated use of SILD are widespread. These 

findings reinforce concerns about the growing non-prescribed consumption and illicit market 

distribution of PDE-5 inhibitors, which may contribute not only to public health risks but also 

to their continuous release into the aquatic environment [47]. Over the past decade, 

environmental monitoring studies have increasingly detected PDE-5 inhibitors in WWTP 

influents, effluents, and sludge, with concentrations typically in the low ng L-1 range [28].  

Their very low removal during conventional wastewater treatment, combined with their 

chemical stability, results in their accumulation and pseudo-persistence in aquatic 

environments; for this reason, SILD and TAD are now recognized as ECs of growing concern, 

underscoring the need for very effective monitoring and new removal strategies. 

 

1.5 Conventional treatment methods and their limitations 

Conventional WWTPs are primarily designed to remove biodegradable organic matter, 

nutrients and suspended solids. However, they are not specifically equipped to eliminate trace 

ECs such as pharmaceuticals. Standard biological processes, including activated sludge, 

trickling filters, and membrane bioreactors, often fail to fully degrade these compounds due to 

their chemical stability, low biodegradability, and relatively high solubility, as well as their 

continuous input into the system [26, 45]. Many pharmaceuticals, such as antidepressants and 

ED drugs, resist biodegradation and persist through conventional treatment steps, leading to 

their accumulation in effluents and eventual release into aquatic environments. Moreover, some 

compounds may undergo incomplete transformation, generating intermediate products that can 

be equally or even more toxic than the parent compounds [49]. 

Physical and chemical processes such as coagulation, flocculation, sedimentation and 

filtration may contribute to partial removal but are often ineffective for highly soluble and stable 

molecules. Additionally, adsorption onto activated sludge or suspended solids only temporarily 

transfers contaminants to the solid phase without achieving real degradation [50]. In fact, the 

technologies commonly applied in WWTPs have proven insufficient for the complete removal 

of pharmaceuticals and other ECs. As a result, these substances are continuously released into 

surface waters, where they can reach concentrations in the μg L-1 range [51]. Therefore, while 

conventional methods can mitigate some pollutants, they remain insufficient for the complete 

removal of ECs, underscoring the need to apply advanced treatment technologies, such as 

AOPs, adsorption on novel materials, and electrochemical degradation, to ensure environmental 

protection and water safety [50]. 



 

 

Conventional wastewater purification processes generally include the following stages 

(Figure 1.8): 

 Pre-treatment: large solid materials (plastics, metals, paper) are removed using screens 

or bar racks. The wastewater is then collected in an equalization tank and pumped to the 

next stage of treatment. 

 Primary treatment: wastewater flows slowly through a grit chamber, allowing sand and 

coarse particles to settle. The flow then passes to a sedimentation tank, where solids 

settle at the bottom while oils and greases float to the surface. 

 Secondary treatment: the clarified water undergoes biological treatment to remove 

biodegradable organic matter. Air is bubbled into the aeration tank to promote the 

growth of aerobic bacteria, which degrade organic pollutants such as food residues and 

fecal matter. The sludge produced is further treated in anaerobic digesters. 

 Tertiary treatment: this final step often involves disinfection (typically chlorination) and 

nutrient removal (nitrogen and phosphorus) before the treated effluent is discharged into 

surface waters [52]. 

 

Figure 1.8 Schematic representation of a WWTP [52]. 

 

The removal efficiency depends on various factors, including the physicochemical 

properties of the pollutants, the type of treatment process, operational parameters and seasonal 

variations. Moreover, many pharmaceuticals present in wastewater in conjugated forms may 

regenerate their active components during treatment. Some compounds can also inhibit the 

activity of microorganisms within biological systems, further reducing process efficiency. The 

fraction of compounds that are not effectively removed eventually reaches surface and 

groundwater and, in some cases, even drinking water sources [53]. 



 

 

In recent years, several advanced treatment technologies have been developed and tested 

to overcome the limitations of conventional methods and to achieve complete removal of ECs, 

paving the way for more efficient remediation strategies [54]. 

 

1.6 Advanced Treatment Methods 

Advanced treatment methods have emerged as critical solutions for effectively 

addressing pharmaceutical contaminants in water, given the limitations of conventional 

wastewater treatment. These removal methods can be classified into the following categories 

(Figure 1.9) [55]: 

 Biological treatments: These involve removing pharmaceuticals through 

biodegradation, specifically via nitrification and anaerobic digestion. Nitrification is the 

oxidation of reduced inorganic nitrogen compounds by autotrophic bacteria, which use 

inorganic carbon to convert ammonia to nitrites and nitrites to nitrates. Anaerobic 

digestion treats wastewater treatment sludge by employing microorganisms that break 

down pollutants into methane and carbon dioxide [56]. Biological treatments are often 

insufficient for effectively removing ECs from the environment. 

 Chemical treatments: This category includes AOPs, such as photodegradation and 

electrochemical oxidation, which are among the most promising wastewater treatment 

methods. Indeed, AOPs generate highly reactive species, including hydroxyl and sulfate 

radicals, which efficiently degrade persistent contaminants in wastewater [57]. 

 Physical treatments: These are the most common and include membrane filtration and 

adsorption. Adsorption removes contaminants using various adsorbent materials such 

as activated carbon, biochar, and zinc oxide nanoparticles. Membrane processes, on the 

other hand, offer the advantage of removing microorganisms and viruses without 

chemical disinfection while reducing the concentration of organic substances in 

wastewater. Membranes primarily retain pharmaceuticals through size-exclusion and 

charge-repulsion mechanisms [58]. However, a limitation of physical methods is that 

they only separate contaminants from water rather than fully degrade them, thereby 

leaving potential environmental risks. 



 

 

 

Figure 1.9 Different technologies used for wastewater treatment [59]. 

 

1.7 Advanced Oxidation Processes (AOPs) 

The limited efficiency of conventional degradation methods, coupled with increasing 

water pollution, has driven the development of new technologies for removing organic ECs. 

AOPs represent a promising alternative to traditional water treatment approaches [56]. The 

main classes of AOPs are illustrated in Figure 1.10. 

 

Figure 1.10 Primary categories of AOPs [56]. 

AOPs involve various reaction systems but share a common feature: the generation of hydroxyl 

radicals (•OH), highly reactive species that can attack a wide range of organic molecules. These 

water treatment approaches include Fenton processes, photocatalysis and photolysis, ozone-

based systems and Electrochemical Advanced Oxidation Processes (EAOPs).  

Although AOPs are relatively costly, they are widely used because the production of 

•OH radicals ensures high removal efficiency for contaminants resistant to conventional 

treatments [60]. However, conventional AOPs require the use of potentially hazardous 



 

 

chemicals such as H₂O₂ or O₃ and may produce toxic transformation by-products. In contrast, 

EAOPs generate oxidizing species directly at the electrode surface, thereby eliminating or 

significantly reducing the need for chemical oxidants and providing a greener, potentially safer 

alternative to conventional AOPs. EAOPs also allow fine control over the degradation process 

by adjusting parameters such as current density, electrode material, and electrolyte 

composition, thereby improving efficiency and minimizing the formation of toxic 

intermediates. Overall, while conventional AOPs remain effective and widely used, EAOPs 

represent a promising evolution toward more sustainable, controllable, and selective 

degradation of contaminants in water. 

 

1.7.1 Photodegradation and Photocatalysis 

AOPs represent an innovative and promising alternative for treating wastewater 

containing recalcitrant organic compounds [61], such as pesticides, pharmaceuticals, 

surfactants, dyes, and endocrine-disrupting chemicals. The application of AOPs is gaining 

importance because these processes can oxidize a wide range of biologically persistent 

compounds, achieving either complete mineralization or the formation of more biodegradable 

intermediates [62]. Among the most widely used AOP technologies for water purification and 

wastewater treatment, heterogeneous photocatalysis using semiconductors and oxidation with 

reagents such as hydrogen peroxide (H₂O₂), peroxymonosulfate (PMS), and persulfate (PS) 

have proven particularly effective [60-62]. AOPs are based on the in situ generation of highly 

reactive oxidizing species at concentrations sufficient to decontaminate water effectively. They 

are generally classified according to the method of radical generation into chemical, photolytic 

and photocatalytic processes (Figure 1.11): 

 Chemical AOPs generate radical species solely through reactions between oxidants, 

without using any physical promoters. 

 Photolytic AOPs produce radicals by combining ultraviolet (UV) or visible (VIS) light 

with chemical reagents. 

 Photocatalytic AOPs operate in a heterogeneous phase, using semiconductor materials 

such as titanium dioxide (TiO₂), which generate radicals upon irradiation with UV light 

of the appropriate wavelength. 



 

 

 

Figure 1.11 Typology of AOPs [61]. 

AOPs are characterized by two main stages: the first involves the in situ generation of 

highly reactive oxidizing species, while the second corresponds to the oxidative degradation of 

organic contaminants. Radicals are molecules with an unpaired electron in their outermost 

orbital; this unpaired electron enables them to react rapidly with electron donors, such as 

organic pollutants in wastewater. Among these, the hydroxyl radical (•OH) is the most 

commonly used oxidant due to its high reactivity, low selectivity, and ability to react with a 

wide range of compounds, exhibiting a rate constant of 106–1010 M-1 s-1. Moreover, •OH 

possesses a very high oxidation potential (2.8 V). Although hydroxyl radicals have an extremely 

short lifetime of approximately 10 µs, this is sufficient to ensure their oxidative action. They 

react with organic compounds to produce ∙R–OH radicals, which are subsequently converted to 

organic peroxyl radicals (ROO·) in the presence of oxygen. These radical species continue to 

react with one another, generating additional highly reactive compounds, such as hydrogen 

peroxide, which ultimately leads to the complete chemical degradation of the organic 

contaminants. The generation of hydroxyl radicals is typically catalyzed by the combination of 

oxidizing agents, such as hydrogen peroxide, or specific catalysts, including titanium dioxide 

or Fe2+ ions, in the presence of Sunlight. In this study, both photodegradation with H₂O₂, PS 

and PMS, as well as photocatalysis with titanium dioxide, were investigated. 

An important AOP relies on the combination of Sunlight and hydrogen peroxide. In this 

system, reactive radical species are generated via the photolysis of hydrogen peroxide [66]. The 

reaction involves the cleavage of a chemical bond in a molecule upon exposure to 

electromagnetic radiation. When H₂O₂ absorbs Sunlight, it reaches an excited electronic state 

with higher energy than its ground state. If this excitation leads to a dissociative state whose 

energy decreases monotonically with bond distance and lacks a minimum, the molecule tends 

to dissociate. 



 

 

In most cases, this dissociation is homolytic, producing two hydroxyl radicals. These 

radicals can subsequently initiate chain reactions, leading to the oxidation and degradation of 

organic pollutants. Sunlight interacts with hydrogen peroxide molecules, leading to the 

dissociation of the O–O bond and the consequent formation of two hydroxyl radicals [67]: 

H2O2 + hv → 2•OH  

The hydroxyl radicals produced are extremely reactive and immediately interact with other 

species in solution, resulting in the following possible reaction mechanisms [68]: 

•OH + •OH → H2O2 

•OH + •O2 → O2 + OH- 

•OH + HO2• → O2 + H2O 

HO2• + HO2• → O2 + H2O2 

O2• + HO2•→ O2 + HO2
− 

OH• + organic compound → oxidation products 

H₂O₂ is a strong oxidizing agent (standard potential 1.70 V), and its application for the removal 

of various inorganic and organic pollutants is well documented [66-67].  

Persulfate, or peroxydisulfate, is a colourless or white crystalline solid characterized by 

high stability. It is easily soluble in water (solubility of 730 g L-1) and its aqueous solution is 

acidic. The PS molecule has a symmetric structure, with an O–O bond length of 1.497 Å and a 

bond dissociation energy of 140 kJ mol-1 [71]. The persulfates most used in experimental 

studies are sodium persulfate (Na2S2O6) and potassium persulfate (K2S2O6). PS is stable at pH 

values below 6 and around 12; however, at pH 9, it exhibits the lowest stability, where 

approximately half of HSO₅⁻ decomposes into SO5²⁻ [72].  

 

Figure 1.12 Structure of PS: the sulfur atom is depicted in yellow and the oxygen atoms are shown in 

red. The dashed line indicates the O–O bond that undergoes cleavage to generate sulfate radicals. 

 

PS (Figure 1.12) can react directly with various organic substances by accepting electrons 

through a direct oxidation process, according to the following reaction: 

S2O8
2−+2e−→2SO4

2− 

Indirectly, PS can also generate highly reactive radical species, mainly sulfate and hydroxyl 

radicals [73], as shown by the following reactions: 



 

 

O8
2−+2e−→SO4

2−+•SO4
− 

•SO4
−+OH−→SO4

2−+•OH 

At high pH, PS tends to self-activate, generating sulfate radicals. Once initiated, the reaction 

propagates through hydroxyl radical formation. Under strongly alkaline conditions (pH > 11), 

base-induced activation is particularly effective in generating both persulfate and hydroxyl 

radicals. The main operational challenge is activating PS, which may require adding a base to 

the system, depending on the aqueous phase's specific characteristics. 

PMS, also known as Oxone (Figure 1.13), is a triple salt (2KHSO₅·KHSO₄·K₂SO₄) and 

serves as the precursor of the PMS ion (HSO₅⁻). Its standard redox potential (+1.81 V) is higher 

than that of H₂O₂. Compared to H₂O₂, PMS is a solid compound stable at room temperature and 

highly soluble in water (>250 g L-1). It has an asymmetric molecular structure with an O–O 

bond length of 1.453 Å and a bond energy estimated in the range of 140–213.3 kJ mol-1. 

 

 

Figure 1.13 Structure of PMS: the sulfur atom is shown in yellow, the oxygen atoms in red. The dashed 

line represents the position of the O-O bond cleavage to form sulfate radicals. 

 

The half-reaction leading to hydrogen sulfate formation can be represented as follows: 

HSO5
−+H++2e−→HSO4

−+H2O 

The degradation of Oxone may proceed through the following reactions: 

HSO5
−+e−→•SO4

−+ •OH − 

HSO5
−+e−→•SO4

−+ •OH 

HSO5
−→•SO5

−+H++e− 

The reactions of Oxone with organic compounds are generally slow at ambient temperature. 

However, PMS can be efficiently activated by photolysis or thermolysis, leading to the 

generation of reactive radicals (•SO4
− and •OH). Compared with hydroxyl radicals, sulfate 

radicals exhibit an equal or even higher redox potential (2.5–3.1 V), depending on the activation 



 

 

method [74]. Several stimuli, including heat, alkaline conditions, light, ultrasound and various 

catalysts, can activate them.  

AOPs using Sunlight as an energy source for POP degradation offer the significant 

advantage of low operational costs, as they can exploit abundant, readily accessible solar 

radiation. Sunlight is unevenly distributed across the globe due to factors such as solar altitude, 

which depends on latitude and season, and atmospheric conditions, influenced by cloud cover 

and pollution levels. Therefore, in regions with high solar irradiation, the photolytic degradation 

of organic compounds in wastewater effluents can be enhanced either through direct 

phototransformation via an excited-state reaction or through indirect phototransformation via 

photosensitized processes. Two main AOPs utilize Sunlight as an energy source: heterogeneous 

photocatalysis, which employs semiconductors, and homogeneous photocatalysis, such as 

Fenton processes [72-73]. Heterogeneous photocatalysis activated by Sunlight primarily uses 

the near-ultraviolet (UVA) portion of the solar spectrum (wavelengths below 380 nm), whereas 

homogeneous Fenton photocatalysis utilizes a broader portion of the solar spectrum (up to 580 

nm). Both approaches are effective for the photodegradation of POPs. These methods represent 

innovative ways to harness renewable energy and are highly promising for wastewater 

treatment [74-75]. 

Photocatalysis is the combination of photochemistry and catalysis, a process in which 

light and catalysis are simultaneously used to promote or accelerate a chemical reaction. It can 

thus be defined as the “catalysis-driven acceleration of reaction rates in chemical processes via 

light.” One of the main advantages of photocatalysis over thermally activated catalytic 

processes is the direct absorption of light by the system, which enhances efficiency and 

selectivity. Heterogeneous photocatalysis is a process based on the direct or indirect absorption 

of VIS or UV radiant energy by a solid [79]. The overall reaction involves catalysis between an 

oxidant and a reductant, for example, between O₂ and organic matter. Various materials are 

known to act effectively as photocatalysts, including TiO₂, ZnO, CdS, iron oxides, WO₃, and 

ZnS, among others. These materials are readily available, and most can be excited by light with 

wavelengths in the solar spectrum (λ > 310 nm).  

To date, the most extensively studied photocatalysts are metal oxides, particularly 

titanium dioxide. In its anatase form, TiO₂ exhibits the most favorable properties, such as high 

stability and strong photocatalytic activity. It can be employed over a wide pH range and can 

undergo electronic transitions upon absorption of light in the UVA region. Therefore, TiO₂ 

demonstrates excellent performance at low cost, making it one of the most attractive materials 

for photocatalytic applications [80]. The main disadvantage of the catalyst, which is generally 

available as nanoparticles, is the need to separate it from the solution at the end of the process. 



 

 

Heterogeneous photocatalysis using TiO₂ can also be combined with other advanced oxidation 

technologies. For instance, the addition of Fe(III) and H₂O₂ integrates the Sunlight/TiO₂ system 

with the Photo-Fenton process, thereby enhancing the removal efficiency of certain recalcitrant 

pollutants. As an example, oligocarboxylic acids are mineralized more rapidly in the presence 

of Fe (III)/H₂O₂ than when TiO₂ alone is used [78-79]. 

 

1.7.2 Electrochemical Advanced Oxidation Processes (EAOPs) 

EAOPs represent a valid alternative to traditional AOPs as they are characterized by 

simplicity, low cost, safety, and environmental compatibility. In EAOPs, the electric current is 

the main reagent, and no harmful chemicals are required to produce strong oxidants [83]. 

EAOPs are mainly divided into two categories: 

Electro-Fenton (EF): this process is based on the formation of •OH radicals, strong 

oxidants, resulting from the reaction between H₂O₂, generated at the cathode, and Fe²⁺ (2). The 

obtained •OH radicals oxidize organic contaminants (3): 

O2+2H++2e−→H2O2 (1) 

Fe2++H2O2→Fe3++•OH +OH−(2) 

RH+•OH →H2O+⋅R ⋅⋅⋅ H2O+CO2 (3) 

Fe3++e−→Fe2+ (4) 

This technique is a variant of the Fenton process, which instead requires the addition of H₂O₂. 

EF is therefore more advantageous than the Fenton process because H₂O₂ is produced in situ 

(1), avoiding the potential risks associated with the transport and storage of this substance. 

Moreover, in EF, Fe²⁺ is regenerated at the cathode (4), thereby significantly reducing iron 

sludge production. Voltage and pH are two important factors that influence the evolution of 

iron ions and the production of H₂O₂. For the degradation to proceed, an acidic environment 

(pH = 4) is essential for H₂O₂ formation. The higher the pH, the lower the H⁺ concentration in 

solution, leading to less H₂O₂ formation and, consequently, a gradual decrease in degradation 

efficiency. 

Anodic oxidation (AO): This process consists of the oxidation of contaminants near the 

anode. Compared to EF, AO does not require the addition of iron, making the technique simpler 

to execute. AO is further subdivided into direct oxidation and indirect oxidation (Figure 1.14): 



 

 

 

Figure 1.14 Classification of AO processes [83]. 

Direct oxidation involves the direct oxidation of organic matter at the anode without the 

involvement of radical species. The following processes occur: 

M + Organic→M(Organicads) (5) 

M(Organicads)→M(Productsads)+e− (6) 

Productsads→M+Products (7) 

The contaminant (Organic) approaches the anode surface (M) and is adsorbed (ads) onto the 

electrode (5). Electron transfer then occurs, resulting in the oxidation of the pharmaceutical (6), 

and finally, the oxidation products desorb from the electrode (7) [84]. The nature of the 

contaminants produced can be determined using various detection techniques, particularly mass 

spectrometry or voltammetric methods. 

Indirect oxidation, on the other hand, uses radical species to oxidize organic 

contaminants and can be divided into type I and type II. In type I indirect oxidation (Figure 

1.15), the generation of •OH radicals occurs via the oxidation of water: 

H2O→ •OH+H++e− (8) 

The •OH radicals generated on the anode surface (M) are denoted as M(•OH). These radicals 

are highly reactive and can attack organic compounds, leading to rapid degradation into 

harmless final products. 

               M(∙ OH) + R → M + oxidation intermediates                  (9) 

Intermediates + M(∙ OH) → M + CO2 + H2O + inorganic ions    (10) 



 

 

 

Figure 1.15 Contaminant degradation mediated by OH radicals [84]. 

 Type II indirect oxidation is based on the degradation of pollutants by radical species other 

than OH•, derived from compounds specifically added to the solution. The most used oxidizing 

agents are the Cl· radical, derived from Cl⁻, and sulfate radicals (SO₄•⁻) and persulfate (S₂O₈²⁻), 

which can be electro-generated according to the following mechanism: 

HSO4
−+•OH →∙SO₄⁻ +H2O (11) 

H2SO4+•OH →SO4⋅−+H2O+H+ (12) 

SO⋅4
−+ SO⋅4

−→ S2O8
2− (13) 

Several factors can influence the nature and quantity of reactive species formed during the AO 

process, including the type of contaminant, the electrode material, the electrolyte type, and the 

externally applied current or voltage [85]. 

 

1.8 Adsorption: Fundamental Principles and Mechanisms 

Physical treatment methods for water’s remediation mainly include adsorption and 

membrane-based filtration [83-84]. In this study, adsorption processes for the removal of ECs 

from aqueous matrices were investigated. Over the past few decades, adsorption has emerged 

as an efficient and versatile technique, characterized by low initial investment and the absence 

of harmful by-products in treated water, enabling the effective removal of pharmaceuticals even 

at trace concentrations [85-86].  

Adsorption is a surface phenomenon of molecular attraction that occurs when two 

phases come into contact: a solid phase (the adsorbent) and a liquid or gaseous phase (the 

solvent), which contains adsorbate molecules. The adsorption process in a solvent–adsorbate–

adsorbent system takes place as a result of two factors: 



 

 

• low affinity between adsorbate and solvent; 

• high affinity between adsorbate and adsorbent. 

The degree of hydrophilicity of a substance dissolved in the liquid is certainly the most 

significant parameter in determining the level of affinity between solute and solvent. It is clear 

that the greater the affinity a substance has for the solvent — in the case of an aqueous solution, 

this is called hydrophilic — the lower its adsorption at the solid interface will be. Conversely, 

a hydrophobic substance will be more readily adsorbed. 

With reference to the second factor, relating to the affinity between the adsorbate and 

the adsorbent, three different types of attractive forces must be considered: 

• electrostatic forces; 

• Van der Waals forces; 

• forces of a chemical nature. 

In the first case, the process is referred to as ion exchange. Adsorption occurs, in fact, as a result 

of electrostatic forces that allow the bonding between the ions of the adsorbate and the charges 

present on the surface of the adsorbent. Adsorption that occurs due to Van der Waals forces is 

generally called physisorption (Figure 1.16) [90]. It takes place at low temperatures (with 

values essentially close to ambient conditions) and is not ‘site-specific’: the adsorbate 

molecules do not bind to a specific site but are instead free to undergo translational movements 

on the interface. Van der Waals forces are weak intermolecular forces, and for this reason, the 

process is considered reversible. If the adsorbate undergoes chemical interactions with the 

adsorbent, then the process is referred to as chemisorption (Figure 1.16) [90]. Molecules that 

are ‘chemically adsorbed,’ unlike in the previous case, are not free to move on the surface 

because the adsorbate forms very strong, localized bonds with the adsorbent sites. The chemical 

interaction between the adsorbent and the adsorbate is irreversible and favored by high 

temperatures: chemical reactions, in fact, proceed faster at high temperatures than at low ones. 

Anyway, most adsorption phenomena result from interactions among the three 

mechanisms. It is therefore not easy to distinguish between physical and chemical adsorption. 

 

Figure 1.16 Schematic of the interactions between adsorbate and the adsorbent surface (porous 

substrate) during physisorption and chemisorption  [90]. 



 

 

For an effective adsorption process in a liquid–solid system, the solute (or solutes) must 

be removed from the solution and subsequently immobilized on the adsorbent surface. The 

system reaches equilibrium when the solute concentration in the liquid phase is in dynamic 

balance with that on the solid surface. At this point, the adsorption rate equals the desorption 

rate, thereby defining the system's thermodynamic equilibrium. Reaching this condition 

indicates that the adsorptive capacity of the material has been exhausted. 

Determining the equilibrium is essential for evaluating a material's adsorption capacity 

toward a specific contaminant. This theoretical capacity is typically described by adsorption 

isotherms, which relate, at constant temperature, the amount of solute adsorbed per unit mass 

of adsorbent to the equilibrium solute concentration remaining in solution. In general, the 

amount of solute adsorbed per unit mass of adsorbent increases with increasing the equilibrium 

concentration of the solute remaining in solution, although not in a directly proportional 

manner. Before proceeding with the construction of adsorption isotherms, it is necessary to 

investigate how the concentration of the adsorbate varies over time until the equilibrium 

condition, as a function of both the initial concentration of the species of interest and the amount 

of adsorbent used. Once the adsorption kinetics of a given compound are known, the 

equilibrium concentration of the adsorbate remaining in solution can be determined, and then 

the corresponding equilibrium adsorption capacity can be calculated. After evaluating these two 

parameters, it becomes possible to construct the adsorption isotherm. Different types of 

adsorption isotherms exist, distinguished by whether a single monolayer of adsorbed molecules 

forms on the adsorbent surface or multiple layers are generated. The most widely used models 

for studying adsorption isotherms are the Langmuir and the Freundlich models. 

The Langmuir model assumes monolayer adsorption onto a homogeneous surface with 

a finite number of identical sites [91], whereas the Freundlich model is an empirical equation 

that accounts for multilayer adsorption on heterogeneous surfaces [92]. 

The Langmuir equation is based on four key assumptions. It is assumed that: 

1. Adsorption occurs at specific sites on the adsorbent surface. 

2. Each site can bind only a single adsorbate molecule. 

3. The adsorption energy (i.e., the strength of the bond formed between the surface and the 

adsorbate species) is the same for all sites. 

4. No interactions occur between adjacent adsorbed molecules. 

Since the number of specific sites per unit mass of adsorbent is fixed, adsorption continues until 

all these sites are fully occupied. This generally corresponds to the assumption of a single 

monolayer of adsorbed molecules on the surface. A representation of the Langmuir isotherm 

behavior is shown in Figure 1.17. 



 

 

 
Figure 1.17 Langmuir isotherm (In this figure, a indicates the Langmuir maximum adsorption capacity, 

qₘ) [91]. 

 

The Freundlich isotherm assumes a heterogeneous surface with sites where the heat of 

adsorption decreases exponentially with the degree of coverage. Figure 1.18 shows the 

behavior of the Freundlich isotherm. 

 

Figure 1.18 Freundlich isotherm [92]. 

Once the characteristic parameters of the Freundlich and Langmuir isotherms have been 

determined, the equilibrium model that best describes the adsorption process is evaluated. 

 

1.8.1 Adsorption onto natural and functionalized materials 

The most important properties that an adsorbent should possess to achieve high 

adsorption efficiency are a porous structure that provides a high surface area and a large 

concentration of adsorption sites and/or functional groups capable of optimal interactions with 

pollutants. In this context, numerous types of adsorbents are available, including clays modified 

with organic surfactants [1, 90-91] and carbon-based materials, particularly activated carbons 

(ACs) derived from industrial or agricultural waste [92-95].  



 

 

In the recent years, functionalized clay-based materials as montmorillonite (MMT) were 

developed, tested and employed for the effective removal of various organic pollutants [96-97] 

MMT is a natural 2:1 layered clay [(Na, Ca)0.3(Al, Mg)2Si4O10(OH)2·nH2O] characterized by a 

high cation exchange capacity and a strong affinity for polar molecules [101]. However, its 

hydrophilic nature results in minimal interactions with nonpolar or weakly polar contaminants, 

thereby reducing adsorption efficiency. The hydrophilic surface of MMT can be made more 

hydrophobic by intercalating cationic surfactants, such as DDAB, thereby forming vesicle–clay 

complexes that serve as powerful sorbing materials for water purification from organic 

contaminants [1].  

On the other hand, adsorption onto ACs represents one of the most promising strategies, 

thanks to their high surface area, well-developed porosity, and versatile surface chemistry 

[102]. To address sustainability concerns and reduce the environmental footprint of AC 

production, attention has shifted toward the valorization of agro-industrial residues as AC 

precursors. Agro-industrial by-products, particularly lignocellulosic wastes, represent a 

sustainable and valuable source for the production of ACs. Utilizing such environmentally 

friendly precursors not only helps mitigate solid waste management challenges but also lowers 

the cost of feedstock for AC production. Spent brewery grains (SBG), a by-product of the 

brewing industry, consist of the residual barley malt after the mashing process and represent 

approximately 85% of total brewery by-products. SBG is mainly composed of polysaccharides 

(hemicellulose and cellulose), along with lignin, proteins, and lipids [100-101]. Its high 

lignocellulosic fiber content makes it an attractive precursor for AC production [105]. AC can 

be obtained by physical or chemical activation of various waste materials, combined with 

thermal decomposition (carbonization) [106]. Traditionally, the carbonization step involves 

conventional pyrolysis (CP), which requires prolonged operation times and high temperatures, 

making it highly energy-intensive and costly [107]. Microwave-assisted pyrolysis (MP) offers 

a promising alternative, providing rapid and uniform heating that reduces production time and 

energy consumption [105-106].  

 

1.9 Ecotoxicity assessment of transformation products 

The degradation of pharmaceuticals can lead to the formation of transformation products 

that may be more or less toxic than the parent compound. It is therefore important to assess the 

ecotoxicity of these degradation products using specific techniques, including in vivo, in vitro, 

and in silico methods.  

In vivo tests are performed on living animals, whereas in vitro tests use a cell line. 

Consequently, a series of acute and chronic toxicity bioassays has been developed to establish 



 

 

the toxicity levels of compounds for aquatic organisms, including microorganisms, plants, 

invertebrates, and fish. The biological response to a chemical varies across different living 

organisms and depends on their sensitivity to toxic products. Therefore, for the assessment and 

monitoring of water quality, a range of methodologies can be applied using a variety of 

bioindicators. Toxicity bioassays can be classified according to the species under study, 

including bacterial bioassays such as the Vibrio fischeri test and invertebrate bioassays such as 

the Daphnia magna test [110].  

In this study, Vibrio fischeri tests have been conducted to evaluate the toxicity of SILD 

and its photoproducts. This test is based on the inhibition of bioluminescence of the luminescent 

bacterium Vibrio fischeri [111]. V. fischeri naturally emits light thanks to an enzyme, bacterial 

luciferase, which catalyzes the following reaction: 

FMNH2 + O2 + R-CO-H→FMN + R-COOH + H2O + light 

The light emission is directly proportional to the microorganism's metabolic activity; therefore, 

any inhibition of this activity results in a decrease in bioluminescence, expressed as a 

percentage (I%). Toxicity is expressed as the EC50, the effective concentration of a toxic 

substance that causes a 50% reduction in light. This test has the advantage of being sensitive 

and reproducible, but it also has a limitation: V. fischeri is a marine bacterium, so the test works 

only in saline solution. Additionally, the solution must be filtered before testing, as salinity can 

affect the solubility of some organic substances, leading to turbid solutions [112]. Several 

commercial devices based on the same principle are available, such as Microtox from Azur 

Environmental [113]. 

In vivo and in vitro approaches are not widely used to evaluate the ecotoxicity of 

pharmaceutical degradation products because these products are often not available as 

commercial standards and cannot be directly tested. In contrast, in silico analysis has gained 

prominence in the scientific field in recent years. It involves applying computational algorithms 

to predict the properties of substances, such as toxicity, based on their structures and 

experimental data from similar compounds. Among the well-established models for predicting 

ecotoxicity using this type of analysis is the ECOSAR (Ecological Structure-Activity 

Relationship) software (V 2.2) [114]. ECOSAR can estimate the short- and long-term toxicity 

of transformation products by calculating the LC50 (median lethal concentration), the 

concentration (mg L-1) that causes the death of 50% of individuals in toxicity assays. In this 

thesis, the toxicity assessment of VFX and its degradation products was carried out using the 

ECOSAR software. In the program, the structures of VFX and its main degradation products 

were drawn, and LC50 values were obtained for each relative to the species Daphnia magna. 



 

 

1.10 General aim of the Ph.D. project 

This Ph.D. thesis evaluates and compares advanced chemical and physical remediation 

strategies for removing pharmaceuticals from aquatic environments. The assessment is based 

on original experimental data generated throughout the doctoral research, comprising peer-

reviewed publications and manuscripts currently in preparation. The overarching objective is 

to identify treatment approaches that maximize removal efficiency while ensuring 

environmental sustainability, cost-effectiveness, scalability, and minimizing toxic by-products. 

Heterocyclic pharmaceuticals have recently attracted significant attention as ECs due to 

their toxicity, persistence, and potential ecological risks. These compounds, widely used in 

medical therapy, are characterized by stable heterocyclic structures containing heteroatoms 

such as nitrogen, oxygen, and sulfur. While their structural stability enhances pharmacological 

activity, it also leads to low biodegradability and high environmental persistence, resulting in 

accumulation across various environmental compartments. Continuous release into aquatic 

environments through wastewater discharges, industrial effluents, and improper disposal 

contributes to their pseudo-persistent nature. Chronic exposure to these compounds has been 

associated with neurotoxic, genotoxic, endocrine, and reproductive effects, raising concerns for 

both aquatic organisms and human health. In response to these issues, this Ph.D. research first 

focused on the identification and environmental assessment of selected heterocyclic 

pharmaceuticals as model ECs (CONTRIBUTION 1, Chapter 3). This investigation aims to 

improve understanding of their environmental occurrence, physicochemical behavior, and 

potential risks, providing a scientific foundation for the development of effective remediation 

and monitoring strategies. In particular, the objectives of this comprehensive review were: 

- to assess the chemical persistence and the environmental entry pathways; 

- to evaluate multi-systemic ecotoxicity and long-term health risks; 

- to analyze and optimize remediation and mitigation frameworks. 

One of the most widely recognized pyrazole derivatives is SILD. Commonly prescribed 

for ED, SILD has recently garnered significant scientific interest due to its extensive legal and 

illicit use worldwide. Its chemical stability and persistence in environmental conditions, 

combined with its potential for accumulation and phototransformation in the aquatic 

environment, raise substantial ecological and human health concerns. Consequently, innovative 

and sustainable methods are needed to ensure its complete removal from water matrices while 

minimizing the formation of toxic transformation products. The study reported in 

CONTRIBUTION 2 (Chapter 4) accordingly focused on three main objectives:  

- to evaluate the efficiency of AOPs for the degradation of SILD (in particular, 

different AOP systems were compared, including Sunlight/TiO₂, Sunlight/H₂O₂, 



 

 

Sunlight/PS, and Sunlight/PMS) in both distilled water (DW) and synthetic 

wastewater (SWW);  

- to identify degradation pathways and intermediate by-products using LC-HRMS 

and LC-MSn; 

- to assess the ecotoxicological safety of treated effluents through bioassays.  

By integrating these approaches, the work aims to ensure not only pollutant removal but 

also the environmental safety of treated waters. 

Pharmaceuticals, particularly antidepressants, are a primary concern due to their 

environmental persistence and neurobehavioral impacts on aquatic life. VFX, a serotonin and 

norepinephrine reuptake inhibitor, has been officially recognized as a priority pollutant under 

the Commission Implementing Decision (EU) 2022/1307, which incorporated it into the 3rd 

EU Watch List, due to its widespread use, persistence in aquatic environments, and potential 

ecotoxicological effects. CONTRIBUTION 3 (Chapter 5) investigated the electrochemical 

degradation of VFX based on galvanostatic oxidation with a Pt anode. The aim of this study 

was: 

- to compare Pt and glassy carbon (GC) anodes for the electrochemical degradation 

of VFX and to investigate the role of indirect oxidation mechanisms mediated by 

hydroxyl and sulfate radicals in improving the overall degradation efficiency; 

- to identify optimal operational conditions, particularly in terms of current density 

and pH, and to investigate the degradation kinetics of VFX, to promote its 

transformation into lower-molecular-weight products through electrochemical 

treatment; 

- to identify and evaluate the ecotoxicity of the transformation products generated 

during the electrochemical degradation process and to reconstruct the possible 

degradation pathways. 

Despite their effectiveness, these chemical approaches may, in some cases, require 

substantial energy and reagent consumption and can generate transformation products that are 

more toxic than the parent compound. To address this issue, sustainable water treatment 

strategies are required. In this context, adsorption has emerged as a promising, environmentally 

friendly alternative, enabling the removal of recalcitrant pharmaceuticals without generating 

toxic transformation products. ACs and MMT-based clays are widely recognized as highly 

effective adsorbent materials due to their large specific surface areas, well-developed porosity, 

surface functional groups, and cation-exchange capacity, which enable strong interactions with 

a wide range of organic pollutants. Within this context, CONTRIBUTION 4 (Chapter 6) and 

CONTRIBUTION 5 (Chapter 7) focused on the development and evaluation of sustainable and 



 

 

efficient adsorbent materials derived from waste resources and modified clay minerals. In 

particular, these studies aimed to: 

- promote the sustainable valorization of agro-industrial waste, specifically SBG, as 

a precursor for the production of activated carbons; 

- investigate and compare different pyrolysis approaches (conventional and 

microwave-assisted pyrolysis) in order to identify the most suitable technique for 

producing high-performance ACs from SBG; 

- evaluate MMT and DDAB-MMT as potential alternative or complementary 

adsorbent materials, assessing their capability to enhance pollutant removal through 

surface modification and improved adsorption properties; 

- perform a comprehensive physicochemical characterization of the prepared 

adsorbent materials to understand better their structural, morphological, and surface 

properties and their relationship with adsorption performance; 

- assess the removal efficiency of VFX, SILD, and TAD from both ultrapure water 

and real wastewater matrices to evaluate the practical applicability of these materials 

in water treatment scenarios.  

 

Chapter 2 provides a detailed description of the methodologies used in this study, while 

Chapters 3–7 present and discuss the results, and Chapter 8 outlines the conclusions. 

 

 

 

 

 

 

 

 

 

 



 

 

2. METHODOLOGIES 

The current chapter presents the methodologies applied in this research for the detection 

of SILD, TAD, and VFX and their transformation products, as well as the characterization of 

the adsorbent materials employed. The concentration of target pharmaceuticals was monitored 

using high-performance liquid chromatography coupled with photodiode-array detection 

(HPLC-DAD) or fluorescence detection (HPLC-FLD). 

Because retention time and UV spectra alone are insufficient for the correct 

identification of unknown compounds, a study of the transformation products of SILD and VFX 

was performed using liquid chromatography coupled to linear ion trap mass spectrometry with 

electrospray ionization (LC–ESI–LIT–MS) and liquid chromatography coupled to Orbitrap 

mass spectrometry with electrospray ionization (LC–ESI–Orbitrap–MS), allowing 

identification of individual compounds by considering both retention time and mass values. 

Low-resolution multiple mass spectrometry experiments were conducted to elucidate the 

fragmentation pathways of transformation products and to obtain further information on their 

chemical structures. These MSn experiments were performed via collision-induced dissociation 

(CID). The application of fragmentation studies and tandem mass spectrometry (MSn or 

MS/MS) provided essential support for the comprehensive analytical characterization of 

unknown compounds. 

In addition to these chromatographic and mass spectrometric techniques, the 

electrochemical behavior and degradation of VFX were investigated using an EAOP. A series 

of electrode materials, including GC modified with graphene oxide, graphite, graphite felt, and 

platinum, was tested. Cyclic voltammetry (CV) was first employed to study the electrochemical 

behavior of VFX at each electrode, providing insights into the degradation mechanism and 

distinguishing between direct electrode-surface oxidation and indirect oxidation mediated by 

radical species generated in solution during electrolysis. Subsequently, differential pulse 

voltammetry (DPV) was used to evaluate the electrochemical stability and degradation 

efficiency of VFX under the EAOP conditions. 

To ensure a thorough understanding of the adsorbents’ properties, the ACs were 

characterized through surface area measurements (SBET), Scanning Electron Microscopy 

(SEM), and point of zero charge (PZC) determination, while natural and modified 

montmorillonites were analyzed using X-ray Photoelectron Spectroscopy (XPS) to investigate 

their surface composition and functionalization. This methodological framework enables a 

comprehensive evaluation of both the removal efficiency and the performance of the adsorbent 

materials under the applied treatment conditions. 



 

 

2.1 Chromatography 

Chromatography is an analytical technique suitable for separating components of a 

mixture that are differentially distributed between two immiscible stationary and mobile phases. 

The stationary phase is fixed either in a column or on a planar surface; it can be solid or liquid 

and may be adsorbed onto an inert support. The mobile phase, on the other hand, moves along 

or through the stationary phase carrying the analyte with it; it can be a gas (gas 

chromatography), a liquid (liquid chromatography), or a supercritical fluid (supercritical 

chromatography). The components of the mixture have different affinities for the two phases, 

establishing a dynamic equilibrium in which substances continuously move from the mobile 

phase to the stationary phase and vice versa. Components that are more similar to the stationary 

phase will be retained more in the chromatographic column and will therefore have higher 

retention times than components that are more similar to the mobile phase and have shorter 

retention times. The different interactions between the stationary and mobile phases result in 

the separation of the sample components into discrete bands, which can be analyzed 

qualitatively and/or quantitatively by placing a detector at the column outlet to measure the 

solute concentration in the eluate. The graph produced by the detector is called a chromatogram, 

in which a more or less intense peak is observed depending on the concentration of the eluted 

component. The parameters used to determine separation efficiency are the partition coefficient, 

retention time, capacity factor, selectivity factor, chromatographic efficiency, and resolution 

[115]. 

 Partition coefficient 

The partition coefficient K’ is the equilibrium constant for the following reaction: 

Amobile ↔Astationary 

The equation gives the equilibrium constant of this reaction and thus the partition coefficient: 

𝐾′ =  
𝐶𝑠

𝐶𝑚
      (2.1) 

where Cs is the molar concentration of the analyte in the stationary phase and Cm is the 

concentration of the analyte in the mobile phase. 

 Retention time and dead time 

Retention time (tr) is the time between the injection of a sample and the appearance of the solute 

peak at the detector of a chromatographic column, so it is a measure of the time spent by the 

solute in the stationary phase. Dead time, on the other hand, is the time taken by an unretained 



 

 

species to pass through the column and is therefore an estimate of the average velocity of the 

mobile phase. 

 Capacity factor 

The capacity factor k' is a parameter that defines the rate of migration of the analyte along the 

chromatographic column. It is defined as the ratio between the time spent by the solute in the 

stationary phase (ts) and the time spent in the mobile phase (tm): 

𝑘′ =
𝑡𝑟−𝑡𝑚

𝑡𝑚
=  

𝑡𝑠
𝑡𝑚

     (2.2) 

A capacity factor less than unity indicates that the solute leaves the column at a time comparable 

to the dead time; this indicates that the components of the mixture have not been separated. A 

capacity factor value above 20-30 indicates that elution times are too long, resulting in a very 

broad chromatographic peak. Under ideal conditions, the capacity factor should be between 1 

and 5. In gas chromatography, capacity factors are optimized by varying temperature and 

column packing; in liquid chromatography, they are improved by varying the composition of 

the mobile and stationary phases, i.e., by performing gradient elution. 

 Selectivity factor 

The selectivity factor α is a measure of the column's ability to separate two analytes A and B, 

with the first being the species most retained by the chromatographic column and the second 

being the least retained; it is defined as the ratio of the partition coefficients k’ between the two 

analytes: 

𝛼 =
𝑘′𝐴
𝑘′𝐵

      (2.3) 

According to this definition, α is always greater than unity. A column with higher selectivity 

ensures greater separation in retention times of the two solutes: by selecting the stationary phase 

so that it interacts preferentially with one of the two solutes, its retention time can be increased, 

and it can be better separated from the other. 

 Efficiency 

The efficiency of a chromatographic column is related to peak width and depends essentially 

on factors such as flow rate, packing, and diffusion, which affect the theoretical equivalent plate 

height (HEPT, H) and the number of theoretical plates (N): 

𝑁 =
𝐿

𝐻
      (2.4) 



 

 

where L is the length (usually in centimeters) of the column packing, H is the height of the 

theoretical plate, and N is the number of theoretical plates. In particular, the efficiency of the 

column increases as the number of theoretical plates increases and the height of the theoretical 

plate decreases. Experimentally, by measuring the retention time of a peak, tr, and the amplitude 

of the peak at half height, W (expressed in units of time) on a chromatogram, N can be estimated 

from the simple relationship: 

𝑁 = 5.4 (
𝑡𝑟
𝑊

)
2

      (2.5) 

In a column, at high flow rates and where flow effects prevail over diffusion, the efficiency can 

be approximated by the following relationship: 

𝐻 = 𝐴 +
𝐵

𝑢
+ 𝐶𝑠𝑢     (2.6) 

where H is the height of the theoretical plate expressed in centimeters; u is the linear velocity 

of the mobile phase expressed in cubic centimeters; A is a coefficient describing the effects of 

multiple paths; B is the longitudinal diffusion coefficient; and Cs is a coefficient describing the 

mass transfer contribution. This equation is the well-known van Deemter equation, often used 

to describe the efficiency of a chromatographic column [115]. 

 Resolution 

The resolution R of a chromatographic column is a quantitative measure of its ability to separate 

two analytes A and B. It is defined as: 

𝑅 = 2
𝑡𝑟𝐵−𝑡𝑟𝐴
𝑊𝐵+𝑊𝐴

      (2.7) 

where WA and WB are the peak widths at the base. A zero value of R provides coincident peaks, 

while values of 1.5 provide complete separations with overlapping peaks of only 0.3%. 

Achieving 1.5 resolution requires increasing efficiency and/or selectivity, but as these 

parameters are incompatible with retention times, a compromise is sought to achieve the highest 

resolution in the shortest total analysis time. In Figure 2.1, two chromatographic peaks are 

shown, with indications of the parameters described, such as dead time, retention times, and 

base widths. 



 

 

 

Figure 2.1 Graphic scheme of the dead time (t0), the corrected retention time (t'r), the width at the base, 

at 10 and 50% of the height of a chromatographic peak (w, w0.1 and w0.5). A and B are the half-widths 

at the base of the peak. 

 

2.1.1 High Performance Liquid Chromatography (HPLC) 

The most versatile and widely used type of liquid chromatography (LC) is high-

performance liquid chromatography (HPLC, or simply LC). LC techniques are divided into 

partition chromatography (liquid-liquid), adsorption chromatography (solid-liquid), ion-

exchange chromatography (liquid-resin-exchange), and size-exclusion chromatography 

(porous liquid-solid), depending on the type of stationary phase and separation mechanism 

[115]. In liquid chromatography, elution is performed by forcing the mobile phase to pass 

through the packing material by gravity, with uncontrolled particle size. Columns for HPLC are 

filled with microparticles ranging in size from 2.7 to 10 μm: a stationary phase with such a fine 

particle size ensures a large contact surface area between the mobile and stationary phase, but 

in this case, since the flow of the mobile phase is too low, or even zero, high pressure is required 

to allow the mobile phase to move. This is achieved with the aid of pumps capable of generating 

pressures up to 6000 psi (1psi = 0.069 bar), allowing flows ranging from 0.1 to 10 ml min-1. 

There is often a guard column (pre-column) at the head of the analytical column, which is useful 

for increasing the 'life' of the analytical column by preliminary removal of particulate impurities 

contained in the solvents. In addition, in partition chromatography, the guard column serves to 

saturate the mobile phase with the stationary phase, thereby minimizing the risk of stationary-

phase loss from the analytical column. The packing composition of the guard column is 

generally similar to that of the analytical column, while the particle size is larger to reduce 

pressure drop. Other important components of the chromatographic system are the sample 

introduction system, the injection valve, which ensures high reproducibility of injected 

volumes, and, finally, the degassing device (vacuum pump, distillation system, or bubbling 

system), which removes dissolved gases, avoiding bubble production, band broadening in the 

column, and detection problems. 



 

 

2.1.2 Reverse Phase LC  

The most commonly used LC technique is partition chromatography, in which the 

stationary phase is a second liquid immiscible with the mobile phase. It includes liquid-liquid 

chromatography and bound-phase chromatography [115]. The difference between the two 

techniques lies in the way the stationary phase is attached to the solid inert support: in liquid-

liquid chromatography, the liquid is held by physical adsorption, whereas in bonded-phase 

chromatography, it is held by chemical bonds. Bounded-phase packings offer greater stability 

than adsorbed phases: there is no need to periodically reset the stationary phase, as the liquid is 

held tightly and cannot be dissolved by the mobile phase ('bleeding'). The bonded-phase 

packing is prepared, as shown in Figure 2.2, by the reaction of an organochlorosilane with the 

silanolic groups (Si-OH) of the solid support, resulting from the hydrolysis of the siloxane 

groups (Si-O-Si) of the silica. 

 

Figure 2.2 Silanization reaction of the silanolic groups. 

In addition, partition chromatography can be distinguished by the relative polarities of 

the mobile and stationary phases: in normal-phase chromatography, the stationary phase is polar 

and the mobile phase non-polar; in reversed-phase chromatography, the polarity of these phases 

is reversed. For such a separation to be successful, it is necessary to choose a stationary phase 

of comparable polarity to that of the analyte and a mobile phase that is considerably different. 

 

2.2 HPLC detectors 

2.2.1 Photodiode-array detection (DAD) 

In chemical analysis, there is often a need to measure the intensity of many points in an 

optical image. So, in recent years, array detectors based on semiconductor principles have been 

developed, enabling measurements to be made simultaneously at many points along a line or, 

in some cases, over a whole area comprising many thousands of image points. All these devices 

are based on integrated circuit technology and fall into three main categories: photodiode arrays, 

charge-coupled devices, and charge-injection devices [116]. 

A DAD is a widely employed chromatographic tool in LC. Its primary function is to 

simultaneously detect and quantify various sample compounds that absorb light within the UV-

Vis range. The detector principle is shown in Figure 2.3, where it can be seen that the 

transmitted light from the sample continuously illuminates the array detector, enabling rapid 

Si OH + Si RCl Si O Si R



 

 

acquisition of spectral data. The innovative use of both UV and VIS source lamps allows 

simultaneous illumination of the sample across all wavelengths from 190 nm to 1100 nm. 

 

Figure 2.3 A DAD principle. 

A photodiode array consists of an array of microscopic photodiodes, each equally 

charged; when exposed to a light image, the elements at the points of highest intensity 

discharge, losing most of their charge. The output signal is obtained by connecting each element 

in turn to the signal line and measuring the charge required to restore each element to its original 

charge potential. Parameters such as the scan time and repetition rate are set based on the 

number of elements [116]. 

 

2.2.2 Fluorescence detection (FLD) 

A FLD is a device commonly used for techniques like high-performance liquid 

chromatography [116]. It operates on the principle of measuring the fluorescence emitted by 

certain compounds when they are excited by light (Figure 2.4).  

 

Figure 2.4 Schematic drawing of FLD. 

The detector starts with an excitation light source, often a high-energy light source such 

as a xenon lamp. This light emits a light beam at a specific wavelength, known as the excitation 

wavelength. The chosen wavelength depends on the specific absorbance properties of the 

compounds of interest. The sample, which contains analytes with fluorescent properties, is 



 

 

introduced into the detectors’ flow cell. As the sample flows through the cell, it encounters the 

excitation light. Compounds in the sample that have inherent fluorescence, known as 

fluorophores, or those that have been labeled with fluorescent tags (derivatization), absorb the 

energy from the excitation light at the excitation wavelength. This absorption elevates the 

fluorophores' electrons to a higher energy state. 

After absorbing energy, the excited electrons return to their lower energy state, releasing 

the excess energy as fluorescence. This emitted light occurs at a longer wavelength than the 

excitation light and is characteristic of the specific fluorophores present in the sample. A 

detector, typically equipped with a photomultiplier tube or a photodiode array, captures and 

measures the intensity of the emitted fluorescence. The detector is set to emission wavelength, 

allowing selective detection of the fluorescent signal. The detected fluorescence signal is 

converted into an electrical signal, processed, and recorded as a chromatogram. The 

chromatogram shows the intensity of fluorescence relative to compound concentration at 

different wavelengths as the sample components elute from the chromatographic column [116]. 

 

2.3 Mass spectrometry 

Mass spectrometry is an analytical technique commonly used in combination with 

separative techniques such as gas chromatography, liquid chromatography, and capillary 

electrophoresis (CE), due to its high sensitivity and ability to identify a wide range of 

substances. A mass spectrometry experiment consists of ionizing the sample in the gas phase, 

separating the ions produced on the basis of their m/z ratios, detecting them, and recording the 

corresponding mass spectrum. The components of a mass spectrometer are: 

- a sample introduction system that allows the sample to be transferred into the 

spectrometer; 

- an ion source or ionization source, where ionization of the analyte and/or production of 

charged fragments takes place; 

- an analyzer, which separates ions according to their m/z ratio; 

- a detector, which converts the ion beam into an electrical signal; 

- a vacuum system, which is required to prevent loss of ionization through collision and/or 

chemism with atmospheric gases; 

- a data-acquisition and processing system that allows mass spectra to be recorded. 

 The mass spectrum is displayed as a set of vertical lines of different intensity, each 

corresponding to the m/z value of a single ion. The signal with the highest m/z value corresponds 

to the molecular ion. Typically, the ion current is normalized to 100; that is, the highest peak 

(base peak) has a value of 100, regardless of its absolute value. As already underlined at the 



 

 

beginning of the paragraph, the combination of liquid chromatography with mass spectrometry 

represents an ideal fusion between separation and detection [115]. The intrinsic incompatibility 

between these two techniques, i.e., LC operates in the liquid phase at high pressures while mass 

spectrometry operates in the gaseous phase under vacuum, is overcome by using interfaces 

capable of reducing the eluent flow and vaporizing the solvent before entering the mass 

spectrometer. LC-MS interfaces can be divided into two categories: 

- interfaces that evaporate and transfer the sample from the LC system to the mass spectrometer; 

- interfaces that play an active role in the ionization itself. 

Atmospheric-pressure ionization interfacing systems are the best approach for mass 

spectrometry interfaced with liquid chromatography; among these, electrospray ionization 

(ESI) is currently the preferred ionization method. Atmospheric-pressure ionization interfaces 

are the best combination for solving the problem of mass spectrometry coupled to liquid 

chromatography; among these, ESI is currently the preferred ionization modality. 

 

2.3.1 Sample injection system 

In the ESI ion source mass spectrometer, two modes of sample introduction are 

available: direct infusion with a syringe pump and coupling to an LC system. In the first case, 

the sample solution is introduced directly into the source via a capillary with a microsyringe 

(250-500 μL) (Direct Injection, DI). Alternatively, the solution contained in the microsyringe 

can be introduced into the mobile phase flow of the LC (Flow Injection Analysis, FIA). This 

introduction can take place discontinuously, filling the injection valve loop, or continuously via 

a T-junction, allowing only a small quantity of eluent to be sent into the mass spectrometer (200 

μL min-1). 

 

2.3.2 Ionization source: electrospray ionization (ESI) 

The mass analyzer of any mass spectrometer can only handle charged species, i.e., ions 

generated from atoms or molecules, and occasionally from radicals, zwitterions, or clusters. 

The ion source performs this crucial step, and a wide range of ionization methods is used to 

achieve this goal across the full range of analytes. The classical procedure of ionization involves 

shooting energetic electrons at a gaseous neutral, a process called electron ionization [117]. 

When a neutral is hit by an energetic electron carrying several tens of electronvolts (eV) of 

kinetic energy, some of the energy of the electron is transferred to the neutral. If the electron, 

in terms of energy transfer, collides very effectively with the neutral, the energy transferred can 

exceed the ionization energy (IE) of the neutral. Then, ionization by ejection of one electron 

can occur, generating a molecular ion, a positive radical ion [117]: 



 

 

M + e– → M+• + 2e– 

A less effective interaction brings the neutral into an electronically excited state without 

ionizing it. As the energy of the primary electrons increases, the abundance and variety of the 

ionized species will also increase, i.e., electron ionization may occur via different channels, 

each of which gives rise to characteristic ionized and neutral products. This includes the 

production of the following types of ions: molecular ions, fragment ions, multiply charged ions, 

metastable ions, rearrangement ions, and ion pairs [118]. Ionization energies of most molecules 

are in the range of 7–15 eV. Removal of an electron from a molecule can formally be considered 

to occur at a σ-bond, a π-bond, or at a lone pair, with the σ-bond being the least favored and the 

lone pair being the most favored position for charge localization within the molecule. The more 

atoms there are in a molecule, the easier it is to find a way to stabilize the charge, e.g., by 

delocalization or hyperconjugation. Once the molecular ion is formed, the electron charge is 

never really localized in a single orbital, although this assumption is often a good working 

hypothesis for mass spectrum interpretation [114-115].  

However, IE cannot ionize the most valuable and thermally unstable polar biological 

compounds. Subsequently, additional soft ionization methods were developed and replaced 

older techniques. These include fast atom bombardment (FAB), liquid secondary ion mass 

spectrometry (LSIMS), matrix-assisted laser desorption ionization (MALDI), and ESI [116-

118]. Remarkably, the latter ionization techniques have revolutionized the usage of mass 

spectrometers and enabled researchers to easily study biological substances, such as 

glycoconjugates, proteins, and DNA [116-117, 119]. Development of ESI started with the study 

of Dole and co-workers, who successfully introduced a polystyrene polymer (average MW = 

51,000 Da) into the gas phase as a charged species [123]. Surprisingly, this ionization technique 

is among the simplest to understand. Samples are usually dissolved in a buffer or solvent, which 

is then introduced into the mass spectrometer as a spray. In ESI-MS, the sample should be 

soluble in a preferably polar solvent, which can be infused, under atmospheric pressure, into 

the ionization source via a thin needle. As the sample is continuously sprayed, a high electrical 

potential is applied to the needle (3–4 kV), resulting in the formation of highly charged droplets 

(i.e., nebulization). These droplets are then driven electrically and are vaporized with the aid of 

a warm neutral gas (usually nitrogen). A schematic representation of the ESI source is shown 

in Figure 2.5: 



 

 

 

Figure 2.5 Representation of an early ESI source (A). In more recent configurations (B), the spray 

capillary is set at a 45° angle to the transfer capillary, preventing the clogging of capillaries and 

skimmers caused by the deposition of non-volatile impurities, such as buffer salts [124]. 

 

Under these conditions, the droplets break down and, as they shift within the source, 

their size is continuously reduced. Eventually, the repulsive forces, also called Coulombic 

forces, among the ions on the surface of the shrinking droplets become very high. These forces 

will ultimately exceed the solvent's surface tension, leading to ion desorption into the gas phase. 

This theory of ESI ion formation, termed the ion evaporation method [125], is believed to favor 

ions with relatively low m/z values. An alternative theory, which is supposed to be dominant in 

the case of ions with very high m/z, is the charge residue model [125], which involves 

continuous evaporation of the solvent accompanied by droplet fragmentation so that a single 

ion (probably multiply charged) is formed at the end of this process (i.e., solvent is completely 

evaporated). [M+H]+ and [M-H]- are mainly produced during the process. However, other types 

of ions may form, such as clusters, multi-charged ions (resulting from the gain or loss of more 

than one proton), or metal adducts [116, 119]. 

 

2.3.3 Resolution and Mass Accuracy 

The peak separation observed in a mass spectrum is called mass resolution, R, or simply 

resolution. Mass resolution is the smallest difference in m/z (Δm/z) that can be separated for a 

given signal, i.e., at a given m/z value:  



 

 

𝑅 =
𝑚

𝛥𝑚
=  

𝑚/𝑧

𝛥𝑚/𝑧
     (2.8) 

This parameter is dimensionless [123-124]. The instrument's ability to resolve neighboring 

peaks is called mass resolving power, or simply resolving power. It is given by the peak width 

at a specific percentage of the peak height expressed as a function of mass (Figure 2.6). Two 

neighboring peaks are considered sufficiently separated when the valley between their maxima 

has decreased to 10% of their intensities [121, 123]. Hence, this is known as 10% valley 

definition of resolution, R10%. The 10% valley conditions are fulfilled if the peak width at 5% 

relative height equals the mass difference of the corresponding ions, because then the 5% 

contribution of each peak to the same point of the m/z axis adds up to 10%. With the advent of 

linear quadrupole analyzers, the full width at half maximum (FWHM) definition of resolution 

became widespread, especially among instrument manufacturers. In principle, resolution is 

always determined from the peak width of some signal at a certain relative height, and therefore, 

any peak can serve this purpose. Increasing resolution does not affect the relative intensities of 

the peaks, but higher resolving power settings are usually obtained at the cost of the analyzer's 

transmission, thereby reducing the absolute signal intensity [126]. 

 

Figure 2.6 The 10% valley and FWHM definitions of resolution [124].  

Resolution is closely related to another important aspect of mass spectra: mass 

measurement accuracy. In detail, the absolute mass accuracy, Δm/z, is defined as the difference 

between measured mass and calculated exact mass, i.e., the sum of monoisotopic masses of 

every atom of a chemical species [127]:  

 Δ𝑚/𝑧 = 𝑚/𝑧𝑂𝑏𝑠𝑒𝑟𝑣𝑒𝑑 − 𝑚/𝑧𝐸𝑥𝑎𝑐𝑡  (2.9) 

In general, mass accuracy is reported as relative accuracy, expressed as the absolute accuracy 

divided by the calculated exact mass. This quantity is thus expressed in parts-per-million (ppm). 

Accuracy describes the deviation of the experimental value from the true value; however, in 



 

 

practice, one never deals with exact values but rather with reference values. Accuracy is high 

if the values from several measurements are close to the reference value. 

 Higher mass measurement accuracies enable the assignment of chemical formulas to 

observed ionic species [118]. With infinite accuracy, for example, one can assign a unique 

formula to each observed MS signal to obtain important chemical information about identified 

analytes, such as the presence of unsaturations and/or heteroatoms. In practice, it is highly 

probable to encounter errors in the order of several mg L-1, depending on the instrument used, 

thereby increasing the number of possible formula candidates per MS signal [118]. 

High-resolution, accurate mass measurements are closely related and depend on each 

other, because mass accuracy tends to improve as peak resolution improves. Nevertheless, they 

should not be confused, as measuring high resolution alone does not equally imply measuring 

the accurate mass [127]. 

 

2.3.4 Tandem mass spectrometry (MSn or MS/MS) 

To obtain information on the molecular structure of an unknown compound, the 

coupling of two mass analysis stages (tandem mass spectrometry, or MS/MS) is very useful. In 

a typical MS/MS experiment, structural data are obtained by isolating the ion of interest, 

exciting (and thus dissociating) it, and finally analyzing the ions generated by mass 

spectrometry.  

A tandem mass spectrometer consists of two analyzers arranged in series. The first 

analyzer (Ms1) selects (filters) the desired ion from the various ions in a spectrum. The selected 

ion (precursor ion) is then collided with a suitable collision gas (He, Ar) in a collision cell, and 

the fragments (produced ions), generated by the dissociation of the precursor ion due to the 

collisions with the gas, are separated by the second analyzer according to their m/z ratio. For 

sector, quadrupole, and time-of-flight instruments, each stage of mass analysis requires a 

separate analyser (in this case, all three types of scanning are possible). In ion trap or ICR mass 

spectrometers, MS/MS experiments can be conducted sequentially over time within a single 

mass analyzer. With the latter, the selection of the ion, its induced dissociation, and the analysis 

of the fragments generated are performed in the same space, but at successive times. 

Specifically, in the ion trap it is possible to trap all the ions present in the primary spectrum 

initially, then isolate the desired ion (ejecting the others from the trap), then induce dissociation 

of the isolated ion by collision with atoms or molecules (helium, neon, argon and nitrogen have 

been used as collision gases), and finally analyse the fragments generated within the trap itself. 

The ions produced can be analyzed in a new mass spectrometry experiment. In principle, the 

process can be repeated by isolating and fragmenting the ions obtained in an MS2, MS3, and so 



 

 

on in a multiple mass spectrometry (MSn) experiment. Theoretically, many systems are capable 

of performing MSn experiments, but the value of n is typically limited to 3 or 4, due to the 

decrease in ion abundance that occurs as n increases [128]. 

 Ion-trap CID and higher-energy collisional dissociation (HCD, a beam-type CID) are 

fragmentation techniques in which molecular ions are accelerated by an electrical potential, 

thereby gaining additional kinetic energy. This increase in energy causes the ions to collide 

with inert gas molecules in the trap (typically helium, nitrogen, or argon). During the collision, 

part of the kinetic energy is converted into internal energy, leading to bond breaking and the 

fragmentation of molecules into smaller ions, which can then be analyzed. There are, therefore, 

two stages: activation by collision, where ions, accelerated by an electric potential, collide with 

inert neutral molecules in the gas phase, and molecular dissociation, where excess kinetic 

energy is converted into internal energy, so that one or more bonds are broken. The collision 

can occur at high (of the order of keV) or low (1-100 eV) energy. HCD is generally better than 

CID for peptide sequencing in the negative ion mode, since HCD generates more backbone 

cleavage products, whereas CID produces predominantly neutral loss peaks of precursors [129]. 

 

2.4 Mass Analyzers 

A mass analyzer is the part of the instrument that separates ions based on their m/z 

values. In a mass spectrometer, ion isolation is usually electrically driven, although traditional 

analyzers, such as magnetic sectors, employ a magnetic field to influence ion separation. From 

the very beginning to the present, almost any physical principle, ranging from time-of-flight to 

cyclotron motion, has been employed to construct mass-analyzing devices. Some were 

extremely successful at the time of their invention; for others, it took decades for their potential 

to be fully recognized. Currently, many analyzers are widely used, namely, quadrupole (Q), 

linear trap quadrupole, Time of Flight (ToF), Fourier transform ion cyclotron resonance (FT-

ICR), and Orbitrap. These analyzers vary in terms of size, price, resolution, mass range, and the 

ability to perform MSn experiments.  

 

2.4.1 Linear trap quadrupole (LTQ) analyzers 

The linear trap quadrupole (LTQ) analyzer consists of a set of quadrupole electrodes to 

confine the ions radially and a static electric potential on the end electrodes to trap the ions 

axially, two endcap electrodes, and a central ring electrode (ring electrode) arranged in a 

“sandwich” geometry (Figure 2.7). Together, these electrodes form a cavity in which ions can 

be trapped and analyzed; both dome electrodes have a small hole through which ions enter and 

exit. This device traps ions in the space between the electrodes with a given range of m/z ratios, 



 

 

determined by the applied potentials. In fact, a potential of constant frequency (radiofrequency, 

RF) and variable amplitude is applied to the ring electrode in such a way as to create a three-

dimensional quadrupole field inside the trap. In this way, the ions will begin to move along 

oscillating trajectories confined within the analyzer cavity. The trajectory will depend on both 

the potential applied to the ring electrode and the m/z ratio of the ions. By varying the potential 

applied to the electrodes, it is possible to destabilize the ions' trajectories in the cavity, leading 

to their expulsion from the ion trap [130]. The mass spectrum is produced by sequentially 

varying the potential to expel ions in order of increasing m/z ratio. 

 

Figure 2.7 Schematic representation of a LIT analyzer [131]. 

 

2.4.2 Quadrupole analyzers 

Since the Nobel Prize-awarded discovery of the mass-analyzing and ion-trapping 

properties of two- and three-dimensional electric quadrupole fields and the concomitant 

construction of a quadrupole mass spectrometer [129-130], this type of instrument has steadily 

gained importance. Modern quadrupole instruments cover m/z values up to 2000 or higher, with 

good resolving power, and are a standard device in LC-MS [134]. Among the advantages of 

quadrupoles are high transmission, light weight, compactness, comparatively low prices, low 

ion acceleration voltages, and high scan speeds, since scanning is achieved solely by sweeping 

electric potentials. A linear quadrupole mass analyzer consists of four hyperbolically or 

cylindrically shaped rod electrodes extending in the z-direction and mounted in a square 

configuration (xy-plane) [135], as shown in Figure 2.8: 



 

 

 

Figure 2.8 Schematic representation of a linear quadrupole mass analyzer [124]. 

The pairs of opposite rods are each held at the same potential, which is composed of a 

DC and an AC component. As an ion enters the quadrupole assembly in the z-direction, an 

attractive force is exerted on it by one of the rods with its charge opposite to the ionic charge. 

If the voltage applied to the rods is periodic, attraction and repulsion in both the x- and y-

directions will alternate in time, because the sign of the electric force also changes periodically 

in time [135]. If the applied voltage is composed of a DC voltage U and an RF voltage V with 

the frequency ω, the total potential 𝜑0 is given by: 

𝜑0=𝑈+𝑉𝑐𝑜𝑠𝑐𝑜𝑠 𝜔𝑡                                             (2.10) 

Thus, the equations of motion are: 

𝑑2𝑥

𝑑𝑡2
+

𝑒

𝑚𝑟0
2 𝜑0𝑥 = 0     (2.11) 

𝑑2𝑦

𝑑𝑡2
+

𝑒

𝑚𝑟0
2 𝜑0𝑦 = 0     (2.12) 

where r0 is the distance between the center of the quadrupole and the rod surface. In the case of 

an inhomogeneous periodic field, such as the above quadrupole field, there is a small average 

force that is always in the direction of the lower field. The electric field is zero along the 

asymptotes for hyperbolic electrodes. It is therefore possible that an ion may traverse the 

quadrupole without hitting the rods, provided its motion around the z-axis is stable with limited 

amplitudes in the xy-plane. For a given set of U, V, and ω, the overall ion motion can result in 

a stable trajectory, allowing ions of a specific m/z value or m/z range to pass through the 

quadrupole. Ions oscillating within the distance 2r0 between the electrodes will have stable 

trajectories. These are transmitted through the quadrupole and detected thereafter. The path 

stability of a particular ion is defined by the magnitude of the RF voltage V and by the ratio 

U/V. From here, it is possible to obtain a stability diagram, useful to evaluate the xy-plan 

trajectory stability, by plotting parameters a and q, defined as the time invariant and variant 

fields, respectively, and obtained from the equation of motion: 



 

 

𝑎𝑥 = −𝑎𝑦 =
4𝑒𝑈

𝑚2𝑟0
2𝜔2

     (2.13) 

𝑞𝑥 = −𝑞𝑦 =
2𝑒𝑉

𝑚2𝑟0
2𝜔2

     (2.14) 

The plot, shown in Figure 2.9, reveals the existence of regions where both x- and y-trajectories 

are stable, either x- or y-trajectories are stable, and no stable ion motion occurs: 

 

Figure 2.9  Stability diagram for a linear quadrupole analyzer [124]. 

Among the four stability regions of the first category, region I is of special interest for 

the normal mass-separating operation of the linear quadrupole [131-132]. If the ratio a/q is 

chosen so that 2U/V = 0.237/0.706 = 0.336, the xy-stability region shrinks to one point, the 

apex, of the diagram. By reducing a constant q, i.e., reducing U relative to V, an increasingly 

wider m/z range can be transmitted simultaneously. Enough resolving power is achieved as long 

as only a small m/z range remains stable, e.g., one specific m/z ± 0.5 for unit resolution. Thus, 

the width (Δq) of the stable region determines the resolving power. By varying the magnitudes 

of U and V at a constant U/V ratio, a U/V = constant linked scan is obtained, allowing ions of 

increasing m/z to pass through the quadrupole. Overall, the quadrupole analyzer acts more like 

a mass filter. Quadrupole analyzers are generally operated at so-called unit resolution, which 

normally restricts their use to typical low-resolution (LR) applications [135]. At unit resolution, 

adjacent peaks are just separated from each other over the entire m/z range, i.e., R = 20 at m/z 

20, R = 200 at m/z 200, and R = 2000 at m/z 2000. Setting the DC voltage U to zero transforms 

the quadrupole into a wide-band pass filter for ions. In the stability diagram, this mode of 

operation is represented by an operation line equivalent to the q-axis. Such devices are 

commonly known as RF-only quadrupoles; RF-only hexapoles and octopoles are used 

analogously [133-134]. Generally, higher-order RF 2N-multipoles differ from quadrupoles in 

that they do not exhibit a sharp m/z cut-off in transmission. Higher-order multipoles exhibit 



 

 

increasingly steep potential wells, offer better ion-guiding capabilities, and exhibit better wide-

band pass characteristics, i.e., a wider m/z range acceptance. This property led to the widespread 

application of electric quadrupoles, hexapoles, and octopoles as ion guides and collision cells 

[138]. From the ions' viewpoint, they act like a hose or pipe, fully permeable to neutrals. Thus, 

the RF ion guide allows residual gas to effuse through the gaps between the rods into the 

vacuum pumps, whereas ions are escorted into the mass analyzer. RF-only quadrupole, 

hexapole, or octopole collision cells are part of so-called triple quadrupole mass spectrometers, 

which essentially represent QqQ, QhQ, or QoQ instruments, respectively, depending on the 

type of RF-only collision cell actually in place [139]. 

 

2.4.3 Orbitrap analyzers 

As the name suggests, the Orbitrap (invented by Makarov in 1999) is an ion-trapping 

device. A thorough description of the Orbitrap is available elsewhere; a brief description is 

provided here. The actual design was based on the Kingdon Trap of the 1920s, which comprised 

a small filament or wire electrode, pulled along a horizontal axis and enclosed by an outer 

barrel-shaped casing, which also served as an electrode (Figure 2.10) [115]. The space between 

the two electrodes is linked to the vacuum pumping system to provide high vacuum conditions. 

 
Figure 2.10 Cutaway view of the Orbitrap mass analyzer. Ions are injected into the trap at the point 

indicated by the red arrow. Once trapped, the ions orbit around the central filament and also oscillate 

in the horizontal (z) direction [128]. 

Ions are injected into the trap in a perpendicular direction in a pulse. In the original 

Kingdon design, a direct current voltage applied between the inner and outer electrodes 

produced a radial potential that trapped the ions; these days, the design is such that the ions are 

also confined axially. Once trapped, the ions adopt a stable orbit around the central filament 

(orbital trapping) but also oscillate along the horizontal axis. In this device, the oscillation 

frequency is related to the ion's m/z ratio. Ions are detected by measuring the image current 

from axial motion around the central electrode. The ions move along spiral trajectories induced 

by the electrostatic field generated by applying a potential difference between the two 



 

 

electrodes. The spiral trajectory has two components: radial (along r) and axial (along z). It can 

be shown that the axial oscillation frequency is given by:  

𝜔 = √(
𝑧

𝑚
) 𝑘     (2.15) 

So it is inversely proportional to the square root of m/z; k is a constant that incorporates the 

characteristics of the electric field due to the particular shape of the two concentric electrodes. 

The measurement of the m/z ratio of each ion present in the trap is done using the Fourier 

transform, as for FT-ICR, although in this case it is not necessary to apply an AC before the 

measurement, since it is the electric field that aligns the trajectories of the ions at the same 

distance from the central electrode, while maintaining a different axial oscillation frequency 

dependent on m/z.  

The electric field is defined as a quadrilogarithmic field: 

𝑈(𝑟, 𝑧) =
𝑘

2
(𝑧2 −

𝑟2

𝑧
) +

𝑘

2
 𝑥 (𝑅𝑚)2 𝑥 𝑙𝑛 [

𝑟

𝑅𝑚
] + 𝐶    (2.16) 

where r and z are cylindrical coordinates, k denotes the curvature of the field, and Rm is the 

characteristic radius. The axial oscillation frequency can be determined by detecting the image 

current with a differential amplifier connected to the middle of the outer electrode. A sine wave 

is produced for each m/z value. The electrostatic attraction towards the middle electrode is 

compensated by the centrifugal force resulting from the initial tangential velocity of the ions. 

As with TOF analyzers, the Orbitraps can exist as MS-only systems or as hybrids, for 

example, with a quadrupole mass filter to perform mass selection before fragment analysis by 

the Orbitrap. This filter enables additional experiments, such as MS/MS or MSn [128]. 

 

2.5 Acquisition and processing of mass spectrometry data 

In hyphenated techniques that couple mass spectrometry with chromatographic systems 

(LC-MS), the data consist of a series of mass spectra acquired sequentially. To obtain this type 

of information, the spectrometer scans the selected mass range repetitively during the course of 

the chromatographic analysis. This information can then be represented in different ways: 

• By summing up all the currents generated by the various ions with different mass-to-charge 

ratios, which reach the spectrometer's detector, the classic mass chromatogram is obtained, 

known as the 'Total Ion Current Profile' (TIC), in which the intensity as a function of retention 

time is recorded; each chromatographic peak on the TIC represents an eluted compound, which 

can be identified through interpretation of the corresponding mass spectrum. 



 

 

• By plotting only the intensities of ions that fall within a narrow mass-to-charge ratio window, 

commonly referred to as a 'segment', an eXtracted Ion Chromatogram (XIC) current profile is 

obtained, which is sought from the data set obtained by performing a full scan. This mode 

highlights only the compounds of interest in a complex mixture. 

• By setting up the mass spectrometer manually or using the computer, it is also possible to 

select only the ions of interest. This results in 'Selected Ion Monitoring' (SIM): only the ion 

currents of the selected ions are displayed during analysis. SIM differs from XIC mode, in 

which profiles of individual ions are extracted from a set of complete mass spectra. The SIM 

mode, unlike the TIC and XIC modes, is not a full-scan MS experiment because the analyzer 

does not transmit all the masses formed in the source to the detector, but only the selected ones: 

instead of obtaining the entire mass spectrum of the eluted compounds, only the selected ions 

are monitored, thus increasing the sensitivity, i.e. the signal strength of the substances under 

investigation. 

• A further mode that can be used for ion detection when performing MS/MS experiments is 

the SRM (Selected Reaction Monitoring) or MRM (Multiple Reaction Monitoring) mode. In 

this type of analysis, the precursor ion and one or more fragment ions are monitored at higher 

intensities. This significantly reduces chemical noise and increases the specificity of the 

analysis. 

 

2.6 Electrochemical detection methods 

In recent years, electrochemical techniques have been used to determine 

pharmaceuticals in water [25]. The electrochemical approach enables the identification of 

analytes in pharmaceutical compounds with remarkable selectivity and sensitivity, without the 

need for sample pretreatment or preliminary separation of components. Furthermore, 

electrochemical techniques offer advantages such as low cost, shorter analysis times, broader 

linear response, acceptable stability, and accuracy and reproducibility. Electrochemical 

methods allow relationships to be obtained between electrical measurements and the analyte 

concentration. This information can be acquired by monitoring electron transfer during a redox 

process involving the analyte:  

𝑂x + 𝑛e− ⇌ 𝑅ed 

where Ox and Red refer to the oxidized and reduced forms of the redox pair, respectively. 

The measurement of current as a function of applied potential is carried out by 

employing an electrochemical cell (Figure 2.11) consisting of three electrodes immersed in the 



 

 

solution containing the analyte: a working electrode, a reference electrode, and a counter or 

auxiliary electrode. 

 

Figure 2.11 Schematic representation of a conventional electrochemical cell. 

The electrochemical reaction under investigation takes place at the working electrode. 

The potential change is calculated between the working electrode and the reference electrode, 

whose potential is known and constant. The auxiliary electrode, typically a platinum wire, 

conducts current from the generator to the working electrode through the solution. The current 

passing through the reference electrode is negligible, and its potential is not affected by ohmic 

drop, polarisation, or overvoltage effects, thus remaining constant. The potential between the 

working electrode and the reference electrode, as well as the current circulating between the 

working electrode and the counter electrode, are controlled by a potentiostat connected to the 

electrochemical cell. A current/potential converter measures the current circulating as a result 

of the application of the potential so that curves of the current variation can be constructed as a 

function of the potential change (voltammetry) or as a function of time (chronoamperometry) 

[140]. 

A generic electrode/solution interphase process consists of the following steps: 

- mass transport of the redox species to and from the electrode; 

- associated chemical reactions, i.e., reactions by which there is a transformation of the species 

involved in the redox process into intermediates that actively take part in the electron transfer 

process; 

- change in the physical state of the involved species by adsorption, desorption, or 

crystallization on the electrode surface; 

- electron transfer. 

One of these steps, depending on the experimental conditions, may be the slowest stage 

of the reaction, i.e., the rate-determining step of the electrochemical process, thereby limiting 



 

 

the current at the electrode. When the rate-determining step is mass transfer, the electrode 

process is called reversible or Nernstian. Mass transport in electrochemical systems occurs in 

three different ways: migration, convection, and diffusion. Migration is the movement of 

charged species under the influence of an electric field: all charged species in solution will 

move towards the opposite charged electrode, which will instead exert an electrostatic repulsion 

towards the species with the same charge. This phenomenon is the mechanism by which current 

flows through the electrolyte solution: the current in the external circuit must be balanced by 

the flow of ions through the solution between the electrodes. Since the migration phenomenon 

is due solely to electrostatic forces, it affects not only electroactive species but also any other 

ionic species present in solution. Convection is the movement of the analyte together with the 

solvent by mechanical stirring of the solution. Convective motions are also generated as a result 

of the formation of density or temperature gradients. Finally, diffusion constitutes the 

spontaneous movement of a given species in solution following the establishment of a 

concentration gradient. During the reduction of an electroactive species, the portion of the 

solution in contact with the electrode is progressively depleted of the oxidized form relative to 

the rest of the solution. The concentration gradient that is established draws the distant 

electroactive species towards the electrode, and they move with a diffusion rate directly 

proportional to the gradient. 

Of the mass transfer processes described, only diffusion is linearly correlated with the 

concentration of the electroactive species under investigation, so the control and or reduction 

of the other two phenomena is of fundamental importance during an electrochemical analysis. 

In particular, the effects of the migration process are limited by adding an excess of an inert 

supporting electrolyte (usually alkali metal salts) to the solution, which does not interfere with 

the electrode process but allows the migration of a negligible amount of the electroactive 

species. Convection can be minimized by working under thermostated conditions and without 

agitation or vibration. 

 

2.6.1 Cyclic voltammetry (CV) 

Voltammetry is an electrochemical technique that studies the relationship between 

current and potential during an electrochemical process. In particular, CV is a widely used 

analytical technique that is extremely versatile because it allows rapid observation of the redox 

behavior of a given system over a wide range of potentials. 

In CV experiments, the potential between the reference and working electrodes, 

immersed in a quiescent solution, is cycled first to induce oxidation and then reduction (or vice 

versa) of an electroactive species, and the resulting current is measured. The excitation signal 



 

 

is a linear potential scan with a triangular waveform (Figure 2.12). The potential varies from 

an initial value at which no faradic current is flowing to a value at which the polarity of the scan 

is reversed. 

 
Figure 2.12 Potential waveform. 

A voltammogram is a graph of current versus applied potential (Figure 2.13). The 

voltammogram profile depends on the nature of the redox reaction at the working electrode 

involving the electroactive species in solution. Therefore, each electroactive species is 

characterized by a specific voltammogram profile and a characteristic peak potential, Ep. 

 

 
Figure 2.13 Cyclic voltammogram. 

In a typical voltammogram for a reversible redox reaction, once a potential sufficient 

for the faradic process to occur is reached, the current increases rapidly, passes through a 

maximum (peak current), and then decreases. Reversing the potential scan direction, a return 

peak is observed with a current of the opposite sign. The voltammogram profile shown in the 



 

 

figure can be rationalized as follows: no electrolysis of the analyte occurs when the initial 

potential is applied; when the potential becomes sufficiently negative to reduce the electroactive 

species, a cathodic current is observed which increases until reaching the so-called peak 

potential, at which the concentration of analyte that can be reduced at the electrode becomes 

negligible; the cathodic current then decreases because the solution surrounding the electrode 

has been depleted of the oxidized form as a result of its electrochemical conversion; when the 

scan is reversed, the potential is still sufficiently negative to reduce the analyte and therefore a 

cathodic current continues to flow even though the scan is in the positive direction; the reduced 

analyte begins to oxidize again, giving rise to an anodic current of opposite polarity which 

increases rapidly until the surface concentration of oxidized analyte is practically negligible, 

giving rise to the appearance of the anodic peak; finally, the current decays due to the low level 

of oxidized substance in the solution surrounding the electrode. The peak current for a 

reversible process is given by the Randles-Sevcik equation: 

𝐼𝑝 = (2.69 ∗ 105)𝑛
3

2⁄ 𝐴𝐶0𝐷
1

2⁄ 𝑣
1

2⁄     (2.17) 

where C0 is the analyte concentration in solution (mol cm-3), v is the potential scan rate (V s-1), 

D is the analyte diffusion coefficient (cm2 s-1), A is the electrode area (cm2), n is the number of 

transferred electrons, and IP is peak current intensity (A). The peak current, as described by the 

equation, is directly proportional to the concentration of the species present in the bulk of the 

solution and varies with the square root of the scan rate. 

 

2.6.2 Differential pulse voltammetry (DPV) 

DPV is an electrochemical pulse technique that involves applying both a linear potential 

scan and a periodic series of pulses of constant duration and amplitude. The basis of this 

technique is the measurement of current when the difference between the faradaic and 

capacitive (non-faradaic) currents is large. Two types of excitation signals can be applied: 

 The first signal, shown in Figure 2.14 (a), results from superimposing a periodic voltage 

pulse of constant duration and amplitude onto a linear potential scan. 

 The second signal, shown in Figure 2.14 (b), is obtained by adding a staircase signal to 

a pulse signal. 

A small pulse, usually on the order of 50 mV, is applied in the final moments of the excitation 

signal in both of the signals depicted. 



 

 

 

 Figure 2.14 Excitation signals for DPV. 

The DPV technique involves a first current measurement taken before the pulse (iS1) 

and a second measurement taken at the end of the pulse, during the final milliseconds (iS2). By 

recording, for each pulse, the difference between the two current measurements (Δi = iS2 − 

iS1) as a function of the excitation voltage, a differential pulse voltammogram is obtained, 

which appears as a peak (Figure 2.15).  

 

Figure 2.15 Graph of the current variation as a function of the application of differential potential 

pulses. 

The resulting peak is symmetric and centered at a potential approximately equal to the 

standard potential of the half-reaction in reversible processes. The peak height is a quantitative 

parameter because it is directly proportional to the concentration. 

One of the main advantages of DPV is the significant improvement in method sensitivity 

compared to linear sweep voltammetry: it provides well-defined peaks at concentration levels 

that are 2×10⁻³ times lower than those required to obtain the classical voltammetric wave, and 

detection limits 2–3 orders of magnitude lower than classical methods, reaching a concentration 

range between 10⁻⁷ and 10⁻⁸ M. The increase in sensitivity can be attributed to the fact that the 

capacitive current is at its maximum when the pulse is applied and then decreases rapidly. At 

the end of the pulse, essentially only the faradaic current is sampled. 

 

 

(a)                                                                  (b)



 

 

2.7 Methods for the Characterization of Adsorbent Materials 

The final section of Chapter 2 provides a brief overview of the characterization 

methods used in this study to analyze the adsorbent materials. 

 

2.7.1 Scanning Electron Microscopy (SEM) 

SEM is based on the interaction between an electron beam and a sample. Specifically, 

the electron beam is generated by a source, typically a tungsten filament, located at the top of a 

vacuum-maintained column (electron column). Before reaching the sample, the beam follows 

a precise path regulated by a system of electromagnetic lenses. These lenses consist of a coil of 

wires inside magnetic poles made of metal, through which an electric current is applied. Since 

electrons are sensitive to magnetic fields, varying the current intensity applied to each lens 

allows the beam to follow a defined trajectory before striking the sample (Figure 2.16). 

 

Figure 2.16 Diagram of the path followed by an electron beam in the SEM. 

The electromagnetic lenses used in SEM can be classified as follows: 

1. Condenser lenses, which are the closest to the electron source and therefore the first 

encountered by the electron beam along its path toward the sample. These lenses provide 

an initial convergence of the electron beam. 

2. Objective lenses, which allow further convergence of the electron beam before it reaches 

the sample. They are responsible for focusing the beam onto the sample. 

 When the electron beam strikes the sample, the latter emits a signal in the form of 

electrons, which can be classified as follows: 

 Backscattered electrons (BSEs): BSEs are produced through elastic collisions between 

the atoms in the sample and the electrons from the primary beam generated by the 

instrument. Their production depends strongly on atomic number, as heavier atoms 



 

 

scatter electrons more efficiently than lighter ones. BSEs are particularly useful for 

analyzing chemical composition and crystallography. 

 Secondary electrons (SEs): SEs are generated by interactions between the primary 

electron beam and the sample surface and have lower energy than BSEs. SEs are 

particularly useful for morphological analysis of the sample surface. 

 X-rays: These are emitted when electrons excite the atoms in the sample, providing 

information about the elemental composition. 

After the electron beam reaches the sample, it is scanned using a dedicated scanning 

unit within the lens system (scan coils). The presence of three distinct detectors allows the 

collection and analysis of the signal emitted by the sample [141]. The Everhart–Thornley 

detector primarily detects SEs and generates high-resolution images of the sample surface. 

It is positioned with its front end facing the sample and inclined at approximately 30° 

relative to the surface. The front end is enclosed within a Faraday cage. Since SEs have low 

energies (0–50 eV), applying a current of 200–300 V to the Faraday cage ensures that these 

electrons are attracted toward the detector, including those initially emitted in directions 

away from it. The backscattered electron detector is positioned above the sample to improve 

BSE collection efficiency. Most BSEs are emitted along the direction of the incident 

electron beam (upward), while lateral scattering is less probable. The geometric 

configuration of the E-T detector makes it less efficient at collecting BSEs. Finally, the 

Energy-Dispersive X-ray Spectroscopy (EDS) detector measures X-rays emitted by the 

sample, including background radiation. By analyzing the energy distribution and intensity 

of the detected X-rays, the EDS detector enables the identification of elements and their 

concentrations within the analyzed region of the sample.  

The result is a high-resolution black-and-white image with a large depth of field, 

exhibiting characteristics similar to those of a standard photographic image. For this reason, 

SEM images are immediately intuitive and easy to interpret [142].  

 

2.7.2 X-ray Photoelectron Spectroscopy (XPS)   

XPS traces its origins to Hertz’s 1887 experiment on the photoelectric effect, in which 

X-rays were used as the excitation source; however, the first XPS spectrum recorded on a NaCl 

sample dates only to 1954 [143]. The physical principle underlying the technique is as follows: 

a photon emitted by the source with sufficient energy is absorbed by an atom in the sample, 

which can then emit an electron from one of its core levels [144]. By analyzing the various 

photoemitted electrons (photoelectrons), it is possible to identify the elements present on the 



 

 

surface under investigation and to quantify their relative abundance. The kinetic energy Ek of 

the photoelectron, by energy conservation, will be 

Ek= hν- EB                                                                                            (2.18) 

If emitted from a solid, its equation becomes  

Ek = hν- EB- φ                                                            (2.19) 

where hν is the energy of the incident photon (h is Planck's constant and ν is the frequency), EB 

is the binding energy of the electron in the atom, and φ is the work function.  

The position of the peaks in the energy spectrum is characteristic of each atomic species 

present in the sample. Following the emission of a photoelectron, the system relaxes through 

two competing processes: fluorescence emission and Auger emission. Fluorescence occurs 

when an electron from an outer shell relaxes to fill the vacancy left by the expelled 

photoelectron. During this relaxation, the electron releases energy in the form of a photon. In 

Auger emission, a second electron also fills the primary vacancy, but its relaxation energy is 

transferred to a third electron, which is subsequently ejected (Figure 2.17).  

 

Figure 2.17 Diagrams of the emission processes resulting from photoionization. 

The kinetic energy of the Auger electron, Ek,Auger is given by 

Ek,Auger = EB − E2 − E3                                                                                 (2.20) 

where EB is the binding energy of the first-level electron that is photoemitted, E2 is the binding 

energy of the second electron that relaxes, and E3 is that of the third electron that is expelled 

[145]. As shown in Eq. 2.20, the energy of the initial photon does not appear; this means that 

Ek,Auger depends solely on the electronic structure of the excited atom. It therefore becomes 

important to distinguish Auger peaks from photoelectron peaks in the spectrum. For this reason, 

a dual-anode system (Al and Mg) is used: by changing the energy of the incident photon, EB 



 

 

varies, but Ek,Auger does not. In this way, the two types of emission can be clearly differentiated. 

Auger emission dominates over fluorescence for low atomic numbers (Z < 35). 

The instrument is housed in an ultra-high vacuum chamber, where the source, sample, 

electrostatic lens system, analyzer, and detector are positioned as shown in Figure 2.18. 

 
Figure 2.18 XPS instrument [145]. 

The low pressure is necessary to keep the sample clean (preventing unwanted adsorption) and 

to avoid attenuation of the photoelectron signal due to scattering with residual gas. The source 

usually consists of a dual anode of Al and Mg, as mentioned above, engineered to excite 

emission from either anode selectively. Next to the anodes are two incandescent filaments that 

emit electrons via thermionic emission, which then strike one of the anodes. The excited core 

levels are: 

Al Kα 1486, 6 eV 

Mg Kα 1253, 6 eV 

These are the most intense lines, but not the only ones resulting from this excitation. To 

ensure accurate analysis, a quartz-crystal monochromator is used to allow only photons from 

the Kα lines to pass. The source assembly is finally cooled by water flowing through a tube 

near the anodes, preventing them from melting. Once the beam strikes the sample, 

photoelectron emission occurs. These photoelectrons are collected by an analyzer, which 

separates them according to energy and directs them toward the detector.  

An XPS spectrum allows both qualitative and quantitative analysis of the elements 

present on a surface. First, the peak positions can be compared with tabulated values to identify 

the species present in the sample. However, it is important to note that XPS is sensitive to small 

variations in binding energy due to the chemical environment of the emitting species (a 

phenomenon known as chemical shift). Therefore, qualitative analysis is not straightforward 

but can distinguish between different chemical states, such as various oxidation states of the 

same element. 



 

 

2.7.3 Brunsuer-Emmett-Teller (BET) analysis 

The BET method is based on the BET theory, developed by S. Brunauer, P. Emmett, 

and E. Teller in 1938. It provides a way to determine the specific surface area SBET (usually 

expressed in m2 g-1) of a solid material — including both external surface and internal surface 

accessible via pores — by measuring how much gas is physically adsorbed onto the material’s 

surface under controlled conditions. This technique is widely used in materials science, 

catalysis, powders, porous materials, adsorbents, nanoparticles, ceramics, etc. 

Before adsorption measurements, the solid sample is typically degassed (i.e., heated 

under vacuum or in an inert atmosphere) to remove moisture or contaminants, ensuring the 

surface is “clean”. The standard practice uses nitrogen gas (N₂) at cryogenic temperatures 

(liquid N₂, ~77 K) as the adsorbate. The gas is dosed incrementally, and at each dose, the amount 

adsorbed is measured once equilibrium is reached. The results yield an adsorption isotherm: a 

plot of adsorbed volume (or amount) vs. relative pressure (P/P₀, where P₀ is the adsorbate's 

saturation vapor pressure at that temperature). The data in a certain region of the isotherm — 

typically for relative pressures P/P₀ in the range ~0.05 – 0.35 — are transformed according to 

the BET equation [146]:  

SBET = 
 𝑉𝑝𝑁𝐴𝜎

𝑉𝑚𝑜𝑙
                                                                   (2.21) 

where NA is Avogadro’s number; σ is the known cross-sectional area of the adsorbate molecule 

(for N₂, typically ~ 0.162 nm²) and Vmol is the molar volume of the gas (expressed in cm3 mol-

1). A linear fit in the P/P₀ range ~0.05 – 0.35 yields two parameters (slope and intercept), from 

which one can determine the volume of gas Vp (cm3 g-1) that would form a monolayer covering 

the surface. Once Vp is known, the SBET of the sample is calculated by using Eq. 2.21.  

Microporosity (W0, cm3 g-1) is evaluated from the low relative pressure region of the 

nitrogen adsorption isotherm using the Dubinin–Astakhov (D-A) equation. The D-A equation 

is based on micropore filling, not layer-by-layer adsorption as in the BET model. In 

microporous materials (pores < 2 nm), adsorption occurs mainly because of volume filling 

rather than surface coverage. Adsorbate molecules are “forced” into the tiny pores due to 

adsorption potential, creating a nearly saturated state in each micropore. Characteristic 

adsorption potential A is a measure of how strongly the adsorbate is attracted to the pore: 

A=RT ln
𝑃0

𝑃
                                                                       (2.22) 

where R is the gas constant, T is the temperature, P0 is the saturation pressure, and P is the 

equilibrium pressure. 



 

 

The original Dubinin–Radushkevich (D–R) equation assumed a Gaussian distribution 

of adsorption energies in the micropores. However, real materials often have heterogeneous 

micropores, leading to deviations from the Gaussian assumption. The D-A equation introduces 

a variable exponent n to account for this [147]: 

W=W0 exp[−(A/E)n]                                                            (2.23) 

 n=2 → Gaussian energy distribution (D–R equation); 

 n≠2 → accommodates micropore heterogeneity; smaller n for broader energy 

distribution, larger n for narrower one. 

W is the volume of the adsorbate at a given pressure; W0 is the maximum adsorbate volume; E 

is the characteristic energy of adsorption (reflects adsorbate-adsorbent interaction strength); n 

is the pore heterogeneity exponent (describes how uniform or heterogeneous the pore structure 

is); A is the adsorption potential (given by Eq. 2.22). 

The average micropore width (L, expressed in nm) is obtained from the Stoeckli–

Ballerini equation [148]: 

 L= 
10.8

𝐸0−11.4
                                                                     (2.24) 

where E0 is the characteristic adsorption energy (in kJ mol-1), obtained from fitting the D-R (or 

D-A) isotherm to the experimental adsorption data. 

 

2.7.4 Point of zero charge (PZC) 

The PZC is determined to assess the net surface charge of the materials. The PZC is a 

fundamental physicochemical parameter that describes the electrical behavior of a solid surface 

in contact with an aqueous environment. It is defined as the pH at which the material's net 

surface charge is zero. At this pH, the total concentration of positively charged surface sites is 

exactly balanced by the concentration of negatively charged sites. Consequently, the solid 

exhibits no overall electrostatic charge, although individual functional groups may still 

participate in protonation–deprotonation equilibria. From a theoretical standpoint, the origin of 

surface charge derives primarily from the acid–base properties of materials’ surface functional 

groups. These groups can undergo protonation or deprotonation depending on the activity of 

hydrogen ions in solution. For a generic amphoteric surface site, commonly represented as ≡R, 

the following protolytic equilibria may occur: 

≡RH + H+ ⇌ ≡RH2
+ 

≡RH ⇌ ≡R- + H+ 



 

 

The distribution of these species is governed by the thermodynamic equilibrium constants for 

protonation and deprotonation, respectively.  

For a generic acid-base reaction in aqueous solution 

HA⇌H+ + A− 

We can represent the acid dissociation as 

         Ka = 
 [𝐇+][𝐀−]

[𝐇𝐀]
 

Where Ka is the acid dissociation constant, when the solution pH is lower than pKa, the 

equilibrium shifts toward the formation of the protonated species; conversely, at pH values 

higher than pKa, deprotonation is favored. The PZC corresponds to the pH at which the 

thermodynamic tendencies toward protonation and deprotonation are balanced, resulting in a 

zero net surface charge density. The relative distribution of positive and negative species varies 

with solution pH: at pH below the PZC, the surface is predominantly positively charged, 

exhibiting enhanced affinity for anionic species; at pH above the PZC, the negatively charged 

surface favors interactions with cationic solutes. Consequently, understanding the PZC is 

therefore essential for interpreting and predicting the physicochemical behavior of materials, 

because it strongly influences processes such as adsorption, electrostatic stabilization or 

destabilization of colloids, aggregation phenomena, ion exchange, and heterogeneous catalysis.  

 

 

 

 

 

 

 

 

 

 

 

 



 

 

3. CONTRIBUTION 1 

 

Environmental Fate, Ecotoxicity, and Remediation of Heterocyclic 

Pharmaceuticals as Emerging Contaminants: A Review of Long-

Term Risks and Impacts 

 

3.1 Abstract 

Heterocyclic pharmaceuticals are ECs due to their toxic and carcinogenic properties and 

their detrimental impact on natural ecosystems. These compounds pose a significant 

environmental concern due to their widespread use in medical therapy, accounting for over 90% 

of new medications. Their unique chemical structures contribute to their persistence across 

diverse environmental matrices, underscoring the urgent need to mitigate associated risks. This 

review provides a comprehensive examination of the sources, environmental fate, toxicity, and 

long-term risks of heterocyclic pharmaceuticals and proposes potential remediation strategies. 

This contribution begins with an overview of the diverse types of heterocyclic pharmaceuticals 

and their applications, with particular focus on compounds containing heteroatoms such as 

nitrogen, oxygen, and sulfur. It then explores the sources and pathways by which these 

pollutants enter the environment, including wastewater discharge, agricultural runoff, improper 

disposal, resistance to biodegradation, and bioaccumulation. The toxic effects and long-term 

consequences of exposure are discussed, encompassing neurotoxicity, genotoxicity, 

mutagenesis, cardiovascular and metabolic toxicity, carcinogenicity, and teratogenesis. 

Furthermore, the contribution summarizes various remediation strategies and treatment 

approaches to reduce the environmental impact of these compounds, drawing on evidence from 

the literature. The contribution concludes by identifying critical knowledge gaps and 

highlighting the urgent need for more effective remediation strategies to address the growing 

environmental threat posed by these ECs. 

 

3.2 Introduction 

Heterocyclic compounds are cyclic structures characterized by the inclusion of 

heteroatoms, elements other than carbon, notably oxygen, nitrogen, and sulfur, within five- or 

six-membered rings [149]. These compounds can also incorporate other ions, such as 

phosphorus, iron, magnesium, and selenium [148-149]. They are prevalent in nature and can be 

synthesized in significant quantities through industrial processes [152]. The pharmaceutical 

significance of heterocyclic compounds is profound, as they are integral to the formulation of 

a wide range of medicines, insecticides, and crop protection agents. Their design enables the 



 

 

production of beneficial biological compounds, including hormones, antibiotics, and vitamins 

[151-152]. 

Heterocycles exhibit a wide range of biological activities, including antibacterial, 

antifungal, anti-inflammatory, anticancer, antiviral, anti-allergic, anthelmintic, antioxidant, 

anticonvulsant, antihistamine, antileprosy, and antihypertensive properties [153-155]. These 

compounds play a central role in modern drug development, as they enable modifications in 

physicochemical properties, thereby improving absorption, distribution, metabolism, excretion, 

and toxicity (ADME/Tox), which are crucial for effective pharmaceuticals [156-157]. The 

World Health Organization (WHO) reported that over 90% of new medications include 

heterocyclic structures [158-159]. 

In agriculture, heterocyclic compounds are also significant, used as synthetic growth 

promoters to boost crop yields and protect crops. However, their extensive presence and 

persistence in ecosystems, coupled with their toxic and carcinogenic properties, raise 

substantial environmental concerns  [160-161]. Even trace amounts in drinking water can 

disrupt endocrine function and cause various health impairments, including effects on the 

thyroid and nervous systems [162-163]. Certain heterocyclic compounds have been categorized 

as priority pollutants by the United States Environmental Protection Agency, recognizing the 

environmental hazard posed by pharmaceutical pollution of surface and groundwater [166]. 

Heterocyclic substances are characterized by high polarity and solubility, which enable 

them to penetrate groundwater systems readily. They have been detected in environmental 

samples at concentrations that pose ecological risks; for instance, sulfonamides have been found 

in surface waters at concentrations of 0.13 to 1.9 µg L-1 [167]. The growing contamination of 

water sources, exacerbated by industrial growth and the emergence of high-tech sectors, is 

troubling. Studies estimate that around 38,000 chemicals are currently in use, with over 300 

new compounds introduced each year, many of which end up in untreated wastewater 

discharges into the environment [166-167]. 

This chapter provides an in-depth exploration of the environmental impact, ecotoxicity, 

and long-term risks associated with heterocyclic pharmaceuticals. By identifying existing 

knowledge gaps and investigating innovative remediation strategies, it aims to develop 

sustainable methods to mitigate the harmful effects these compounds have on ecosystems and 

human health. 

 

3.3 Overview of Heterocyclic Pharmaceuticals 

Heterocyclic compounds are essential in medicinal chemistry and the pharmaceutical 

industry because of their biological activity and stability.  These compounds are widely used in 



 

 

drug design and production and serve as the fundamental structures of various pharmaceutical 

agents [170].  Common heterocyclic compounds include amino acids, vitamins, and enzyme 

precursors.  Heterocycles with condensed ring structures exhibit diverse physiological functions 

and are classified according to their heteroatom composition [147, 149].  This document 

examines the most common pharmaceutical heterocyclic compounds, organized by heteroatom, 

and their uses in the pharmaceutical industry. 

 

3.3.1 Nitrogen-Containing Heterocycles 

Nitrogen-containing heterocycles are a crucial category of compounds in 

pharmaceuticals, accounting for nearly 50% of newly approved chemical entities [170]. Over 

85% of bioactive molecules contain at least one nitrogen atom, which is pivotal to their diverse 

biological activities, owing to their structural similarity to naturally occurring substances [159]. 

Key nitrogen-containing heterocycles in medicinal chemistry include pyrroles, indoles, 

triazoles, pyrimidines, imidazoles, benzimidazoles, tetrazoles, and quinolines [162]. Among 

these, indole derivatives (Figure 3.1) are particularly significant due to their extensive 

therapeutic potential. They exhibit a wide range of pharmacological activities, including anti-

inflammatory, antibacterial, anticonvulsant, and anticancer effects, making them invaluable for 

medicinal applications [163, 169-170]. 

 

Figure 3.1 Structure of common indole derivatives and their application in pharmaceutical chemistry. 

Benzimidazole and imidazole (Figure 3.2) are also well-established heterocycles that 

are used extensively in drug development [173]. Their structural versatility has resulted in 

various derivatives, including thiabendazole and albendazole, which have shown effectiveness 

against a range of diseases, including protozoal infections, cancer, and as anti-inflammatories 

[172-173]. 



 

 

 

Figure 3.2 Structure of common benzimidazole derivatives and their application in pharmaceutical 

chemistry. 

Additionally, pyrazole has emerged as a prominent scaffold in medicinal chemistry due 

to its ease of synthesis and chemical modification [176]. Pyrazole derivatives (Figure 3.3) 

display numerous therapeutic effects, particularly in oncology and infectious diseases, and 

exhibit functionalities such as anticancer and anti-inflammatory activities [177]. These 

nitrogen-containing heterocycles play a vital role in the development of new pharmaceuticals, 

underscoring their significance in medicinal chemistry [176-178]. 

 

Figure 3.3 Structure of common pyrazole derivatives and their application in pharmaceutical chemistry. 

 

3.3.2 Oxygen and Nitrogen-Containing Heterocycles 

Oxygen- and nitrogen-containing heterocycles (Figure 3.4), such as oxazole and 

isoxazole, are notable for their unique properties, which enable them to participate in various 

noncovalent interactions with enzymes and biological receptors [181]. The distinction between 

oxazole and isoxazole lies in the arrangement of their heteroatoms (oxygen and nitrogen) within 

the ring structures, which results in different chemical characteristics [182]. These differences 



 

 

confer versatile biological activities on these compounds, with many derivatives, including 

oxazoles, oxazolines, isoxazoles, oxazolidones, oxadiazoles, and benzoxazoles, being used as 

medicinal agents. These compounds have shown significant potential for treating a wide range 

of diseases, indicating promising development prospects for pharmaceutical applications [183]. 

Their biological activities span a multitude of therapeutic areas, including anti-inflammatory, 

antibacterial, antifungal, antiparasitic, anti-obesity, antitubercular, anticancer, antiviral, 

analgesic, anti-neuropathic, antidiabetic, and antioxidative properties, underscoring their broad 

applicability and value in drug discovery [179, 182]. 

 

Figure 3.4 Common oxazole-derived medicinal agents and their application in pharmaceutical 

chemistry. 

 

3.3.3 Sulfur-Containing Heterocycles 

Sulfur-containing heterocycles (Figure 3.5), particularly thiophene and thiopyran, are 

crucial in medicinal chemistry and drug discovery [185]. These S-heterocycles serve as 

essential building blocks for synthetic analogs that exhibit various therapeutic activities, 

including anticancer, antiviral, antimicrobial, antidiabetic, antihypertensive, and anti-

inflammatory properties [183-184]. Thiophene derivatives are widely used in FDA-approved 

drugs, while thiopyrans, despite being less studied due to the prevalence of oxygen 

heterocycles, have gained attention for their potential biological activities [186]. They are 

utilized in organic synthesis and pharmaceutical chemistry for their versatility as building 

blocks, with applications in antibacterial, anti-hyperplasia, anti-psychiatric, and anticancer 

treatments, exemplified by the diuretic Meticrane, derived from thiopyran [187]. 



 

 

 

Figure 3.5 Common thiophene derivatives and their application in pharmaceutical chemistry. 

 

3.3.4 Nitrogen and Sulfur-Containing Heterocycles 

Significant advancements have been made in the development of heterocycles 

containing nitrogen and sulfur, particularly thiazole, isothiazole, and thiazolidine, leading to 

novel synthetic and natural agents [186-189]. Thiazole is particularly notable in 

pharmaceuticals for its anti-inflammatory, antibacterial, antiviral, anticancer, and antifungal 

properties. Its aromatic structure allows for electron delocalization and various reactive sites, 

making it valuable for donor-acceptor, nucleophilic, and oxidation reactions [190-192]. 

Multiple thiazole analogs are now approved for treating various diseases, as shown in the 

chemical structures of thiazole-containing drugs (Figure 3.6). 

 

Figure 3.6 Common thiazole derivatives and their application in pharmaceutical chemistry. 

 



 

 

3.4 Sources and Environmental Fate of Heterocyclic Pharmaceuticals 

Numerous pharmaceuticals and compounds used in medicine are derived from 

heterocyclic compounds, which possess versatile chemical structures and therapeutic properties 

essential to modern healthcare. Annually, thousands of tons of pharmaceuticals are produced 

worldwide for human and veterinary applications, with domestic consumption being the 

primary source of environmental emissions [195]. Sources of pharmaceutical release into the 

environment include healthcare services, hospitals, industrial residues, veterinary practices, 

agriculture, and aquaculture[194-195]. Pharmaceuticals can infiltrate the environment during 

their manufacture, use, and disposal, and improper disposal practices, such as discarding unused 

drugs down sinks and toilets, contribute to 3-50% of pharmaceuticals becoming waste. 

Heterocyclic pharmaceuticals are particularly concerning due to their high toxicity and 

persistence in environmental matrices, leading to incomplete breakdown and potential 

accumulation of residues if not properly managed [196-197]. 

These nitrogen-containing heterocyclic compounds exhibit high solubility, allowing 

them to easily enter aquatic environments, including surface and groundwater, as well as 

industrial wastewater. Concentrations of these pharmaceuticals in various aquatic environments 

range from 0.03 to 11,000 ng L-1 [197]. A recent study by Zhang et al. (2023) found substantial 

levels of organic compounds, including pharmaceuticals, in WWTP effluents, with 33.6% of 

these compounds entering rivers, underscoring the environmental impact of wastewater 

treatment facilities on aquatic pollution and the urgent need for advanced treatment 

technologies [200]. 

In aquatic systems, heterocyclic pharmaceuticals may undergo several fates, including 

biodegradation, photolysis, and sorption. Microbial activity and photolytic processes can 

partially degrade these compounds; however, their sorption to various environmental matrices 

can affect their bioavailability and may lead to ecological toxicity [201]. The resistance of these 

pharmaceutical pollutants to traditional wastewater treatment methods represents a significant 

environmental challenge. Figure 3.7 summarizes the pathways through which heterocyclic 

pharmaceuticals are released into the environment, emphasizing their environmental 

contamination. It focuses on sources and fate, including industrial waste, improper disposal of 

human and animal waste, and wastewater from domestic use and hospitals. 



 

 

 

Figure 3.7 Sources and fate of heterocyclic compounds in drugs into the environment [199-201]. 

 

3.5 Toxicity, Long-Term Risks, and Impacts on Ecosystems of Heterocyclic 

Pharmaceuticals 

Heterocyclic pharmaceuticals are crucial in healthcare due to their therapeutic benefits, 

significantly enhancing patients' quality of life. However, their extensive use raises 

environmental concerns, as these compounds exhibit recalcitrance and acute toxicity, as well 

as mutagenicity, carcinogenicity, teratogenicity, and genotoxicity in various species, including 

humans [202-204]. The risk escalates as they degrade into more harmful derivatives. These 

compounds have a strong persistence in environmental matrices, demonstrating high 

bioavailability and resistance to degradation, which can lead to groundwater contamination and 

subsequent ecological and human health risks, including aquatic and terrestrial toxicity and 

biomagnification [207]. 

Exposure to heterocyclic pharmaceuticals occurs through multiple pathways: water, 

soil, food ingestion, inhalation, and skin contact, leading to neurotoxicity, genotoxicity, 

cardiovascular toxicity, and carcinogenic outcomes [208]. Notably, nitrogen or oxygen-

containing heterocycles can induce neurotoxicity, while specific compounds like pyrazole and 

thiophene may result in central nervous system depression, headaches, and other cognitive 

impairments [197]. DNA damage and mutations arise from genotoxic mechanisms, in which 

reactive metabolites may bind to DNA, posing long-term health risks due to oxidative stress 

and disrupted metabolic processes that can lead to insulin resistance and metabolic disorders 

[209]. 



 

 

Nitrogen-containing heterocycles are particularly hazardous, being classified as human 

carcinogens by the International Agency for Research on Cancer (IARC) due to their altered 

toxicological profiles and potential to cause various cancers [209]. Additionally, certain 

heterocycles can induce developmental defects during pregnancy. Despite their medical 

benefits, these pharmaceuticals pose significant risks of persistence and bioaccumulation, 

negatively impacting biological functions [207-208]. Figure 3.8 summarizes the toxicological 

effects of these chemicals on human health. 

The environmental impact of heterocyclic compounds extends to ecosystems, 

threatening aquatic life and soil organisms. Their mobility causes long-term harm and chronic 

toxicity, disrupting reproductive and developmental processes in species such as fish and 

invertebrates. Studies assessing aquatic toxicity reveal that many heterocycles are “very toxic” 

to freshwater organisms, with EC50 values indicating acute dangers [211]. Comparisons of 

toxicity reveal variations based on the heterocyclic core and haloegens present [212]. The 

multifaceted toxic effects of heterocycles necessitate robust monitoring and regulatory 

frameworks to address their environmental fate and health impacts. Ongoing risk assessments 

are critical for effectively managing the adverse consequences of heterocyclic pharmaceutical 

residues. 

 

Figure 3.8 Toxicological impacts of heterocyclic pharmaceuticals on human health. 

 



 

 

3.6 Remediation Technologies and Treatment Solutions for Heterocyclic Pharmaceuticals 

Heterocyclic pharmaceuticals present considerable environmental challenges due to 

their persistence and potential toxicity in aquatic ecosystems. Addressing the ecological risks 

associated with these pollutants requires a comprehensive approach that includes source 

reduction, regulatory strategies, public awareness, safe disposal, monitoring methods, 

analytical detection, and environmental remediation measures [213]. Implementing 

international regulatory frameworks can help to minimize the release of pharmaceutical 

heterocycles into the environment and promote sustainable practices [214].  

In the analysis and detection of these compounds, methods such as Quantitative 

Structure-Activity Relationship (QSAR) and Quantitative Structure–Property Relationship 

(QSPR) are pivotal for predicting risks based on the physicochemical properties of pollutants 

[215]. Developing sustainable production methods for pharmaceutical heterocycles can 

enhance remediation [216]. However, the bioactivity of these pharmaceuticals remains a 

significant concern, especially their long-term effects on health and the environment, due to 

their limited elimination by conventional WWTPs [217]. This inadequacy has led to the 

exploration of more efficient treatment systems. 

A variety of remediation technologies have been developed to remove these 

contaminants, including biological treatments, AOPs (such as photo-Fenton and photocatalysis) 

[218], and filtration techniques [219]. Each method presents distinct advantages and challenges, 

notably the risk of hazardous by-product formation during photocatalytic degradation, which 

necessitates further research to understand and mitigate these risks. Table 3.1 summarizes some 

relevant findings from the literature on the removal of pharmaceutical heterocyclic compounds. 

Studies have shown that degradation processes can increase toxicity, underscoring the need for 

more effective and sustainable degradation strategies. Future research should focus on 

innovative solutions that not only enhance the removal of heterocyclic compounds but also 

reduce potential toxicities associated with their degradation, ultimately promoting sustainability 

in pollution remediation practices. 

Table 3.1 Selected examples of pharmaceutical heterocycle compound removal methods. 

Pharmaceutical 

Compound 

Heterocycle 

Type 
Method Used Operating Conditions Efficiency (%) Ref. 

Indomethacin 

(Anti-

inflammatory) 

Indole UV–vis/peroxydisulfate 
pH = 7, [IM] = 20 µM and 

[PDS] = 20 µM 
100% in 24 min [220] 



 

 

Indomethacin 

(Anti-

inflammatory) 

Indole 

Adsorption using 

ACNF/Polypyrrole/MIL-100-

Fe composites 

[IM] = 1–25 mg/L, pH = 

5.0, T = 298 K, adsorbent 

mass = 0.5 g/L 

99.1% in 256 

min 
[221] 

Pindolol 

(Antihypertensiv

e) 

Indole 

Membrane filtration (Desal 

HL thin film composite 

membrane) 

[DOM] = 2 μg/dm3, 

Membrane from GE 

Osmonics, 98% Magnesium 

sulfate 

74% 
[222], 

[223] 

Pindolol 

(Antihypertensiv

e) 

Indole Photodegradation (photolysis) 

River water with riverine 

[DOM] = 20 mg/L, [NO3] = 

1 mM 

68% in 42 min [224] 

Telmisartan 

(Antihypertensiv

e) 

Benzimidazole 
Photocatalytic Degradation 

(TiO2) 

UV light, pH 7.0, [TN] = 

5.5 × 10−5 mol/L, TiO2 mass 

= 20 mg 

100% in 180 min [225] 

Albendazole 

(Antibacterial) 
Benzimidazole UV-C + H2O2 process 

[ALB] = 1 mg/L, [O3] = 

1.5 mg/L, UV-C = 

185/254 nm radiation peaks 

and incident photon flux Np 

= 1.033 × 10−6 Einstein/s 

>99% in 120 min [226] 

Thiabendazole 

(Anti-fungal) 
Benzimidazole Cold Atmospheric Plasma 

Voltage: 8 kV, Distance: 1 

cm, Airflow rate: 0.5 slm 

100% 

detoxification in 

20 min 

[227] 

Sildenafil 

(Phosphodiestera

se type 5 

Inhibitor) 

Pyrazole UV/PMS 

SWW (pH ±8),              

[PMS ] = 800 μM,        

[SIL] = 3 mg/L 

100% in 130 min [29] 

Sildenafil 

(Phosphodiestera

se type 5 

Inhibitor) 

Pyrazole 
Anaerobic Biological 

Treatment 

Inoculum:   

Hydrolytic/acidogenic 

(H/A) and methanogenic 

(MET), [SIL] = 50 μg/L 

43% (H/A 

inoculum), 41% 

(MET inoculum) 

[228] 

Celecoxib (Anti-

inflammatory) 
Pyrazole Photochemical, UV Lamp 

River water, pH = 7.8, 

[CLC] = 2.00 μg/L, 

irradiated UV = 254 nm 

100% in 1 week [229] 

Nevirapine 

(Antiretroviral) 
Pyrimidine 

Bioremediation by 

microalgae 

Cultivation modes: 

mixotrophic; pH 7.5; 25 

°C,Tetradesmus obliquus, 

mixotrophic cultivation 

80.13% in 8 days [230] 



 

 

Sulfisoxazole 

(Antibiotic) 
Oxazole 

Photodegradation, Fe3O4 

Nanoparticles 

Fe₃O₄ mass 1 g/L, [SSX] 10 

mg L-1, irradiated with 150 

W UV lamp 

60% in 120 min [231] 

Sulfisoxazole 

(Antibiotic) 
Oxazole 

Hydrogen-based membrane 

biofilm reactor 

[SSX] = 5 mg/L, HRT: 48 h, 

30 °C, Continuous H2 

feeding, H2 headspace 20 

mL 

88% in 28 days [232] 

Oxaprozin (Anti-

inflammatory) 
Oxazole 

Electrochemical Anodic 

Oxidation (Ti/IrO2 anode) 

[OXA] = 203 μmol/L, 

Current density: 30.25 

mA/cm2, [sodium chloride] 

= 0.225 mol/L 

100% in 4 min [233] 

Olanzapine 

(Antipsychotic) 
Thiophene 

Photocatalytic degradation 

(TiO2) 

[OLA] = 5 × 10−5 mol/L, 

Solar simulated light (250 

and 500 W/m2), catalyst 

mass 1.56 g/L 

100% in 120 min [234] 

Clopidogrel 

(Antiplatelet) 
Thiophene Aerobic biodegradation 

[CPG] = 25 mg/L, pH: 8.5, 

Temperature: 30 °C, Mixed 

bacterial culture 

(Pseudomonas aeruginosa 1 

M, Pseudomonas putida 5 

M) 

99.08% in 96 h [235] 

Clopidogrel 

(Antiplatelet) 
Thiophene 

Electrochemical advanced 

oxidation (Electro-Fenton 

Process) 

[CPG] = 0.02 mM, [Fe2+] = 

0.7 mM, [Na2SO4] = 50 

mM, pH = 3, I = 0.55 A and 

V = 0.3 L 

70.4% in 8 h [236] 

Cefixime 

(Antibacterial) 
Thiazole 

Photocatalytic Degradation 

(Bi12TiO20) 

[CFX] = 10 mg/L, pH = 6, 

catalyst dosage = 1.5 g/L 

94.93% in 180 

min 
[237] 

Thiabendazole 

(Antifungal) 
Thiazole 

Adsorption using Cellana 

tramoserica shells modified 

by copper (CT-Cu) 

pH 5, [THB] = 50 mg L-1, 

Adsorbent mass 20 mg 
91% in 120 min [238] 

Nitazoxanide 

(Antiparasitic) 
Thiazole 

Photocatalytic Degradation 

(BiOI/Bi4O5I2 

heterostructure) 

Photocatalyst mass 0.4 

mg/L, [NTZ] = 10 mg/L, 

150 W mercury lamp (500–

550 nm, 7.31–7.53 mW 

cm−2) 

100% in 60 min [239] 

 



 

 

3.7 Conclusions and Perspectives 

Heterocyclic pharmaceutical pollutants pose a significant environmental threat due to 

their toxic and carcinogenic properties, their widespread use in medical therapies (accounting 

for over 90% of new medications), and their persistence in the environment. This contribution 

examines the sources, environmental fate, toxicity, and long-term risks of these compounds, 

and proposes potential remediation strategies. It provides an overview of the various types of 

heterocyclic pharmaceuticals, focusing on common heteroatoms such as nitrogen, oxygen, and 

sulfur, and explores their pathways into ecosystems through wastewater discharge, agricultural 

runoff, and improper disposal, highlighting their resistance to biodegradation and tendency for 

bioaccumulation. 

The contribution also addresses the adverse health effects associated with these 

compounds, including neurotoxicity, genotoxicity, cardiovascular toxicity, carcinogenicity, and 

teratogenesis. To mitigate their environmental impacts, several remediation techniques are 

discussed, such as biological treatment, AOPs, and membrane filtration technologies suitable 

for wastewater treatment. The conclusion emphasizes the urgent need for continued research to 

develop effective strategies to reduce the toxicity of heterocyclic pharmaceuticals and prevent 

the formation of hazardous by-products, and recommends adopting combination approaches to 

enhance effectiveness. 

Furthermore, the contribution highlights issues of global health and environmental 

justice, noting that marginalized communities often bear a disproportionate burden of pollution, 

thereby complicating potential solutions. It advocates implementing robust international 

regulations governing the production, use, and disposal of heterocyclic pharmaceuticals, 

alongside public awareness campaigns about the associated risks. Promoting responsible 

consumption and encouraging green chemistry practices in the pharmaceutical industry, with a 

focus on designing safer compounds, is also critical. Finally, continuous innovation in 

wastewater treatment technologies, including the exploration of nanomaterial-based solutions, 

will be essential for effectively addressing the environmental challenges posed by heterocyclic 

pharmaceutical pollutants. 

 

The results presented in this contribution were published in the journal Organics 

(https://doi.org/10.3390/org6010001) and were selected as an Editor’s Choice article. 

https://doi.org/10.3390/org6010001


 

 

 

 

Overall, heterocyclic compounds play a crucial role in modern pharmacology due to 

their structural diversity and widespread use in therapeutic agents. In this context, SILD was 

selected as a representative compound to investigate its removal from aqueous matrices through 

AOPs, with particular focus on the phototransformation pathways and the identification of 

potentially toxic degradation products (Chapter 4). 



 

 

4. CONTRIBUTION 2  

 

Efficient Photooxidation Processes for the Removal of Sildenafil from 

Aquatic Environments: A Comparative Study 

 

4.1 Abstract  

SILD has gained considerable attention due to its widespread legal and illegal use, 

including increasing recreational use among young people. Its high stability and persistence in 

aquatic environments, along with the formation of potentially harmful phototransformation 

products, pose risks to human health and ecosystems. This study evaluated photooxidation 

processes for removing SILD and its derivatives from water. DW and SWW were treated using 

three oxidants: PS, PMS, and H2O2 and a TiO2 catalyst. Potential transformation products were 

assessed and tentatively identified using LC-ESI-MS and MSn. The Sunlight/PMS system 

proved most effective, achieving complete degradation in DW after 80 minutes and in SWW 

after 130 minutes. Toxicity tests with Vibrio fischeri showed that the resulting products were 

non-toxic. These findings highlight Sunlight/PMS photooxidation as a promising and 

environmentally friendly method for mitigating SILD contamination. 

 

4.2 Introduction 

Phosphodiesterase type-5 inhibitors are a primary therapeutic option for ED. According 

to the USD FDA, the four most widely used and approved PDE-5i are sildenafil (Viagra®), 

tadalafil (Cialis®), vardenafil (Levitra®), and avanafil (Spedra®) [240]. SILD is commercially 

available as the citrate salt of sildenafil (C22H30N6O4S·C6H8O7, Figure 4.1). 

 

 

 

 

 

 

 

Figure 4.1 Molecular structure of sildenafil citrate (C22H30N6O4S·C6H8O7). 

In recent years, SILD has received significant attention from the scientific community 

due to its high consumption and increasing detection in environmental matrices, particularly in 

wastewater [241]. These substances, classified as ECs, reach WWTPs in metabolized or 



 

 

unmetabolized forms. Once released into the environment, these molecules undergo various 

abiotic (e.g., photolysis, hydrolysis) and biotic (e.g., biodegradation) processes, generating 

transformation products that may be more persistent or more toxic than the parent compound. 

Several studies have revealed potential toxic effects of SILD and its metabolites on aquatic 

organisms [242]. Although the predicted no-effect concentration (PNEC) has been estimated at 

640 ng L-1 [243], further research is needed to fully assess environmental risks, particularly 

given unknown loads from non-prescribed use. 

However, many such compounds are resistant to conventional activated-sludge 

treatments and pass through to surface waters, where they may accumulate at concentrations 

ranging from ng L-1 to μg L-1 [244]. For this reason, despite increasing awareness of WWTP 

limitations [245], many pollutants, including SILD, are insufficiently removed. Consequently, 

AOPs have been extensively studied as promising technologies for eliminating recalcitrant 

organic contaminants [58, 246].  

Several studies have examined the photochemical degradation of SILD. Eichhorn et al. 

(2012) investigated the photolysis of SILD and its metabolite N-demethylsildenafil under 

simulated Sunlight and proposed potential intermediates and transformation products [247]. 

Herbert et al. (2015) confirmed similar results, observing Sunlight-induced degradation of 

SILD and vardenafil [248]. Medana et al. (2011) applied a TiO2/Sunlight photocatalytic system 

to produce chemically modified products resembling those generated by equine metabolism, 

identifying key intermediates and proposing a degradation pathway [249]. These findings are 

relevant to the present study, as photocatalysis involves the formation of hydroxyl radicals, a 

mechanism also active in solar photodegradation systems using TiO2 or hydrogen peroxide. 

Among AOP technologies, sulfate-radical-based processes, driven by PMS or PS, remain 

comparatively underexplored for SILD degradation. 

Evaluating advanced treatments requires integrating chemical analysis with toxicity 

assessment to provide a comprehensive evaluation of water quality after purification [250]. 

Accordingly, various acute and chronic toxicity bioassays for aquatic organisms have been 

developed [251]. For analytical identification of SILD and its degradation products, high-

performance liquid chromatography coupled with mass spectrometry is the preferred technique 

[41, 248]. 

This study investigates the effectiveness of several AOPs for removing SILD from 

aqueous solutions. Specifically, we examined solar phototransformation in DW and SWW in 

the presence of PMS, PS, H2O2, and TiO2, with emphasis on identifying potentially toxic 

phototransformation products. LC–ESI–MS and MSn were used to detect and characterize 



 

 

SILD and its degradation products, while Vibrio fischeri bioluminescence assays were used to 

assess the ecotoxicity of transformation mixtures. 

 

4.3 Materials and methods  

4.3.1 Chemicals 

The standard sildenafil (Certified Reference Material), potassium peroxymonosulfate 

(PMS, available as the triple potassium salt KHSO5⋅0.5 KHSO4⋅0.5 K2SO4 under the trade name 

of Oxone®), sodium persulfate (PS, reagent grade ≥ 98%), and hydrogen peroxide (H2O2, 30%) 

were purchased from Sigma Aldrich (St. Louis, USA). All chemicals were used as received 

without further purification. For heterogeneous photocatalysis, TiO2 (Degussa P-25) was 

obtained as a gift from Evonik (Hanau, Germany). All the aqueous solutions were prepared 

with a Milli-Q grade ultrapure water system produced using a Milli-Q RG system from 

Millipore (Bedford, MA, USA).  

The exact composition of SWW is as follows: NaHCO3 (96 mg L-1), NaCl (7 mg L-1), 

CaSO4⋅2H2O (60 mg L-1), urea (6 mg L-1), MgSO4 (60 mg L-1), KCl (4 mg L-1), K2HPO4 (0.28 

mg L-1), CaCl2⋅2H2O (4 mg L-1), peptone (32 mg L-1), and MgSO4⋅7H2O (2 mg L-1) [252]. 

 

4.3.2 Experimental devices for oxidation processes 

The photocatalytic experiments were conducted in a 250 mL cylindrical reactor covered 

with a quartz plate and placed inside a solar simulator (Heraeus-Atlas Suntest CPS+, Chicago, 

USA). The simulator was equipped with a 1.8 kW xenon arc lamp, providing an irradiance of 

400 W m-2 over the spectral range of 290–800 nm. The reaction temperature was maintained 

at 26 ± 0.1 °C using an air-conditioning system, and the solutions were continuously stirred to 

ensure homogeneous mixing. Due to the quartz filter protecting the lamp and the filtration effect 

of the borosilicate reactor, the effective irradiation spectrum reaching the samples ranged from 

300 to 580 nm. 

Degradation experiments under Sunlight alone and in combination with PMS, PS, H2O2, 

and TiO2 were performed to evaluate the effectiveness of AOPs in removing SILD and its 

transformation products from aqueous matrices. Parallel tests were also conducted in the dark 

under identical conditions to determine whether any degradation could be attributed to 

hydrolysis rather than photochemical processes. All experiments were conducted in triplicate, 

and irradiation was maintained long enough to ensure the complete disappearance of both SILD 

and its photoproducts. 

All kinetic studies were performed with an initial SILD concentration of 3 mg L-¹, 

whereas experiments aimed at identifying transformation products were carried out at 10 mg 



 

 

L⁻¹. These tests were conducted in DW and SWW at pH 8, and in buffer solutions at pH 7.3 

and pH 5 to assess the influence of pH on degradation. 

A 100 mM stock solution of PMS was prepared by dissolving approximately 1.5 g in 50 

mL of DW. Similarly, a 100 mM PS stock solution was obtained by dissolving roughly 1.2 g 

in 50 mL of DW. Hydrogen peroxide solutions were prepared by diluting a 0.98 M stock. For 

each matrix, oxidation performance was evaluated using H2O2, PMS, and PS at concentrations 

of 400, 800, and 1600 μM, and TiO2 at 0.2 g L-1. The same PS, PMS, and TiO₂ concentrations 

were applied in SWW experiments. 

Before analysis, samples collected during the photocatalytic treatment were filtered 

through a 0.2 μm PTFE membrane to remove TiO2 particles. 

 

4.3.3 Analytical procedures 

The degradation profiles of SILD were obtained using an HPLC system (Agilent 1200 

series, USA) equipped with a Luna C18 column (150 × 4.6 mm, 5 μm) and a DAD set at 254 

nm. Chromatographic separation was achieved using a binary gradient elution consisting of 

ultrapure water containing 0.1% formic acid (solvent A) and acetonitrile (solvent B). The 

gradient program was as follows: 0–3 min, 20% B; 3–7 min, linear increase from 20% to 60% 

B; 7–13 min, 60% B; 13–15 min, ramp to 100% B; 15–20 min, 100% B; 20–22 min, decrease 

to 20% B; and 22–25 min, hold at 20% B. The flow rate was maintained at 0.800 mL min⁻¹, 

with an injection volume of 20 μL. 

Mass spectrometric analyses were performed in positive-ion mode over an m/z range of 

90–1200 using an LC system coupled to an LTQ mass spectrometer (Thermo Fisher Scientific, 

Bremen, Germany). Separation was performed on the same Luna C18 column under the 

described gradient conditions, operating at a flow rate of 0.8 mL min⁻¹ with a post-column split 

ratio of 3:1. 

Low-resolution MSn experiments were conducted using CID. Mass spectra were 

processed and visualized using SigmaPlot 10.0 (Systat Software, Inc., London, UK), while 

chemical structures of detected compounds were illustrated using ChemDraw Ultra 12.0 

(CambridgeSoft Corporation, Cambridge, MA). 

A calibration curve for SILD quantification was constructed by injecting standard 

solutions ranging from 0.25 to 10 mg L-1 and fitting the resulting chromatographic data. The 

method exhibited a limit of detection (LOD) of 0.1 mg L-1 and a limit of quantification (LOQ) 

of 0.3 mg L-1. 

 



 

 

4.3.4 Toxicity tests 

Toxicity assays using Vibrio fischeri were performed by exposing the bacteria to the test 

samples in microplate wells and measuring their response after 5, 10, and 30 minutes of contact. 

Three types of samples were evaluated: a non-irradiated control, a mixture containing SILD 

along with the maximum number of photoproducts generated during the investigated processes, 

and a fully photodegraded sample in which neither SILD nor its photoproducts were detected. 

 

4.4 Results and discussion 

4.4.1 Degradation tests 

A comparison of the degradation profiles (Figure 4.2) indicates that SILD undergoes 

faster photolysis in DW than in buffered solutions. In DW, its concentration decreases rapidly, 

reaching 50% removal in approximately 90 minutes and becoming non-quantifiable after 

roughly 240 minutes. Conversely, in phosphate buffer (pH 7.3) and acetate buffer (pH 5), a 

markedly slower degradation is observed, with half-lives near 350 minutes and only about 80% 

degradation achieved after more than 420 minutes. In SWW, negligible SILD degradation is 

detected even after 6 hours of irradiation. 

 

 

 

 

 

 

 

 

 

 

Figure 4.2 Degradation curves of SILD subjected to photolysis in solutions with different pH: DW (pH 

6), phosphate buffer (pH 7.3) and acetate buffer (pH 5), and SWW (pH ~8); C = concentration at time 

t, Co = initial concentration (3 mg L-1). 

 

The strong resistance to degradation in SWW is likely attributable to dissolved ionic 

species, which may inhibit photochemical reactions by reducing SILD’s effective absorption of 

incident radiation [248]. 

In the heterogeneous photocatalysis experiment with TiO₂, the initial step involved 

stirring the TiO₂ suspension in the dark for more than 24 hours. Under these conditions, the 



 

 

concentration of SILD remained essentially unchanged, confirming that neither hydrolysis nor 

adsorption of the compound onto the TiO₂ surface occurred. Subsequently, a 3 mg L-1 SILD 

solution was irradiated in the presence of a 0.2 g L-1 TiO2 suspension under continuous magnetic 

stirring. The photocatalytic process resulted in a rapid degradation of the molecule, with a half-

life of approximately 50 minutes, consistent with previously reported data [249]. As shown in 

Figure 4.3, SILD concentrations fell below the LOD after roughly 120 minutes of irradiation. 

Under the same conditions in SWW, degradation reached about 80% after 120 minutes. The 

characteristic parabolic shape of the photocatalytic degradation curves reflects an initial 

adsorption step that does not significantly hinder the availability of SILD for rapid 

photoreaction. 

 

 

Figure 4.3 Photodegradation curves of SILD in DW and SWW in the presence of the catalyst TiO2 

(data shown based on three replicates). 

 

As an effective, low-cost, and environmentally compatible alternative to TiO₂-based 

photocatalysis, photodegradation processes employing oxidants such as H2O2, PS, and PMS 

have gained increasing attention in recent years. Unlike heterogeneous photocatalysis, these 

processes do not require a catalyst recovery step. Despite differences between the methods, 

some of them substantial, the common feature is the in situ generation of reactive radical species 

capable of degrading oxidizable organic contaminants, including many emerging pollutants. 

It is important to note that both the initial pollutant concentration and the amount of 

oxidant strongly influence the formation of reactive species. For this reason, the experiments in 

this study were performed at a constant SILD concentration (3 mg L-1), while the concentrations 

of the three oxidants were varied between 100 and 1600 μM. All processes showed maximum 

efficiency at an oxidant concentration of 800 μM, although even 100 μM was sufficient to 

achieve partial degradation of SILD and its photoproducts. Figure 4.4 shows the degradation 

curves of SILD obtained during photodegradation experiments conducted with 800 μM 



 

 

solutions of H2O2, PS, PMS, and with a PS + PMS mixture (400 μM each). At this oxidant 

concentration, PMS demonstrated the highest efficiency in degrading SILD. Its half-life was 

below 50 minutes, and more than 90% of the compound was degraded within approximately 

80 minutes. The performance of PS at 800 μM was comparable to that of the PS + PMS mixture. 

 

Figure 4.4 SILD degradation curves under Sunlight/PMS, Sunlight/PS, Sunlight/(PMS+PS), 

and Sunlight/H2O2 systems. 

 

Figure 4.5 displays the chromatograms of selected samples collected during the 

photolysis experiments in DW (a), in the presence of 800 μM PMS (b), and under dark 

conditions (c). Under these conditions, the peaks corresponding to SILD and its main 

transformation product, N-oxide sildenafil, which elutes immediately after SILD, rapidly 

decreased between the 60 min and 90–120 min samples. During the Sunlight/PMS experiment, 

both oxidation and photooxidation reactions occur simultaneously, and the observed removal 

efficiency results from their combined effects. The most effective system was Sunlight/PMS at 

800 μM (Figure 4.5 (b)). In comparison, heterogeneous photocatalysis with TiO₂ showed 

slightly lower degradation efficiency and requires an additional filtration step for catalyst 

removal. Figure 4.5 (c) shows that in the dark experiment with PMS (800 μM), SILD was 

quantitatively converted to its N-oxide, an inactive metabolite and one of its well-known 

photoproducts [247]. No significant degradation of SILD was observed in the dark experiments 

with PS or H2O2. 

 



 

 

(a)                                                        (b)                                                     (c) 

Figure 4 . 5 Chromatograms of a 3 mg L-1 SILD solution at different times of degradation 

by Sunlight (a), Sunlight/PMS 800 μM (b), and PMS 800 μM (c). 

 

Further photodegradation tests were conducted in SWW until SILD was completely 

removed. Among the oxidizing agents tested, PMS at 800 μM proved far more efficient than 

PS at the same concentration. Figure 4.6 shows that in the presence of 800 μM PMS, SILD 

became undetectable after 130 minutes, whereas complete degradation by 800 µM PS required 

430 minutes. In the same timeframe, only about 70% of SILD was degraded using H₂O₂. 

Although the composition of SWW may have influenced these experiments, the results are 

consistent with those obtained in DW and confirm PMS as the most effective oxidant among 

the three tested.  

 

                           

Figure 4.6 SILD degradation curves in SWW subjected to photodegradation in the presence of 800 μM 

PMS, 800 μM PS, and 800 μM H2O2. 

 



 

 

4.4.2 Characterization of sildenafil and its photoproducts by LC-ESI-LTQ-MS and CID-

MSn 

Retention time (tᵣ) and UV spectra alone are insufficient for the unambiguous 

identification of constituents in complex systems, particularly for unknown compounds. 

Therefore, part of this study focused on LC–ESI–MS analysis in an LTQ operating in full-scan 

mode with positive ionization, to investigate SILD and its photoproducts formed during 

photolysis and photocatalysis. MSn experiments were also conducted to examine fragmentation 

patterns and provide additional structural information. 

The MSⁿ spectra of the [M+H]⁺ ion of SILD (m/z 475, C₂₂H₃₀N₆O₄S), obtained at 

collisional energies of 20–35% of the instrument maximum, are shown in Figure 4.7. As 

illustrated in Figure 4.7 (a), fragmentation of the molecular ion produced ten major fragment 

ions at m/z 475, 447, 391, 377, 329, 313, 311, 299, 283, and 163. The most intense peak at m/z 

377 ([C17H20N4O4S + H]⁺) corresponds to the neutral loss of 98 Da, attributable to the cleavage 

of the methylpiperazine group (C₅H₁₀N₂) via the labile S–N bond. The identity of this fragment 

was confirmed through MS3 of m/z 377 and MS4 of m/z 331 (Figures 4.7 (b) and 4.7 (d)), which 

generated characteristic secondary fragments. The MS3 spectrum of m/z 311 (Figure 4.7 (c)) 

and the MS4 spectrum of m/z 283 (Figure 4.7 (e)) indicate that the fragment at m/z 311 arises 

from C–S bond cleavage, while the fragment at m/z 283 results from the loss of the ethyl group 

on the phenyl ring’s ethoxy substituent. These findings are consistent with Eichhorn et al. 

(2012), who identified these ions as lacking the piperazine and sulfonamide groups, with m/z 

313 also originating from C–S bond cleavage [247]. 

Notably, fragments at m/z 311, 299, and 283 are common in the mass spectra of most 

photoproducts in this study and can serve as fingerprints for distinguishing structural 

modifications in the phenyl pyrazolopyrimidinone moiety from those occurring in the 

piperazine ring. The complementary ion of m/z 311 appears at m/z 163, formed by cleavage 

between the aromatic and sulfonamide groups. The fragmentation of the ion at m/z 299 

(C₁₅H₁₅N₄O₃) is less straightforward but can be attributed to cleavage of the C–O bond in the 

ethoxy group, accompanied by rearrangement of the sulfonamide moiety, involving migration 

of an oxygen atom to the aromatic ring and transfer of a hydrogen atom to the departing 

fragment. A secondary fragmentation pathway of the m/z 475 ion involves the neutral loss of 

28 Da (CO), producing a less intense fragment at m/z 447. 



 

 

 

Figure 4.7 CID-MSn spectra (a-e) in positive ion mode of SILD, [M+H]+ at m/z 475, 

generated by applying relative collisional energies between 20% and 35%. 

                                 

Table 4.1 summarizes the proposed structures of the photoproducts detected in the AOP 

experiments, along with their corresponding product ions.  

Table 4.1 Main photoproducts detected and corresponding product ions [247]. 

Compound 
Precursor ion 

[M+H]+ (m/z) 
Structure 

Main MS/MS product ions 

(m/z) 

1 475 

 

447; 377; 331: 329; 313; 311; 

303; 299; 283; 255; 166; 163 

2 491 

 

447; 473; 404; 377; 313; 311; 

283; 255 

3 491 

 

463; 445; 435; 420; 393; 377; 

329; 311 



 

 

4 461 

 

443; 377; 329; 313; 311; 299; 

283 

5 449 

 

432; 418; 392; 377; 361; 313; 

311; 285 

6 477 

 

459; 434; 395; 390; 377; 362; 

311; 298 

7 477 

 

459; 449; 418; 392; 377; 311; 

8 505 

 

487; 477; 463; 418; 391; 377; 

326; 311 

9 505 

 

487; 477; 459; 393; 311; 299; 

283 

10 507 

 

489;461; 447;377; 349 

11 507 

 

479; 461;395 

 

Two isobaric compounds eluting after SILD were identified with an m/z of 491 

(compounds 2 and 3, eluting at 8.1 min and 10.4 min, respectively). The 16 Da increase relative 

to SILD’s m/z 475 is consistent with the formation of two isomeric hydroxy derivatives. This 

hypothesis is supported by analysis of the fragments observed in the MSⁿ spectra. The presence 

of specific characteristic fragments enables the determination of the OH group’s position in 



 

 

these molecules. Based on the fragmentation pathways and literature data [247], the proposed 

structures of the photoproducts, along with the most informative fragments identified from their 

MSⁿ spectra, are shown in Figure 4.8. 

 

             

Figure 4.8 Proposed structures for more informative fragments of photoproducts identified in this study, 

based on ESI-CID-MSn spectra. 

 

According to the literature, several photoproducts identified during SILD 

photodegradation are also known products of human metabolism [253] and have been observed 

in in vivo studies in mice and horses [249]. Among these, N-desmethylsildenafil (Table 4.1, 

compound 4) arises from the loss of the methyl group attached to the nitrogen of the piperazine 

ring. Its MS² fragments in positive mode ([M+H]⁺ at m/z 461, retention time 7.7 min) closely 

resemble those of SILD, supporting the proposed structure [254]. The most relevant ions 

correspond to cleavage of the piperazine moiety and the C–S bond. The presence of 



 

 

characteristic peaks at m/z 377, 311, 299, and 283 indicates that Sunlight-induced structural 

modification occurs primarily on the piperazine ring. 

Another notable photoproduct elutes at 7.1 min and has a molecular ion at m/z 449 

(Table 4.1, compound 5), analogous to the major human metabolite detected in 

pharmacokinetic studies and also observed in raw and treated wastewater  [249]. Its molecular 

mass is reduced by 26 Da relative to SILD, consistent with dealkylation (loss of C₂H₂). The 

MS² spectrum shows two characteristic ions at m/z 311 and 313, reflecting modification of the 

piperazine ring, while the base peak at m/z 418 and the peak at m/z 392 correspond to cleavage 

of the piperazine ring followed by neutral losses of NH₂CH₃ (31 Da) and C₂H₂ (26 Da). The 

MS³ spectrum of m/z 418 further confirms the proposed structure, producing three intense ions 

at m/z 377, 361, and 311. 

Table 4.1 also reports the fragments of two other isobaric photoproducts at m/z 477, 

eluting at 7.4 and 10.0 min (compounds 6 and 7). MS2 analysis of the 7.4 min compound 

indicates that the Sunlight-induced structural change does not involve the piperazine ring. The 

key fragment is the one at m/z 434 (Figure 4.8), which is not present in the spectrum of the 

other compound at m/z 477, which elutes at 10 min, where instead the fragment appears at m/z 

418. Both fragments result from cleavage of the piperazine ring with loss of a neutral 31 Da 

fragment (NH₂CH₃), but the 16 Da difference is due to the presence of an additional OH group 

in the 7.4 min compound. 

Two other photoproducts, with protonated ions at m/z 505 (C₂₂H₂₉N₆O₆S) and a mass 

increase of 30 Da relative to SILD, are consistent with a combination of double hydroxylation 

and oxidation, forming a ketone group (Table 4.1, compounds 8 and 9). MS2 (505) and MS3 

(418) spectra of compound 8 show characteristic SILD fragments at m/z 283, 311, 377, and 418 

arising from loss of the piperazine moiety, indicating that both hydroxylation and oxidation 

involve the piperazine ring. The base peak at m/z 487 corresponds to loss of H₂O from the same 

ring. 

In contrast, MS2 (505) and MS3 (459) spectra of compound 2 exhibit more intense 

fragments at m/z 459, corresponding to simultaneous loss of H2O and CO, at m/z 393 due to 

cleavage of the ketopiperazine ring, and at m/z 477 due to CO loss associated with piperazine 

ring cleavage. Additionally, the presence of an ion at m/z 416 indicates the presence of a 

hydroxyl group on the aromatic ring. 

Less intense but detectable in the mixture of photoproducts eluting before SILD, two 

isobaric compounds with [M+H]⁺ at m/z 507 were observed, consistent with double 

hydroxylation of SILD. The proposed structures and fragmentations of these compounds, which 



 

 

elute at 7.2 min and 7.7 min, are shown in Table 4.1 (compounds 10 and 11) and have not been 

previously reported. 

Compound 11 (tr = 7.2 min) exhibits a fragmentation pathway similar to N-oxide 

sildenafil, producing fragments at m/z 479, 461, and 395, corresponding to the loss of CO, two 

H₂O molecules, and S–N bond cleavage with loss of the hydroxylated piperazine ring and 

formation of a sulfonic acid (Figure 4.8). These fragments indicate the presence of hydroxyl 

groups on both the piperazine ring and the aromatic moiety. The low intensity of this peak 

prevented acquisition of the MS³ spectrum. 

For compound 10 (tr = 7.7 min), both MS² and MS³ (m/z 489) spectra were obtained. 

The base peak at m/z 377 confirms the presence of two hydroxyl groups on the piperazine ring. 

Subsequent losses of H₂O (–18 Da) and CO (–28 Da), producing fragments at m/z 489 and 461, 

analogous to m/z 459, and contraction of the piperazine ring, further support this assignment. 

Additionally, the MS³ peak at m/z 325 (data not shown) is consistent with a fragment analogous 

to SILD at m/z 299 plus a C₂H₂ group, likely resulting from sulfonamide rearrangement with 

oxygen transfer to the aromatic ring and hydrogen migration to the leaving group. All other 

photoproducts identified in this study have been previously reported [247, 253-254].  

The photodegradation results demonstrate that the piperazine ring is highly susceptible 

to hydroxyl radical attack and readily degraded under simulated radiation. Importantly, under 

the experimental conditions used, and likely in natural aquatic environments, SILD, by the 

action of Sunlight, undergoes reactions partially analogous to human metabolism. Several 

human metabolites result from oxygenation and N-dealkylation of the piperazine ring, yielding 

structures similar to some of the observed photoproducts. These findings highlight the 

significance of studies aimed at removing SILD and its by-products released into the 

environment through wastewater discharges [35]. 

 

4.4.3 Toxicity tests 

In this study, the ecotoxicity of SILD and its transformation products in the aquatic 

environment was evaluated using the Microtox® toxicity test. This assay provides a rapid 

method for determining the acute toxicity of aqueous samples by measuring the reduction in 

light emission from the luminescent bacterium Vibrio fischeri. Because light production is 

directly proportional to the bacterial metabolic activity, any inhibition of enzymatic processes 

results in a corresponding decrease in luminescence. Microtox® tests with V. fischeri are widely 

applied in ecotoxicology due to their high reproducibility and sensitivity to a broad range of 

contaminants [255]. In the presence of toxic agents, the natural bioluminescence of V. fischeri 



 

 

decreases, and toxicity is expressed as an EC50 value calculated according to ISO 11348-3 

standard procedures [256-257]. 

Table 4.2 reports the percentage inhibition (I%) values measured after 5, 15, and 30 

minutes of exposure. Tests were performed on a freshly prepared aqueous SILD solution (T0), 

on samples irradiated for 120 and 300 minutes (T120 and T300, respectively), and on SILD 

solutions containing 800 μM PMS after 0, 40, and 100 minutes of irradiation. 

Table 4.2 Results of the Vibrio fischeri acute toxicity test [256] after 5, 15, and 30 minutes of 

contact with aqueous SILD samples photodegraded under light irradiation without 

oxidant or in the presence of PMS 800 μM. 

 Percentage inhibition I% 

SAMPLES 5 min 15 min 30 min 

SILD 3mg/L T0 19.4% 22.55% 23.1% 

SILD 3 mg/L T120 15.24% 15.37% 15.68% 

SILD 3 mg/L T300 13.67% 14.97% 15.62% 

SILD 3mg/L + PMS 800 μM TPMS-0 19.4% 22.55% 23.1% 

SILD 3mg/L + PMS 800 μM TPMS-40 16.5% 16.6% 16.7% 

SILD 3mg/L + PMS 800 μM TPMS-100 12.1% 12.2% 12.4% 

Percentage inhibition I% EC50
 aJudgment 

<20%  Absence of acute toxicity 

>=20% < 50%  Weakly toxic 

>=50% 100–10 Toxic 

>50% <10-1 Very toxic 

>50% <1 Extremely toxic 

a Toxicity legend table according to UNI EN ISO 11348–3:2009. 

 

The ecotoxicity results show low toxicity for the fresh SILD solution (T0) after 15 and 

30 minutes of exposure to V. fischeri. In contrast, the T120 sample, corresponding to the point 

at which the highest number of photoproducts is present, exhibits significantly higher toxicity, 

and the T300 sample, collected at the end of the degradation process when neither SILD nor its 

photoproducts were detectable, does not show acute toxicity. 

Similar results were obtained for the Sunlight/PMS system: the samples collected at 40 

minutes (T40) and 100 minutes (T100) also showed no acute toxicity. The progressive decrease 

in V. fischeri bioluminescence inhibition during irradiation further confirms the effectiveness 

of the proposed photodegradation processes. 

An in silico toxicological assessment was also performed to evaluate SILD and its 

photoproducts using structure–toxicity relationships. The ECOSAR program was employed to 

estimate acute toxicity (LC50) toward daphnids after 48 hours of exposure [258]. Preliminary 

results (data not shown) indicate that only SILD itself and two photoproducts, those with m/z 

461 and m/z 449, are potentially toxic. 



 

 

4.5 Conclusions and future perspectives 

This study evaluated the performance of different photooxidation processes for the 

degradation of SILD, a pharmaceutical compound of growing environmental concern. 

Although simulated solar irradiation showed limited effectiveness, both Sunlight/TiO₂ and 

Sunlight/oxidant systems produced promising results. Among them, the Sunlight/PMS system 

proved to be the most efficient, achieving complete degradation of SILD in DW within 80 

minutes and in SWW within 130 minutes. These findings highlight the strong potential of 

Sunlight/PMS photooxidation as a viable treatment technology for SILD removal. 

LC-LIT-MS analyses confirmed the formation of several photoproducts, some 

structurally similar to human SILD metabolites, underscoring the need to assess their 

environmental relevance. Nevertheless, ecotoxicity tests using Vibrio fischeri verified the 

overall environmental safety of the proposed remediation strategy. Collectively, the results 

support the development of sustainable and effective approaches to reduce the environmental 

load associated with SILD contamination. 

Future work should aim to optimize the Sunlight/PMS system by identifying more 

environmentally friendly catalysts and developing efficient, cost-effective recovery and 

disposal strategies. 

 

The results presented in this contribution were published in the journal Case Studies in 

Chemical and Environmental Engineering (https://doi.org/10.1016/j.cscee.2024.100708).  

 

In addition to photochemical methods, electrochemical approaches have proven 

effective alternatives for removing VFX from water. Techniques such AO processes operate 

under milder conditions (e.g., ambient temperature and pressure) and require fewer chemical 

reagents, enabling simpler, more controllable treatment systems. Furthermore, electrochemical 

processes often achieve high removal efficiencies with limited formation of secondary 

pollutants and can be optimized by adjusting key parameters such as current density, electrode 

material, and pH. Overall, their operational flexibility and environmental compatibility make 

them a promising option for VFX removal from aqueous environments. (Chapter 5). 
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5. CONTRIBUTION 3 

 

Electrochemical degradation of venlafaxine on platinum electrodes: 

identification of transformation products by LC-MS/MS and in silico 

ecotoxicity assessment 

 

5.1 Abstract  

Antidepressants such as VFX have become ECs of global concern due to widespread 

use and misuse. VFX, a serotonin–norepinephrine reuptake inhibitor, can cause adverse and 

potentially toxic effects on aquatic organisms. EAOPs are increasingly explored as effective 

methods for degrading pharmaceutical pollutants. Most EAOP studies on VFX use boron-

doped diamond (BBD) anodes, valued for their low background current and high oxygen 

overpotential. However, BBD electrodes present challenges, including delamination, limited 

scalability, and restricted service life. In this study, platinum was selected as the anode material 

for the galvanostatic degradation of VFX due to its high stability and a reliable surface-cleaning 

protocol, which ensured excellent reproducibility. The degradation experiments were 

conducted in 0.1 M Na2SO4 at pH 9 using a current density of 25 mA cm-2. Under these 

conditions, a 25 mg L-1 VFX solution reached 94% degradation after 7 hours. Hydroxyl and 

sulfate radicals generated in the electrochemical system served as the primary oxidative species. 

The degradation followed first-order kinetics, with a rate constant of 0.0084 min-1. LC-MS 

analysis revealed several key intermediates, including two isomers at m/z 276 and three at m/z 

294. Toxicity assessment using an in silico prediction model confirmed that the degradation 

pathway is environmentally safe, supporting the sustainability of the proposed method. 

 

5.2 Introduction 

UNESCO has recognized pharmaceuticals as a major category of ECs [259]. 

Antidepressants, in particular, are increasingly detected in surface and groundwater at 

concentrations ranging from ng L-1 to mg L-1 [260]. VFX  is one of the most widely found in 

aquatic environments worldwide [261]. Its persistence and limited biodegradability raise 

significant environmental concerns, as VFX has been shown to induce neurobehavioral and 

reproductive disruptions in aquatic organisms [262].  

Conventional WWTPs are generally ineffective for completely removing VFX, with 

reported elimination efficiencies ranging from only 7.7% to 56% [3]. In contrast, AOPs offer a 

promising alternative to traditional treatment methods. These technologies generate highly 



 

 

reactive hydroxyl radicals that can oxidize a broad spectrum of organic pollutants [263], 

including VFX. 

Accordingly, multiple AOPs have been explored for VFX degradation [264-267]. 

Among these, EAOPs have attracted growing interest due to their simplicity, cost-effectiveness, 

safety, and environmental compatibility. These methods rely on the in situ electrochemical 

generation of powerful oxidants without requiring hazardous chemical reagents [268].  

Regarding VFX, only a few studies have investigated its electrochemical degradation, 

all of which employed boron-doped diamond (BDD) anodes [269]. Comparative studies of 

electrochemical and photoinduced degradation have shown that both AOPs are effective, 

although photoinduced degradation proceeds more rapidly. Mechanistic analyses revealed that 

photoinduced degradation primarily follows an indirect pathway mediated by •OH radicals, 

whereas electrochemical oxidation involves both direct and indirect routes  [270]. The influence 

of other radical species has also been assessed. In the presence of chloride ions, VFX 

degradation is significantly accelerated, achieving 98.5% removal of a 25 mg L-1 solution within 

5 minutes [271]. Chlorine radicals (Cl•) promote benzene-ring opening, enabling rapid 

decomposition. Conversely, the addition of tert-butanol, a well-known •OH scavenger, slows 

the degradation, confirming the dominant role of hydroxyl radicals. Likewise, bicarbonate and 

phosphate ions act as radical scavengers and inhibit VFX degradation [272]. 

BDD anodes possess several advantageous physicochemical properties, including a 

wide potential window, low background current, high oxygen overpotential, and excellent 

corrosion resistance [273]. As inert electrodes, they exhibit weak adsorption of 

electrochemically generated hydroxyl radicals, thereby increasing the availability of these 

species for reaction with contaminants in solution. These features have contributed to the 

widespread use of BDD electrodes for the oxidation and mineralization of organic pollutants. 

Nevertheless, several limitations remain to be addressed [274]. 

BDD films are typically deposited onto substrates such as silicon, tungsten, 

molybdenum, titanium, niobium, or tantalum using chemical vapor deposition. Mechanical 

cleaning of BDD surfaces can cause physical damage and is therefore discouraged. Instead, 

electrochemical cleaning protocols are often employed, but these procedures can significantly 

alter electrode properties and lack standardization due to morphological variability among BDD 

electrodes [275]. Moreover, electrochemical pre-treatment frequently requires high current 

densities or potentials, which may damage adhesive layers used to secure the BDD coating and 

compromise electrode performance and reproducibility. 

Another major concern is the susceptibility of BDD films to delamination. Selecting an 

appropriate substrate requires careful consideration of thermal expansion compatibility; 



 

 

mismatches can introduce structural defects that permit electrolyte penetration and lead to 

substrate corrosion [276]. Although silicon and tantalum exhibit the most suitable thermal 

expansion characteristics, silicon is brittle and has low electrical conductivity, while tantalum 

is costly. Other potential substrates, such as nickel, tungsten, and titanium, exhibit satisfactory 

electrochemical performance but still experience delamination. Furthermore, materials such as 

silicon, tantalum, niobium, and tungsten are not ideal for industrial-scale deployment [277]. 

These challenges underscore the need to explore alternative anode materials to advance EAOP 

technologies. 

The present study addresses these limitations by evaluating alternative electrode 

materials for the electrochemical degradation of VFX. A comparative analysis of platinum and 

GC anodes was performed, with particular emphasis on distinguishing between direct and 

indirect oxidation mechanisms. Although the CV revealed no direct VFX oxidation on 

platinum, this electrode showed higher degradation efficiency via indirect oxidation, a critical 

observation often overlooked in studies focused predominantly on BDD systems. Notably, even 

on electrodes capable of direct oxidation, such as GC, the degradation mechanism was largely 

governed by indirect pathways. Understanding these electrode-specific behaviors is essential 

for rational EAOP design. 

In this context, platinum is proposed for the first time as a viable alternative to BDD for 

the electrochemical degradation of VFX. Platinum offers several advantages: a well-established 

and reproducible cleaning procedure, long-term stability, and suitability for extended operation 

[278]. The degradation process in this study was optimized under environmentally relevant 

conditions, including a near-neutral electrolyte pH and a moderate applied current density. 

Importantly, chloride-containing electrolytes were deliberately avoided to prevent the 

formation of harmful disinfection by-products, a major concern in water treatment applications. 

While many previous studies have reported high degradation efficiencies using chloride-based 

media, such conditions limit the practical applicability of their findings. 

A comprehensive identification of transformation products was achieved using LC–

MS/MS, and detailed fragmentation studies were performed to distinguish between isomeric 

species. This analysis provided key insights into the degradation pathways of VFX. In addition, 

an in silico ecotoxicity assessment was conducted using the ECOSAR predictive model, 

confirming the environmental sustainability of the proposed degradation approach. Consistent 

with established hazard evaluation methodologies [270], this combined analytical–predictive 

strategy offers a more robust assessment of the treatment’s environmental impact than studies 

limited to monitoring the removal of the parent compound. 

 



 

 

5.3 Results 

5.3.1 Evaluation of Anode Material for the Electrochemical Degradation of VFX 

The choice of anode material is a critical factor affecting the electrochemical 

degradation efficiency of ECs. VFX, being an electroactive compound, can undergo 

degradation via direct AO. To determine the electrode capable of achieving the highest 

degradation efficiency, a preliminary study was conducted on the electrochemical behavior of 

VFX using platinum and GC electrodes. 

GC is a structurally ordered, sp²-hybridized, non-graphitizable form of carbon 

characterized by low permeability, high thermal stability, and good electrical conductivity. Its 

fullerene-like structure, composed of curved graphene layers enclosing closed pores, confers 

exceptional chemical and mechanical stability [279]. 

To assess VFX electrochemical behavior on GC, the voltammetric profile of a 0.1 mM 

VFX solution in phosphate buffer (pH 7) was recorded (Figure 5.1 (a)). During the anodic 

scan, a current peak appeared at approximately 0.74 V, corresponding to the irreversible 

oxidation of VFX, as no cathodic peak was observed on the reverse scan. The flat voltammetric 

profile obtained in the pure buffer confirmed that this peak was attributable to VFX oxidation. 

 

Figure 5.1 Cyclic voltammograms acquired in phosphate buffer solution (0.1 M, pH 7) at a bare 

GC electrode (a) and at a bare platinum electrode (b) in the absence (black curves) and in the presence 

of VFX at a concentration of 0.1 mM (red curves). Scan rate: 50 mV s-1
. 

 

A similar study was conducted using a platinum electrode. Platinum is widely employed 

as an anode for the oxidation of organic pollutants due to its excellent electrical conductivity 

and chemical stability [280]. The voltammetric profile of VFX on platinum (Figure 5.1 (b)) 

closely resembled that of the pure electrolyte, with no discernible oxidation peak. This absence 

indicates that VFX is not electroactive on platinum within the explored potential range. 



 

 

To further understand the electrochemical behavior of VFX on GC, the effect of scan 

rate on the voltammetric response was investigated. The relationship between peak current and 

scan rate provides insight into whether the electrochemical process is diffusion- or adsorption-

controlled. Voltammograms recorded at scan rates ranging from 5 to 150 mV s-1 showed a linear 

relationship between peak current and scan rate (r2 = 0.9956), characteristic of adsorption-

controlled processes [268]. This behavior suggests that π–π interactions drive VFX adsorption 

on GC. Additionally, the anodic peak potential shifted toward more positive values with 

increasing scan rate, confirming the irreversibility of the oxidation process. The lack of 

electroactivity on platinum can be attributed to its poor affinity for VFX, which limits 

adsorption and, consequently, direct oxidation. 

As previously noted, pharmaceutical compounds can be degraded electrochemically 

either through direct electron transfer or via reactive radical species generated at the electrode 

surface. Both GC and platinum electrodes were tested as anodes for VFX degradation, 

regardless of the compound’s electroactivity. A graphite plate served as the cathode in all 

experiments. 

Galvanostatic degradation was first performed at a current density of 10 mA cm-2 for 60 

minutes using a 25 mg L-1 VFX solution in 0.1 M phosphate buffer (pH 7) under continuous 

stirring. Degradation was assessed by DPV on a conventional GC using platinum electrodes 

before and after electrolysis. Peak current decreased by 25% for GC and 40% for platinum, 

indicating greater degradation on platinum. This apparent discrepancy with CV results is 

explained by the predominance of indirect oxidation: although VFX did not undergo direct 

electron transfer on platinum, hydroxyl radicals continuously generated at the anode mediated 

efficient degradation. 

To confirm the role of indirect oxidation, the GC experiment was repeated in the 

presence of 200 mM ethanol, a known •OH radical scavenger [281]. Radical-scavenging tests 

identify active species and their contribution to AO by allowing scavengers to compete with 

pollutants for reactive radicals. DPV analysis after electrolysis in the presence of ethanol 

showed only an 8% decrease in peak current, markedly lower than in its absence. This indicates 

that even on GC, VFX degradation primarily occurs through indirect mechanisms mediated by 

•OH radicals. While these experiments provide indirect evidence of hydroxyl radical 

involvement, direct confirmation could be obtained using electron paramagnetic resonance 

(EPR) spectroscopy. 

Given the higher degradation observed on platinum, this material was selected as the 

anode for subsequent electrochemical experiments. 

 



 

 

5.3.2 Optimization of the Degradation Conditions 

The efficiency of EAOPs strongly depends on the electrolysis conditions, which were 

optimized in this study to achieve maximum removal of both VFX and its transformation 

products. Changes in VFX concentration during electrochemical degradation were tracked by 

collecting 1 mL aliquots from the electrolyte at predetermined time intervals and analyzing 

them by HPLC-UV. Methanol was added to each sample because it is compatible with the 

mobile phase and effectively quenches residual radicals during storage. It is worth noting that 

ethanol was used in the mechanistic experiments with GC electrodes because of its well-known 

selectivity for hydroxyl radicals. This approach allowed a more specific evaluation of the 

contribution of hydroxyl radicals to the degradation mechanism. 

In electrochemical degradation processes, a supporting electrolyte is added to enhance 

solution conductivity and promote the formation of strong oxidizing agents. Sodium sulfate 

(Na₂SO₄) is considered an “active” electrolyte because it enables the generation of sulfate 

radicals (SO₄•⁻) through several pathways, most notably via reactions with hydroxyl radicals 

(•OH) produced during water electrolysis [282]. The availability of •OH radicals therefore 

constrains the rate of SO₄•⁻ formation. Consequently, increasing sulfate concentration does not 

enhance the production of reactive species nor improve pollutant removal. Excessive sulfate 

may also contribute to anode fouling, which diminishes electrolysis efficiency. For these 

reasons, a standard concentration of 0.1 M is widely used. The initial experimental conditions 

for VFX degradation were thus 0.1 M Na2SO4 at pH 7, with the supporting electrolyte. 

Advanced electrochemical oxidation processes are typically operated in galvanostatic 

mode, where the applied current density is a critical parameter because it dictates the rate of 

oxidant generation. In principle, higher current densities promote the formation of radical 

species at the anode surface, thereby accelerating contaminant degradation. However, beyond 

a certain threshold, the increased voltage can induce side reactions such as oxygen evolution, 

leading to the formation of non-oxidizing species that do not contribute to VFX removal. 

To determine this threshold, degradation experiments were conducted at current 

densities of 5, 10, and 25 mA cm-2 using a 25 mg L-1 VFX solution in 0.1 M Na2SO4 at pH 7. 

The resulting degradation profiles, expressed as C/C₀ versus time (where C is the VFX 

concentration at a given time and C₀ the initial concentration), are shown in Figure 5.2 (a). 

After 60 minutes, the highest degradation efficiency (45.5%) was obtained at 25 mA cm-2. 

Current densities of 5 and 10 mA cm-2 yielded lower efficiencies of 22% and 38.5%, 

respectively. No further improvement was observed at values above 25 mA cm-2. Based on 

these results, 25 mA cm-2 was selected for subsequent experiments. 



 

 

The influence of initial VFX concentration was also assessed using two starting levels, 

25 mg L-1 and 1 mg L-1, while keeping all other experimental parameters constant. The 

corresponding degradation curves are shown in Figure 5.2(b). After 60 minutes, the removal 

efficiencies were 45.5% for the 25 mg L-1 solution and 54.5% for the 1 mg L-1 solution. The 

lower efficiency at higher concentrations can be attributed to the fixed amount of reactive 

species available under the selected operating conditions: as the pollutant concentration 

increases, a longer treatment time is required to achieve comparable degradation [283]. 

Additionally, higher concentrations of transformation products increase competition between 

VFX and its intermediates for reaction with radical species. 

The electrolyte pH is another important factor in electrochemical degradation, 

particularly given the variability of wastewater pH. Previous studies have reported inconsistent 

trends, reflecting the complex role of pH in influencing both pollutant speciation and reactive 

species formation, as well as the production of species that may quench radicals [284]. In this 

study, VFX degradation was evaluated at pH 5, 7, and 9 using a 1 mg L-1 VFX solution in 0.1 

M Na2SO4 at a current density of 25 mA cm-2. The degradation curves are shown in Figure 

5.2 (c). After 60 minutes, a slight improvement in removal efficiency was observed at pH 9 

(59%), likely due to enhanced •OH formation favored by the higher concentration of OH⁻ ions. 

Although higher pH values (e.g., ≥10–11) could potentially further improve degradation, the 

present study focused on conditions representative of typical wastewater. Future investigations 

may explore the performance of EAOPs at these higher pH levels. 

 

 



 

 

 

Figure 5.2 (a) Normalized concentration–time curves for the electrochemical degradation of a 25 mg 

L-1 solution of VFX in Na2SO4 0.1 M at pH 7 realized by applying a current density of 5 mA cm-2 

(black circles), 10 mA cm-2 (red circles) and 25 mA cm-2 (green circles); (b) Normalized 

concentration–time curves for the electrochemical degradation of a 25 mg L-1 (red circles) and 1 mg 

L-1 (black circles) solution of VFX in Na2SO4 0.1 M at pH 7 realized by applying a current density of 

25 mA cm-2; (c) Normalized concentration–time curves for the electrochemical degradation of a 1 mg 

L-1 solution of VFX in Na2SO4 0.1 M at pH 5 (black circles), pH 7 (red circles) and pH 9 (green circles) 

realized by applying a current density of 25 mA cm-2. Data points represent the mean ± standard 

deviation (SD) of n=3 independent experiments. 

 

The degradation curve for extended electrolysis was obtained under the previously 

optimized conditions. A VFX concentration of 25 mg L-1 was selected to ensure sufficient 

formation of degradation products for subsequent LC–MS identification. The degradation profile 

after 7 h (420 min) of electrolysis is shown in Figure 5.3. The experiment was performed in 

triplicate, demonstrating excellent precision attributable to the reproducible state of the platinum 

electrode surface (coefficients of variation: 1.04–9.77%). A high degradation efficiency of 94% 

was achieved. The process followed first-order kinetics (r2=0.999), with a rate constant of 0.0084 

min-1 and a corresponding half-life of 82.52 min. 

 

Figure 5.3 Normalized concentration–time curve for the electrochemical degradation of a 25 mg 

L-1 solution of VFX in Na2SO4 0.1 M at pH 9 realized by applying a current density of 25 mA cm-

2. The analysis was performed in triplicate, and the results are expressed as mean ± SD. 

 



 

 

It is important to note that shorter degradation times and higher efficiencies have been 

reported in studies that added chloride ions to the electrolyte solution [271]. Those approaches 

also typically employ acidic pH conditions [270] and elevated current densities [272]. In 

contrast, the method presented here operates under milder conditions and, crucially, does not 

depend on accelerants such as chloride, which inevitably promote the formation of hazardous 

by-products. 

 

5.3.3 Structural Elucidation of VFX and Degradation Products by LC-ESI-LIT-MSn and 

LC-ESI-Orbitrap-MS 

LC-DAD experiments were conducted to monitor the degradation pathway of VFX 

over time under various electrolysis conditions. Optimal degradation was achieved at pH 9, 

using a 0.1 M Na2SO4 electrolyte and a current density of 25 mA cm-2. However, due to the 

limited discriminatory power of retention times and UV spectra, additional analytical 

techniques were required to unambiguously identify components in complex matrices, 

particularly unknown degradation products. Consequently, LC–MS analyses of VFX and its 

transformation products were performed at both low and high resolution. Electrochemical 

degradation was carried out under the optimized conditions using a drug concentration of 25 

mg L-1. Furthermore, CID-MSn experiments were employed to elucidate the fragmentation 

pathways of the transformation products and to obtain more comprehensive structural 

information. 

 

5.3.3.1 LC-ESI-Orbitrap-MS Studies of VFX and Its Degradation Products 

The composition of the VFX degradation mixtures was elucidated using LC–ESI–

Orbitrap–MS. Although TIC chromatograms were initially recorded, their interpretative value 

was limited by the presence of coeluting ions. Therefore, extracted ion chromatograms were 

employed to improve selectivity. XICs represent ion intensities within a narrow mass-to-charge 

window of [M+H]⁺ ± 5.0 mDa, enabling the detection of individual compounds, including low-

abundance transformation products, while minimizing spectral interference. This approach was 

applied to degradation mixtures collected at different electrolysis times, enabling clear 

separation of the resulting products. Figure 5.4 presents the XICs of protonated VFX and its 

transformation products after 100 min of electrochemical degradation at pH 9, a time point at 

which product concentrations were notably high. 



 

 

 
Figure 5.4 Extracted ion chromatograms (XICs) acquired for the following compounds: V F X  (A); 

V194 (B); V264 (N-desmethylvenlafaxine) (C); V196 (D); V276a (retention time 8.80 min, peak 5) 

and V276b (retention time 9.48 min, peak 6) (E); V292 (F); V294a (retention time 8.49 min, peak 8), 

V294b (retention time 8.83 min, peak 9), V294c (retention time 9.47 min, peak 10) (G); V278 (peak 

11) (H). 

 



 

 

All chromatographic peaks were identified by accurate mass measurements, which 

enabled the determination of molecular formulas and the interpretation of MSn data in 

conjunction with literature reports. CID fragmentation studies were performed for each 

identified product, allowing confirmation of their structures by analysis of characteristic 

fragmentation pathways. The chromatographic and mass spectrometric data for all detected 

compounds are summarized in Table 5.1, including retention times, molecular formulas, 

exact and accurate m/z values, mass errors, and the major [M+H]⁺ fragment ions. Notably, the 

mass errors associated with the accurate mass measurements were consistently below 1.6 mg 

L-1, indicating excellent mass accuracy. 

Table 5.1 Chromatographic and mass spectrometry data for the main transformation products resulting 

from the electrochemical degradation of VFX, identified by LC-ESI(+)-CID-MSn. 

 

N. 

 

Compounds 

 

Retention 

time (min) 

 

Molecular 

formula 

 

1[M+H]+ 

m/z 

Accurate 

 

Error 

(mg L-

1) 

Main 

Fragments 

[M+H]+ 

m/z Nominal 

1 VFX 9.24 C17H27O2N 278.2111 -1.42 260; 215; 

159; 147; 

121; 58 

2 V276a 8.80 C17H25O2N 276.1954 -1.47 258; 246; 

213; 178; 

145; 135; 

121 

3 V276b 9.48 C17H25O2N 276.1956 -0.89 258; 246; 

215; 159; 

147; 121 

4 V264 

N-desmethylvenlafaxine. 

8.65 C16H25O2N 264.1956 -0.70 246; 215; 

121 

5 V196 4.46 C11H17O2N 196.1333 -0.28 178; 163; 

147; 135 

6 V194 5.19 C11H15O2N 194.1176 -0.28 149; 121; 58 

7 V292 8.28 C17H25O3N 292.1903 -1.40 274; 256; 

121 

8 V294a 8.49 C17H27O3N 294.2061 -1.09 276; 258; 

231; 213; 

121 

9 V294b 8.83 C17H27O3N 294.2059 -1.60 276; 258; 

231; 213; 

145 

10 V294c 9.47 C17H27O3N 294.2060 -1.30 276; 258; 

233; 215; 

178; 135; 

121 

11 V278 8.22 C16H23O3N 278.1749 -0.72 263; 245; 

231; 178; 

164; 121 
1 average value of n = 3 m/z measurements. 

 



 

 

MSn data acquired using a LIT analyzer with CID confirmed the identities of the 

compounds and enabled unambiguous structural elucidation. These findings are consistent with 

previous reports on VFX degradation, including photochemical processes and electrochemical 

degradation using BDD electrodes [270]. As shown in Figure 5.4 and summarized in Table 

5.1, ten major transformation intermediates were identified. Among them were two isomers 

with an exact m/z of 276.1958 (V276a and V276b; Figure 5.4 (E)) and three isomers with an 

exact m/z of 294.2064 (V294a, V294b, and V294c; Figure 5.4 (G)). Accurate-mass data alone 

could not distinguish among these isomers, as they provide only molecular formula information. 

Consequently, fragmentation studies were carried out by isolating the chromatographic peaks 

corresponding to each species. The proposed chemical structures of the transformation products 

are presented in Scheme 5.1. 

 

 

 



 

 

Scheme 5 .1 Proposed chemical structures, molecular formulas, and exact m/z values of VFX 

transformation products. 

 

5.3.3.2 LC-ESI-CID-MSn Studies of VFX Degradation Products 

As previously noted, VFX degradation produced two isomers with an exact m/z of 

276.1958 (V276a and V276b; C₁₇H₂₅NO₂⁺), eluting at 8.80 and 9.48 min, respectively. Their 

CID–MSⁿ spectra are shown in Figure 5.5. The 2 Da decrease relative to m/z 278 (VFX) is 

consistent with the formation of a double bond, either in the cyclohexane ring (isomer a) or 

along the carbon chain (isomer b).  

The MS² spectrum of isomer V276a (Figure 5.5 (a)) shows that fragmentation of the 

molecular ion generates ions at m/z 258 and 213, corresponding to C₁₇H₂₃NO⁺ and C₁₅H₁₇O⁺, 

respectively. The m/z 258 ion forms via dehydration of V276a, followed by the creation of a 

second double bond within the cyclohexane ring. The ion at m/z 213 originates from further 

fragmentation of the m/z 258 species through loss of the dimethylamine group (–NC₂H₇, 45 

Da). The MS² spectrum of isomer V276b (Figure 5.5 (b)) similarly shows ions at m/z 258 and 

215, corresponding to C₁₇H₂₃NO⁺ and C₁₅H₁₉O⁺, respectively. As with V276a, the m/z 258 ion 

forms through dehydration, accompanied by the introduction of a conjugated double bond and 

conversion of the cyclohexane ring into a cyclohexene moiety. The fragment at m/z 215 is 

produced from the m/z 258 ion via loss of the –NC₂H₅ amino group (43 Da). The chemical 

structures of the fragments at m/z 213 and 215, observed in the MS² spectra of the two isomers 

(Figures 5.5 (a) and 5.5 (b), respectively), confirmed the presence of a double bond in different 

regions of the molecule. 

The MS³ spectrum of V276a (Figure 5.5 (c)), obtained from the fragmentation of the 

m/z 258 ion, revealed five fragment ions at nominal m/z 213, 121, 135, 145, and 178, with m/z 

213 being the most intense. Similarly, the MS³ spectrum of V276b (Figure 5.5 (d)), derived 

from the m/z 258 ion, showed four fragment ions, m/z 215 (most intense), 121, 147, and 159. 

The fragments at m/z 147 (C₁₀H₁₁O⁺) and 215 (C₁₅H₁₉O⁺) were characteristic of VFX MSⁿ 

spectra (Table 5.1). The ions at m/z 135 (C₉H₁₁O⁺) and 178 (C₁₁H₁₆NO⁺) were also observed. 

The C₁₁H₁₆NO⁺ fragment (m/z 178) resulted from the loss of the hydroxy-substituted 

cyclohexane ring, followed by formation of a double bond, while the C₉H₁₁O⁺ fragment 

originated from the m/z 178 ion via loss of the –NC₂H₅ group. These fragmentation patterns are 

consistent with the structures proposed in Scheme 5.1 for both V276 isomers. 

 



 

 

 

Figure 5.5 CID-MSn spectra (a–d) in positive mode of the [M+H]+ ion of the two isomers at 

nominal m/z 276 generated by applying relative collision energies between 30% and 35%. 
 

Consistent with the findings of Santoke et al [285], several hydroxylated derivatives of 

VFX were identified, resulting from HO•/O₂•- radical attack. Five isomers with the molecular 

formula C₁₇H₂₈NO₃⁺ (m/z 294.2063) were detected at retention times ranging from 8.49 to 9.47 

min, indicating mono-hydroxylation at different positions of the parent compound. Two of 

these isomers were present in trace amounts, preventing MSⁿ fragmentation and were therefore 

excluded from further analysis. VFX possesses multiple potential sites for mono-oxidation, 

which can yield products with varying polarities, including hydroxylation of the aromatic or 

cyclohexane rings, the methylene carbon, or the methyl groups attached to the amine moiety. 

MSⁿ studies (Figure 5.6(a–c)) revealed distinct fragmentation pathways for the three major 

isomers, V294a, V294b, and V294c (peaks 8, 9, and 10 in Figure 5.4), allowing the proposal 

of possible –OH attack positions. 

 



 

 

Figure 5.6 CID-MSn spectra (a–c) in positive mode of the [M+H]+ ion of the isomers at m/z 294 

generated by applying relative collision energies between 30% and 35%. 
 

MS² fragmentation of V294a and V294b showed the loss of H₂O (m/z 276), a feature 

also observed in the VFX spectrum, suggesting hydroxylation on the cyclohexane ring or the 

methylene group adjacent to the nitrogen atom. MS³ fragmentation of the m/z 276 ion produced 

a fragment at m/z 231, consistent with a modified cyclohexane ring containing an additional 

double bond compared with the m/z 215 fragment of VFX [265]. The fragment at m/z 213 

further supported the presence of this additional double bond. However, the exact position of 

the –OH group within the cyclohexane ring could not be determined for these two isomers.  

For isomer V294c (C₁₇H₂₈NO₃⁺, m/z 294.2053), the retention time (9.47 min, 

immediately after VFX), a mass difference of 16 Da relative to VFX, and the elemental 

composition derived from accurate mass measurements indicated hydroxylation at either the 

methylene carbon or the aromatic ring. Observed fragments at m/z 276 and 215, along with a 

fragment at m/z 233 (resulting from loss of the –NC₂H₇ amino group, –45 Da), were consistent 

with monohydroxylation of the aromatic ring, likely at the ortho- or para-position relative to 

the methoxyl group (Scheme 5.1). 

Electrochemical degradation of VFX likely proceeds through a combination of 

dehydrogenation and hydroxylation reactions. This hypothesis is supported by the identification 

of a transformation product with a molecular ion at m/z 292.1903 (peak 7 in Figure 5.4), 

consistent with the protonated molecular formula C₁₇H₂₆O₃N⁺. This observation suggests the 

introduction of an oxygen atom followed by dehydrogenation. Fragment ions at m/z 274, 256, 



 

 

and 229, which are 2 Da lower than the corresponding fragments in V276a (m/z 276, 258, and 

231), indicate formation of an additional double bond within the cyclohexane ring. The 

proposed structure of V292 reflects this feature (Scheme 5.1). 

Figure 5.7 presents the MS2–MS4 spectra of VFX, with the main fragment ions detailed 

in Table 5.1 and their proposed structures illustrated in panels a1–a3. Panel b in Figure 5.7 

shows the MS2 spectrum of its isomer V278 (C₁₆H₂₂O₃N⁺, peak 11 in Figure 5.4), which 

exhibits an identical nominal mass to VFX but a distinct exact mass. The proposed structural 

modification involves the substitution of the nitrogen-bonded methyl group with a hydroxyl 

group, accounting for the absence of the m/z 233 fragment typically associated with 

dimethylamine loss (−45 Da). Instead, a fragment at m/z 231 is observed, corresponding to a 

mass loss of 47 Da, consistent with the –CH₃ to –OH substitution. Additionally, a fragment at 

m/z 263 (−15 Da), indicative of loss of the methoxy-bound methyl group (C₁₅H₂₁O₃N⁺), is 

detected, aligning with previously published data [285]. The base peak at m/z 164.1 likely 

corresponds to the 4-methoxyphenyl-ethyl fragment, formed by cleavage between the 

cyclohexanol ring and the ethyl group, while the characteristic m/z 121 fragment, assigned to 

1-methoxy-4-methylbenzene, is also present. 



 

 

Figure 5.7 CID–MSⁿ spectra of VFX and its isomer. Panels a1–a3: Positive-mode CID–MSⁿ spectra of 

the [M+H]⁺ ion of VFX at m/z 278, obtained using relative collision energies of 30–35%. Panel b: 

Positive-mode CID–MS² spectrum of the [M+H]⁺ ion at m/z 278 corresponding to the VFX isomer, 

acquired under the same collision energy conditions (30–35%). 

 

N-desmethylvenlafaxine, resulting from N-demethylation of VFX, was identified at a 

retention time of 8.65 min, with an accurate m/z of 264.1958 and a molecular formula of 

C₁₆H₂₆O₂N⁺. MSⁿ fragmentation of the molecular ion yielded a fragment at m/z 246 

(C₁₆H₂₃NO⁺), corresponding to neutral loss of 18 Da (H2O), and the recurring m/z 215 

(C₁₅H₁₉O⁺) fragment supported the proposed structure (Table 5.1). 



 

 

The study also identified V196, previously reported in the electrochemical degradation 

of VFX at pH 9 [283], with a retention time of 4.46 min and m/z of 196.1332. MS2 

fragmentation of the molecular ion produced a prominent peak at m/z 178 (C₁₁H₁₆NO⁺), 

resulting from water loss (18 Da), and fragments at m/z 135 and 147, consistent with previously 

observed VFX fragmentation patterns. The fragment at m/z 163 (C₁₀H₁₃ON⁺), attributable to N- 

or O-demethylation of the m/z 178 ion, further supported the proposed structure of V196. 

V194, characterized by an accurate m/z of 194.1176, was identified as a key degradation 

product. Fragmentation of V194 yielded three distinct ions at m/z 58, 121, and 149. The m/z 

121 peak, also observed in the MS⁴ spectrum of VFX (panel a3 in Figure 5.7), corresponds to 

C₈H₉O⁺. The m/z 58 fragment corresponds to the dimethyl-methylene-ammonium ion (C₃NH₈⁺), 

a characteristic and stable fragment of VFX and its degradation products. The m/z 149 fragment 

(C₉H₉O₂⁺) results from loss of the dimethylamine group (−45 Da) from V194, providing strong 

evidence for the proposed structure. 

Regarding the formation pathways of these transformation products, after 7 h of 

electrochemical degradation, VFX and its transformation products were reduced by more than 

94% relative to the initial concentration. These products are formed through specific reaction 

mechanisms, including N-demethylation, dehydration, aromatic ring hydroxylation, 

cyclohexane ring hydroxylation, and cleavage and modification of the nitrogen moiety. 

Notably, electrochemical degradation at pH 9 produced three distinct mono-hydroxylated 

products (V294a, V294b, V294c) with m/z 294.2064, resulting from hydroxylation of both the 

aromatic and cyclohexane rings. These compounds have previously been reported only in 

photodegradation and AOPs [265, 285]. Other reactions produced lower-molecular-weight 

products, with V194 being the smallest identified. Overall, demethylation, dehydration, and 

subsequent hydroxylation/oxidation represent key stages in the transformation process. 

Electrochemical degradation reactions are important not only for the efficiency of 

decontamination and removal processes but also for the generation of transformation products, 

which may also form in natural environments via biotic or abiotic pathways. Assessing the 

effectiveness and safety of a pollutant-degradation treatment, therefore, requires evaluating 

these transformation products, as they may exhibit higher toxicity than the parent compound. 

Consequently, a primary aim of this study was to determine the residual toxicity of VFX 

transformation products produced during electrochemical treatment. 

 

5.3.4 Evaluation of the Ecotoxicity of Venlafaxine Degradation Products 

The electrochemical degradation of pharmaceuticals can produce transformation 

products with toxicities that differ from those of the parent compound [29]. Therefore, 



 

 

evaluating the ecotoxicity of these degradation products using in vivo, in vitro, or in silico 

methods is essential. In vivo assays involve live animal testing, while in vitro assays employ 

cell lines. However, due to the limited availability of commercial standards, these approaches 

are often impractical for assessing the ecotoxicity of pharmaceutical degradation products. In 

contrast, in silico methods use computational algorithms to predict the properties of substances, 

including toxicity, based on structural and experimental data from analogous compounds. 

A widely used tool for this purpose is ECOSAR software [286]. ECOSAR estimates 

toxicity by calculating the LC50, defined as the median lethal concentration (mg L-1) that causes 

50% mortality in test organisms. In this study, the ecotoxicity of VFX and its degradation 

products for Daphnia magna, previously identified by LC-MS and LC-MSⁿ, was evaluated 

using ECOSAR. Chemical structures were drawn in ChemDraw Ultra 12.0, and LC50 values for 

Daphnia magna were determined. The resulting LC50 values, together with the chemical 

structures, are presented in Figure 5.8 using a tiered pyramid format. 

The tiered pyramid provides a clear visual representation of the relative ecotoxicity of 

VFX and its major degradation products. Comparative analysis of molecular structures revealed 

a general trend: electrochemical degradation of VFX predominantly generates products with 

reduced toxicity relative to the parent compound. VFX itself (LC50 11.1 mg L-1), featuring a 

complex bicyclic structure and a tertiary amine group, exhibited moderate toxicity, likely due 

to structural characteristics that facilitate interactions with biological targets. Most degradation 

products displayed lower ecotoxicity; however, V276a (LC50 7.8 mg L-1) was an exception, 

showing slightly higher toxicity than the parent compound. 

Compounds V194 (LC50 423 mg L-1) and V196 (LC50 1.57 × 103 mg L-1) exhibited the 

greatest reduction in toxicity. This effect is attributed to their simplified aromatic structures and 

increased oxidation, which enhance polarity and water solubility, thereby reducing 

bioaccumulation potential. The difference in toxicity between V194 and V196, highlighted by 

the increase in LC50 upon double-bond saturation (V194 to V196), indicates that the presence 

of a double bond significantly increases toxicity in lower-molecular-weight products. 



 

 

 

Figure 5.8 Ecotoxicity classification of vFX and its degradation products and LC50 (mg L-1) values 

calculated by ECOSAR software. Ranges (mg L-1) and their respective characterization: 1 < 

LC50 < 10 toxic (red); 10 < LC50 < 100 harmful (orange/yellow); LC50 > 100 not harmful (green). 

 

Other degradation products, including N-desmethylvenlafaxine (LC50 14.9 mg L-1), 

V276b (LC50 16.8 mg L-1), V278 (LC50 25.2 mg L-1), and V294a–c (LC50 28.2–46.7 mg L-1), 

also exhibited lower toxicity than VFX. This reduction is likely due to increased hydroxylation 

and structural degradation, which enhance polarity and facilitate compound elimination. 

The predominance of less toxic products, resulting from oxidation, hydroxylation, and 

structural simplification, highlights the efficiency of electrochemical degradation in 

mitigating the environmental impact of VFX. These findings are consistent with established 

principles of environmental toxicology, which indicate that increased polarity and simplified 

molecular structures generally reduce the ecotoxicity of organic compounds. In particular, this 

observation aligns with previous studies, such as Voigt et al. (2024), which reported that the 

introduction of additional hydroxyl groups decreases toxicity [270]. Overall, these results 

underscore the potential of electrochemical treatment as a sustainable approach for 

pharmaceutical waste management. 

 

5.3.5 Electrochemical Degradation of Venlafaxine: Advantages of Platinum Electrodes 

The electrochemical degradation method for VFX using platinum electrodes presents 

several key advantages over alternative approaches, as highlighted in Table 5.2. A critical 

factor in electrochemical applications is electrode performance, particularly operational 

longevity and ease of maintenance. In our study, platinum electrodes, employed with 0.1 M 



 

 

Na2SO4 electrolyte at pH 9 and a current density of 25 mA cm-2, demonstrated exceptional 

stability and a simple cleaning protocol. By contrast, BDD electrodes, though widely studied 

[269-272, 287], often pose challenges related to their specific properties and maintenance 

requirements. The inherent robustness of platinum electrodes contributed to enhanced 

experimental reproducibility and a potentially extended operational lifetime, thereby reducing 

procedural complexity and long-term costs. 

Table 5.2 Operational parameters and main outputs of different EAOP methods for VFX 

degradation. 

Electrode 

Material 

Electrolyte 

Composition 

pH Current 

Density 

(mA/cm2) 

Initial VFX 

Concentration 

(mg/L) 

Degradation 

Efficiency 

Identified 

Transformation 

Products 

Toxicity 

Data 

References 

Pt 0.1 M 

Na2SO4 

9 25 25 94%  

(7 h) 

10 (identified 

by LC-MS/MS 

and HRMS) 

in silico 

(ECOSAR) 

This study 

BDD HCl 3 Not 

reported 

20 not detailed 

(deduced value: 

100% after around 3 

h) 

4 (identified by 

LC-HRMS) 

in silico 

(QSAR) 

[270] 

BDD 0.1 M 

Na2SO4, 

0.02 M NaCl 

6.5 100 25 98%  

(5 min) 

16 (electrolyte 

NaCl) + 6 

(electrolyte 

Na2SO4) 

identified by 

GC-MS 

Toxicity 

test on 

Chlorella 

Vulgaris 

[271] 

BDD 0.1 M 

Na2SO4, 

0.02 M NaCl 

6.5 100 25 98.5% 

(5 min) 

Not evaluated Not 

evaluated 

[272] 

BDD Waste water 

(specific 

electrical 

conductivity 

1455 µS/cm) 

7.2 50 1 99.9%  

(240 min) 

3 (2 of which 

chlorinated) 

identified by 

LC-MS/MS 

and HRMS 

Not 

evaluated 

[269] 

 

A major advantage of the platinum electrode-mediated approach employed in this study 

is the use of a chloride-free electrolyte (0.1 M Na2SO4). This is particularly important when 

compared to studies such as [271-272], where chloride ions (e.g., 0.02 M NaCl), although 

potentially accelerating degradation kinetics, introduce the risk of forming hazardous 

halogenated by-products. The absence of chloride in the Pt-based methodology aligns with the 

goals of environmentally benign remediation strategies. 

As summarized in Table 5.2, the choice of electrode material strongly influences the 

formation of degradation intermediates. For example, study [272] did not identify any 

degradation intermediates, whereas Zhu et al. (2022) [271], using GC-MS, reported 

intermediates differing from those found in this study and in the study of Voigt et al. (2024) 



 

 

[270], which employed LC-HRMS and identified four intermediates, while our study revealed 

ten transformation products. Study [269] also reported four intermediates by LC-HRMS, two 

of which were chlorinated due to the use of chloride-containing electrolytes. These observations 

highlight the critical role of electrode selection in determining the nature and diversity of 

transformation products. 

A hallmark of responsible environmental research is thorough evaluation of potential 

ecological impacts. In this context, our study incorporates an in silico ecotoxicity assessment 

using ECOSAR. Notably, only two other studies have addressed ecotoxicity: Voigt et al. (2024) 

applied in silico QSAR analysis to four intermediates [270], while Zhu et al. (2022) conducted 

toxicity tests on Chlorella vulgaris [271]. Despite differences in methodology, these 

investigations provide valuable insights into the environmental fate and potential risks of 

electrochemical degradation products. 

Although extended degradation times might be viewed as a limitation, this is offset by 

the enhanced stability, improved safety profile regarding by-product formation, and overall 

sustainability of the Pt electrode-mediated process. In addition, we calculated an energy 

consumption of 98 kWh m-3 to achieve 94% degradation of 25 mg L-1 VFX. Energy 

consumption is widely recognized as a key parameter in assessing the practical implementation 

of EAOPs; however, none of the other studies summarized in Table 5.2 provided such 

estimates. 

In summary, the electrochemical degradation of VFX using platinum electrodes 

represents a viable and sustainable remediation strategy. It offers distinct advantages in 

operational stability, environmental safety, and comprehensive ecotoxicological evaluation, 

supporting its potential application in sustainable pharmaceutical waste management. 

 

5.4 Materials and methods  

5.4.1 Materials 

Acetonitrile (99.9%), nitric acid (70%), sodium hydroxide (98%), sodium phosphate 

monobasic (99%), sodium phosphate dibasic (99%), sodium sulfate (99%), ethanol (99.9%), 

methanol (99.8%) and venlafaxine chloridrate (Pharmaceutical Secondary Standard, certified 

reference material) were purchased from Sigma-Aldrich (Steinheim, Germany). Powdered 

alumina was supplied by Buehler (Micropolish II 0.05 μm, deagglomerated gamma alumina). 

Ultra-pure water used in all the experiments was obtained from a combined Elix5/Milli-Q 

system (Millipore, S.p.A., Milan, Italy). Platinum foil (99.9%) and graphite plate were obtained 

from Sigma-Aldrich (Steinheim, Germany). GC plates were purchased from HTW 

HochtemperaturWerkstoffe GmbH (Thierhaupten, Germany). 



 

 

5.4.2 Electrochemical Experiments 

5.4.2.1 CV and DPV 

CV experiments were performed using a 263A potentiostat/galvanostat (EG&G 

Princeton Applied Research, Princeton, NJ, USA), and data acquisition was conducted with 

M270 software version 4.23 (EG&G). A conventional three-electrode configuration was 

employed, consisting of a saturated calomel electrode (SCE) as the reference, a platinum 

counter electrode, and a working electrode composed of either a GC disk or a platinum disk 

embedded in a PTFE body. DPV measurements were carried out using a CHI660B potentiostat 

(Shanghai CH Instrument Company, Shanghai, China). 

The GC electrode was cleaned following an optimized procedure described in [288]. 

Briefly, the surface was mechanically polished using 0.05 μm alumina slurry and subsequently 

subjected to sequential sonication: first in a 1:1 (v/v) mixture of double-DW and ethanol for 2 

min, then in a 1:1 (v/v) mixture of double-DW and nitric acid for 2 min, and finally in double-

DW for 2 min. After each sonication step, the electrode was thoroughly rinsed with ultrapure 

water. 

Platinum electrode cleaning was performed according to the protocol reported in [278]. 

The electrode surface was initially mechanically polished with 0.05 μm alumina and sonicated 

in double-distilled water. This was followed by chemical cleaning through brief sonication in 

hot nitric acid (70%). The final step consisted of electrochemical conditioning by CV in 0.5 M 

sulfuric acid, sweeping the potential between −0.225 V and +1.25 V (vs. SCE) at a scan rate of 

100 mV s-1 for a sufficient number of cycles to obtain a stable and reproducible current profile. 

 

5.4.2.2 Galvanostatic Electrolysis 

Galvanostatic electrolysis experiments for VFX degradation were conducted using a 

263A potentiostat/galvanostat (EG&G Princeton Applied Research, Princeton, NJ, USA). A 

two-electrode configuration was employed, in which a graphite plate (3 mm × 20 mm × 60 mm) 

served as the cathode, while either a platinum foil (0.127 mm × 25 mm × 25 mm) or a GC plate 

(1 mm × 20 mm × 40 mm) was used as the anode. Each anode was immersed in 0.1 M sodium 

sulfate electrolyte at pH 9 (unless otherwise specified), with an exposed surface area of 8 cm². 

The distance between the anode and the cathode was maintained at 2 cm. Experiments were 

carried out in a 100 mL reactor, and the solution was continuously stirred at room temperature 

throughout the electrolysis process. 

 



 

 

5.4.3 LC-UV Conditions 

LC-UV analyses were performed using an Agilent 1200 Series gradient HPLC system 

(Agilent Technologies, Santa Clara, CA, USA) equipped with a quaternary gradient pump, a 

DAD (190–950 nm), and a standard autosampler (0.1–100 μL). Separation was carried out on 

a C18 Supelcosil LC-ABZ column (25 cm × 3 mm, 5 μm; Supelco Inc., Bellefonte, PA, USA) 

maintained at room temperature. The mobile phase consisted of ultrapure water (A) and 

acetonitrile (B), using the following gradient program: 0 min, 90% B; 3 min, 80% B; 4–8 min, 

70% B; 9 min, 80% B; 10–12 min, 90% B. The flow rate was set to 0.8 mL min-1, and the 

injection volume was 20 μL. Chromatograms were monitored at 226 nm, and full UV–VIS 

spectra were acquired between 190 and 400 nm. 

 

5.4.4 LC-MS/MS Analysis 

LC-MS/MS analyses of the degraded VFX solutions were performed using an Accela 

AS HPLC system (Thermo Fisher Scientific, Bremen, Germany) coupled to an LTQ-Orbitrap 

XL mass spectrometer (Thermo Fisher Scientific, Bremen, Germany) equipped with an ESI 

source operating in positive ion mode. The optimized source parameters were as follows: spray 

voltage 4.27 kV, capillary temperature 280 °C, and sheath gas flow rate 80 arbitrary units (AU). 

Compound identification and fragmentation were performed using full-scan acquisition (m/z 

50–500) and data-dependent acquisition (DDA). 

For chromatographic separation, the same column, mobile phase, and gradient 

employed in the LC-UV analyses were used, with a flow rate of 0.8 mL min-1 and a 3:1 post-

column split. Low-resolution MSn experiments were performed by CID with collision energies 

ranging from 30% to 35%. 

Data processing was performed using Xcalibur 2.0 (Thermo Fisher Scientific). Mass 

spectra were imported, processed and plotted with SigmaPlot 10.0 (Systat Software, Inc., 

London, UK). Chemical structures of the identified compounds and fragment ions were 

generated using ChemDraw Ultra 12.0 (CambridgeSoft Corporation, Cambridge, MA, USA). 

 

5.4.5 In Silico Toxicity Evaluation 

The in silico toxicological evaluation of VFX and its degradation products was 

performed using the ECOSAR program based on the chemical structure-toxicity relationship. 

The degree of acute toxicity is estimated on the LC50 of Daphnia Magna after 48 h of contact 

[258]. The ECOSAR package, available for free download from the US EPA website [289], 

categorizes input compounds into one or more chemical classes. It then applies a 

hydrophobicity-based Structure-Activity Relationship relevant to the class(es) to predict 



 

 

ecotoxicity. The logarithm of the octanol: water partition coefficient is used as the input 

parameter. The SARs establish a correlation between the physicochemical properties of 

chemicals and their aquatic toxicity. The models incorporate more than 150 SARs, covering 

over 50 chemical classes. The underlying assumption is that the aquatic toxicity of a compound 

can be predicted based on known values for similar compounds within the same class. 

 

5.5 Conclusions  

This study demonstrated the potential of advanced electrochemical oxidation processes 

based on galvanostatic electrolysis for purifying water from VFX, a drug included in the 4th 

EU Watch List due to its widespread occurrence and persistence. A platinum electrode was 

found to be suitable for this purpose and proved to be a good alternative to the commonly used 

BDD electrode. It offers the advantage of a well-established cleaning procedure, ensuring high 

reproducibility of its surface state, and is stable and durable over extended periods of use. The 

electrochemical degradation of VFX occurred through indirect oxidation by highly reactive 

species, specifically hydroxyl and sulfate radicals, which were electrochemically generated on 

the Pt anode during electrolysis.  

An HPLC-UV method was used to derive the degradation curve of VFX. The 

experimental conditions for electrolysis, including electrolyte pH and current density, were 

optimized. A higher degradation yield of VFX was observed in a 0.1 M Na2SO4 solution at pH 

9, applying a current density of 25 mA cm-2. Additionally, a concentration-dependent 

degradation efficiency was observed, with higher efficiency at lower VFX concentrations, 

consistent with the derived first-order kinetics. Over longer time scales, after 7 h of electrolysis, 

VFX degradation was found to be satisfactory (94%), even at a concentration of 25 mg L-1. 

This study focused on identifying the transformation intermediates of VFX through LC-

ESI-MSn and evaluating their environmental impact. Transformation products are formed 

mainly through demethylation, dehydration, and hydroxylation/shortening of aromatic and 

cyclohexane rings. In particular, the hydroxylation reactions of the aromatic and cyclohexane 

rings yielded three distinct monohydroxylation products, previously identified only in 

photodegradation processes. Other reactions yielded lower-molecular-weight products, 

including N-desmethylvenlafaxine and two isomers of the V276 product.  

Finally, an in silico ecotoxicity assessment using ECOSAR demonstrated that almost all 

intermediates were less toxic than VFX. Furthermore, the most abundant degradation product 

(V194) exhibited the lowest toxicity. Consequently, the proposed electrochemical degradation 

method for VFX removal from contaminated water can be considered environmentally 

sustainable. 



 

 

 

The results presented in this contribution were published in the journal Molecules 

(https://doi.org/10.3390/molecules30091881). 

 

To replace AOPs and minimize the formation of potentially toxic intermediates, 

adsorption onto natural materials has been explored as a complementary and sustainable 

strategy for VFX removal from water (Chapter 6). While electrochemical processes rely on the 

in situ generation of reactive oxidizing species, adsorption offers a simpler approach based on 

the physical or chemical interaction between the contaminant and the adsorbent surface. Natural 

materials, such as biochars, clays, and agricultural wastes, have attracted attention due to their 

low cost, availability, and reduced environmental impact. This approach can minimize the 

formation of potentially toxic transformation products and, although it does not degrade the 

pollutant, it provides an effective alternative for its removal, particularly in low-cost and 

environmentally friendly treatment systems. 
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6. CONTRIBUTION 4 

 

Venlafaxine removal from water and wastewater using activated carbons 

from spent brewery grains produced by conventional vs. microwave 

pyrolysis 

 

6.1 Abstract 

The recent increase in antidepressant consumption, particularly VFX, combined with 

the limited effectiveness of conventional wastewater treatment processes, has led to rising 

environmental concentrations. Adsorption methods have emerged as effective strategies for 

removing persistent pharmaceuticals without generating harmful by-products. This study aimed 

to develop and assess two ACs derived from SBG as an efficient material for VFX removal 

from wastewater. Two pyrolysis methods, conventional and microwave-assisted, were 

evaluated to assess their influence on the adsorption properties. The materials were 

characterized through nitrogen physisorption and SEM to evaluate SBET, porosity, and 

morphology. Their adsorption properties were examined through batch adsorption experiments 

to analyze kinetic and equilibrium behavior, and the efficacy was evaluated in both ultrapure 

water and real wastewater. The obtained ACs exhibited high porosity, with the SBET ranging 

from 1080 to 1197 m2 g−1. Kinetic studies indicated that adsorption followed a pseudo-second-

order model, achieving equilibrium within 1 h. The equilibrium data were optimally described 

by the Langmuir isotherm, indicating monolayer adsorption, with the maximum adsorption 

capacity of microwave-assisted AC reaching 74±6 mg g−1. Microwave-assisted AC has shown 

higher efficiency than conventionally produced AC, demonstrating that this pyrolysis technique 

can produce materials with enhanced adsorption properties. This study demonstrates that 

microwave-assisted pyrolysis of an abundant agro-industrial residue yields high-performance 

materials capable of efficiently removing an antidepressant included in the revised Urban 

Wastewater Treatment Directive from complex effluents, even at low doses, highlighting a 

sustainable route to mitigate pharmaceutical contamination in aquatic environments. 

 

6.2 Introduction 

Pharmaceuticals are increasingly recognized as contaminants of emerging concern due 

to their widespread occurrence in aquatic environments and limited removal by conventional 

WWTPs [104, 290-294]. Their continuous input into water bodies, coupled with biological 



 

 

activity at low concentrations, has drawn increasing attention to the development of advanced, 

sustainable treatment strategies. 

Among these compounds, the antidepressant VFX is frequently detected in surface 

waters and wastewater effluents and has therefore been selected as a representative target 

compound in this study. Its persistence through conventional treatment processes has led to its 

inclusion in the European Union Water Framework Directive Watch List, where it was first 

introduced in the 3rd Watch List in 2020 and subsequently retained in the 4th edition in 2022. 

More recently, it has also been considered within the broader regulatory framework addressing 

pharmaceutical micropollutants, such as the Urban Wastewater Treatment Directive (EU) 

2024/3019 [18-19, 295]. 

Adsorption-based processes are widely regarded as an effective and operationally 

simple approach for removing pharmaceuticals from water [296-297]. In particular, ACs remain 

among the most efficient adsorbents, provided that their textural properties and surface 

chemistry are appropriately tailored [21, 298-299]. In this context, increasing emphasis has 

been placed on the use of agro-industrial residues as sustainable precursors for AC production, 

aiming to reduce both environmental impact and material costs. 

SBG, the main by-product of the brewing industry, is an abundant, largely underutilized 

lignocellulosic biomass with an estimated global production of approximately 39 million tons 

per year [300]. Recent studies have demonstrated that MP constitutes an efficient alternative to 

conventional thermal treatments, enabling rapid and uniform heating, enhanced pore 

development, and reduced energy consumption [301-303]. 

Accordingly, this chapter investigates the synthesis of SBG-derived ACs via CP and 

MP using potassium carbonate as the activating agent and evaluates their adsorption 

performance toward VFX. The materials were systematically characterized, and their 

adsorption behavior was assessed through batch experiments conducted in both ultrapure water 

and real wastewater matrices, providing insight into the influence of pyrolysis route on 

adsorption efficiency and supporting the sustainable valorization of brewery residues for water 

treatment applications. 

 

6.3 Materials and Methods 

6.3.1 Reagents and Chemicals 

The reagent used in the chemical activation process was potassium carbonate (K2CO3, 

AnalaR normapur, 99.9%). For washing the produced material, hydrochloric acid (HCl, 

Honeywell FLUKA, 37.0%) was employed. HCl, sodium hydroxide (NaOH, José Manuel 



 

 

Gomes dos Santos, 99.3%), and sodium chloride (NaCl, Fluka, ≥99.5%) were used to determine 

the PZC. 

Venlafaxine hydrochloride (TCI, 98%) was the pharmaceutical used for adsorption 

experiments. For HPLC analyses, acetonitrile and methanol (both HPLC grade) were obtained 

from Fisher Scientific, while HCl (37%) was supplied by Honeywell FLUKA, as previously 

referred. Ultrapure water was sourced from an Elga Purelab Flex 4 purification system (Veolia). 

 

6.3.2 Carbon adsorbents production 

SBG was collected from Brewery Faustino Microcervejeira, Lda (Aveiro, Portugal), 

dried at room temperature, and then burned for 24 hours at 100 °C. 570 g of SBG were ground 

using a blade mill and impregnated with K2CO3 at an activating agent/SBG 1:2 mass ratio, 

using a 0.15 g m L−1 solution of K2CO3. The mixture was then stirred in an ultrasonic bath for 

1 hour and left to dry at room temperature for several days. A portion of the dried impregnated 

material was carbonized under a nitrogen atmosphere in a muffle furnace (Nüve, series MF 110, 

Turkey), heated at a rate of 10 °C min−1 until it reached 800 °C, with a 2-hour residence time 

at this temperature, resulting in the SBG-AC-CP material. The other portion was carbonized in 

a microwave furnace (CEM Phoenix™ AirWave) at 800 °C (heating rate of 15 °C min−1) for 

20 minutes, resulting in the material named SBG-AC-MP. The resulting materials were washed 

with approximately 1.2 M HCl, followed by distilled water, until the leachate reached a pH 

around 6. Finally, the produced SBG-AC-CP and SBG-AC-MP were dried overnight at 50 °C, 

crushed, and sieved to obtain a fine powder with a particle size ≤ 180 μm. The materials were 

stored in a desiccator to ensure dryness and preserve their physicochemical stability. The yield 

of production (η) of both carbon adsorbents produced was calculated by Eq. 6.1: 

η (%) = 
final mass of carbon adsorbent (g)

mass of precursor (g)
 x 100                                          (6.1) 

Both materials were used for VFX removal, with batch adsorption studies to evaluate 

kinetic and equilibrium system parameters, as described in the next sections. 

 

6.3.3 Carbon adsorbents characterization 

Both SBG-AC-CP and SBG-AC-MP samples were characterized by PZC 

determination, SEM, and N2 adsorption isotherms to determine the specific surface area and 

pore distribution. The PZC of SBG-AC-CP and SBG-AC-MP was determined using a batch 

equilibration method. A series of 0.1 M NaCl solutions with pH values ranging from 2 to 11 

was prepared. The initial pH (pHi) was adjusted using 0.1 M, 0.01 M, or 0.001 M HCl and 0.1 

M, 0.01 M, or 0.001 M NaOH, while maintaining a constant ionic strength. Subsequently, 30 



 

 

mL of each solution was transferred into polypropylene tubes containing either 1.5 mg of SBG-

AC-CP or 1.5 mg of SBG-AC-MP (corresponding to a final dosage of 50 mg L-1), and the tubes 

were shaken at 80 rpm for 24 h. The final pH (pHf) was then measured, and the PZC was 

determined by plotting ΔpH (pHf – pHi) versus pHi. The PZC corresponds to the pH value at 

which the curve intercepts the x-axis (pHi = pHf). 

SBET of the produced materials was determined using a Micromeritics Gemini VII 2380 

instrument at 77 K. Before analysis, the samples were degassed at 120 °C. Nitrogen adsorption–

desorption measurements were performed using liquid nitrogen at −196 °C. The total pore 

volume was estimated at a relative pressure of 0.99. The BET equation [146] was applied within 

a relative pressure range of 0.001–0.1 to calculate SBET. Microporosity (W0) was evaluated from 

the low relative pressure region of the nitrogen adsorption isotherm using the D-A equation 

[147]. The average micropore width (L) was obtained from the Stoeckli–Ballerini equation 

[148]. The average pore diameter (D) was calculated according to the following equation [304]: 

D = 2x 
𝑉𝑝

𝑆𝐵𝐸𝑇
                                                                             (6.2) 

SEM images were obtained at magnifications of 700×, 15,000×, and 35,000×. A Hitachi 

SU70 scanning electron microscope (operated at 1, 3, and 30 kV) was employed to capture 

micrographs of the microstructure of the produced materials. Before analysis, the samples were 

dispersed onto a thin carbon film using a carbon rod coater (Emitech K950X).  

 

6.3.4 Wastewater sampling 

Wastewater samples were collected in June 2025 from a local urban WWTP in Aveiro, 

Portugal. The samples corresponded to the final effluent, obtained after biological treatment. 

Immediately after collection, to remove suspended organic matter, the effluent was filtered 

through 0.45 μm cellulose Supor-450 membrane disc filters under vacuum. The filtered samples 

were stored in the dark at 4 °C and used within 15 days. The effluent was characterized by 

measuring pH with a Hanna Instruments HI2020-02 pH meter, yielding a value of 7.7 ± 0.1. 

Other physicochemical parameters were also measured for the collected wastewater, including 

conductivity (2.7 mS cm-1), resistivity (0.0004 MΩ ·cm), salinity (1.4 PSU), dissolved oxygen 

(7.8 mg L-1), and redox potential (38.9 mVORP) at 21.9°C. The measured Total Organic Carbon 

(TOC) is 12.8 ± 0.3 mg L-1, and the concentration of humic acids is 25.5 ± 0.5 mg L-1, both 

calculated as the average of 3 replicates. 

 



 

 

6.3.5 Adsorption experiments 

6.3.5.1 Preliminary tests 

To evaluate the adsorptive performance of the produced materials for VFX removal 

from ultrapure water and wastewater, batch adsorption experiments were conducted under 

controlled temperature and shaking conditions. Preliminary adsorption tests were performed to 

determine the optimal dose for each material for subsequent kinetic and isothermal studies. A 

VFX solution with an initial concentration of 5 mg L-1 was prepared in ultrapure water and 

distributed into polypropylene tubes containing three different adsorbent masses, corresponding 

to final doses of 25, 50, and 75 mg L-1. Samples were stirred in an overhead shaker (Heidolph 

Reax 2) at 80 rpm for 24 h at 25.0 ± 0.1 °C. 

Following shaking, aliquots of the samples were filtered through 0.22 μm PVDF filters 

(Whatman) and analyzed by HPLC-FLD, as described in Section 2.5. Based on the adsorption 

percentages obtained in the preliminary test, the adsorbent dose yielding 40–60% removal was 

selected for further kinetic experiments to ensure meaningful adsorption and feasible VFX 

analysis in the aqueous phase. All tests (preliminary, kinetic, and equilibrium) were performed 

in triplicate, with pharmaceutical-solution controls (without adsorbent) used as references for 

adsorption percentage calculations according to Eq. 6.3.  

Adsorption (%) = 
𝐶𝑐−𝐶𝑓

𝐶𝑐
𝑥 100                                                            (6.3) 

where Cc (mg L-1) is the concentration of pharmaceutical in the corresponding control 

experiments (from now on, taken as the initial pharmaceutical concentration) and Cf (mg L-1) is 

the remaining pharmaceutical concentration in the liquid phase at the end of the adsorption 

experiment with each material.  

Additionally, batch adsorption experiments in wastewater were conducted to evaluate 

the effects of matrix and competitive components in real effluents on the adsorptive 

performance of two materials for the removal of the antidepressant drug. Preliminary tests on 

wastewater were conducted in the same manner as those on ultrapure water, using higher 

adsorbent doses.  

 

6.3.5.2 Adsorption kinetics 

To determine the time required to reach adsorption equilibrium, a fixed adsorbent dose 

was contacted with 30 mL of a 5 mg L-1 aqueous VFX solution, prepared in either ultrapure 

water or wastewater. Kinetic experiments were performed as described in Section 6.3.5.1, using 

an adsorbent dose of 50 mg L-1 for both materials and matrices. Each polypropylene tube 

contained 30 mL of the VFX solution and 1.5 mg of SBG-AC-CP or SBG-AC-MP rigorously 



 

 

weighed in a microbalance, and was shaken for varying contact times ranging from 5 to 240 

min. The amount of VFX adsorbed at time t (qt, mg g-1) was calculated using Eq. 6.4. 

Experimental data were fitted to the pseudo-first order model and the pseudo-second order 

model [290], as depicted in Eqs. 6.5 and 6.6, respectively, to determine the kinetic parameters 

for each system: 

𝑞𝑡 =
(𝐶𝑐−𝐶𝑡)𝑉

𝑚
                                                                         (6.4) 

𝑞𝑡 =  𝑞𝑒(1-𝑒−𝑘1𝑡)                                                                  (6.5) 

𝑞𝑡 =
𝑞𝑒

2𝑘2𝑡

1+ 𝑘2𝑞𝑒𝑡
                                                                                    (6.6) 

 

Where Cc (mg L-1) is the initial pharmaceutical concentration, Ct (mg L−1) is the 

concentration of pharmaceutical in solution at time t, V (L) is the volume of solution, m (g) is 

the mass of adsorbent, qe (mg g−1) refers to the amount of adsorbate per unit mass of adsorbent 

at equilibrium, k1 (min−1) is the pseudo-first order rate constant and k2 (g mg−1 min−1) is the 

pseudo-second order rate constant. Non-linear fittings were performed using GraphPad Prism, 

version 8.0.2. 

 

6.3.5.3 Adsorption equilibrium  

For adsorption isotherm determination, solutions were shaken for 240 min to ensure 

equilibrium, while varying the adsorbent dose and keeping the initial VFX concentration 

constant at 5 mg L-1. Briefly, aqueous VFX solutions (5 mg L-1) prepared in either ultrapure 

water or wastewater were combined with varying amounts of each carbon adsorbent. In 

ultrapure water, the dose of SBG-AC-CP ranged from 15 to 125 mg L-1, whereas for SBG-AC-

MP it ranged from 5 to 125 mg L-1; in wastewater, the range for SBG-AC-MP was 5 to 90 mg 

L-1. At least eight different doses were tested for each system to determine the adsorbed 

concentration of the adsorbate at equilibrium (qₑ, mg g-1), calculated according to Eq. 6.7. 

Experimental data were fitted to the non-linear Langmuir and Freundlich models, expressed in 

Eqs. 6.8 and 6.9, respectively [291-292]: 

𝑞𝑒 =
(𝐶𝑐−𝐶𝑒)𝑉

𝑚
                                                                (6.7) 

𝑞𝑒 =  
𝑞𝑚 ×𝐾𝐿 × 𝐶𝑒

1+ 𝐾𝐿 × 𝐶𝑒
                                                            (6.8) 

𝑞𝑒 =   𝐾𝐹  ×  𝐶𝑒

(
1

𝑁
)
                                                          (6.9) 

 

Where Ce (mg L−1) is the concentration of VFX in the solution at the equilibrium; qm 

(mg g−1) is the Langmuir maximum adsorption capacity of each material towards VFX; KL (L 



 

 

mg−1) is the Langmuir equilibrium constant; KF (mg g−1 (L mg−1)1/N) is the Freundlich 

equilibrium constant; N is the degree of nonlinearity; and all the other variables are defined as 

in Eqs. 6.4, 6.5, and 6.6. Non-linear regression and parameter estimation for both models were 

performed using GraphPad Prism version 8.0.2. 

 

6.3.6 Chromatographic analyses 

The residual VFX concentration in the aqueous phase after the adsorption tests was 

determined by HPLC-FLD. Analyses were performed using a Shimadzu LC-20AD Prominence 

system (model DGU-20A5), equipped with a DGU-20A5 Prominence degasser, an LC-20AD 

Prominence high-pressure pump, and a CTO-10ASVP column oven, coupled to an ESA Inc. 

model 542 autosampler. Separation was achieved on an ACE5 C18 column (5 µm, 150 × 4.6 

mm). 

The mobile phase consisted of acidified water containing 0.37% (v/v) HCl and 

acetonitrile (60:40, v/v), delivered at a flow rate of 0.8 mL min-1. The injection volume was 20 

µL, and the total run time was 7 min. Both the acidified water and acetonitrile were filtered 

through 0.22 µm membrane filters (Whatman) before use.  

VFX detection was performed using an RF-20A XS Prominence fluorescence detector 

equipped with an Xe lamp, with an excitation wavelength of 230 nm and an emission 

wavelength of 298 nm [305]. The calibration curve was constructed by analyzing standard VFX 

solutions with concentrations ranging from 0.10 to 5.0 mg L-1, prepared in ultrapure water. All 

standards were filtered through 0.22 µm PVDF filters (Whatman) before injection and analyzed 

in triplicate. The limits of detection and quantification were calculated using Eqs. 6.10 and 6.11, 

respectively: 

LOD= 
3.3· 𝜎

𝑏
                                                                        (6.10) 

                                      LOQ=   
10·𝜎

𝑏
                                                                       (6.11) 

where σ is the SD of the intercept and b is the slope of the calibration curve [293]. Linearity 

was calculated by Eq. 6.12: 

Lin(%) = 100 - RSDb                                                                                                  (6.12) 

Where RSDb is the relative standard deviation of the curve’s slope (in percentage) [294]. 

 

6.3.7 Statistical treatment of data 

Statistical comparisons of adsorption data were performed using a t-test at the 95% 

confidence level to evaluate differences in performance among materials within the same 



 

 

matrix, as well as variations in a single material's behavior across different matrices (ultrapure 

water and wastewater). 

 

6.4 Results and discussion 

6.4.1 Production and characterization of carbon adsorbents 

The production yield was calculated using Eq. 6.1. The yields obtained for SBG-AC-

CP and SBG-AC-MP were approximately 7% and 3%, respectively. Among the steps involved 

in material production, the washing stage inevitably resulted in material losses due to the 

removal of the inorganic fraction. Since this fraction does not contribute to the adsorptive 

performance of the materials, its removal leads to lower apparent yields when expressed per 

unit mass of adsorbent. 

The low yields observed for both materials may also be attributed to enhanced losses of 

volatile organic matter resulting from the use of K2CO3 as a chemical activating agent. This 

activation agent effectively promotes the release of volatile species and the development of a 

porous structure, as further confirmed by SBET analysis, which is highly desirable for the 

application considered in this study. 

The PZC was determined to assess the net surface charge of the materials. A low PZC 

is generally associated with a high concentration of acidic surface functional groups. For SBG-

AC-CP and SBG-AC-MP, the PZC values were acidic, approximately 4.0 and 3.5, respectively. 

This behavior is likely attributable to chemical activation with K2CO3, which promotes the 

incorporation of oxygen-containing functional groups on the carbon surface. In contrast, Sousa 

et al. (2020) reported neutral to slightly basic PZC values for ACs prepared from SBG via CP 

and chemical activation with KOH [104]. 

Since the surface charge of ACs depends on both solution pH and PZC, the surface is 

predominantly positively charged at pH values below the PZC and predominantly negatively 

charged at pH values above the PZC. At the working pH values employed in this study 

(approximately 6 for ultrapure water and 7.7 for wastewater), the surfaces of both materials are 

therefore mainly negatively charged. Consequently, differences in surface charge between the 

two materials are not expected to play a major role in their adsorption performance under the 

investigated conditions. 

To investigate the textural properties of the materials, nitrogen adsorption isotherms and 

SEM analyses were performed. The main textural parameters of the produced materials, 

including specific surface area, total pore volume, micropore volume, average micropore width, 

and average pore diameter, are reported in Table 6.1. 



 

 

Table 6.1 Specific surface area (SBET) and textural parameters of the produced ACs (SBG-AC-CP and 

SBG-AC-MP), including total pore volume (Vp), micropore volume (W₀), average micropore width (L), 

and average pore diameter (D). 

AC 

SBET  

(m2 g-1) 

Vp 

(cm3 g-1) 

D  

(nm) 

Dubinin-Astakhov 

W0 (cm3 g-1) L (nm) 

SBG-AC-CP 1080 0.48 0.88 0.43 1.47 

SBG-AC-MP 1197 0.62 1.03 0.57 1.73 

 

The SBET values for SBG-AC-CP and SBG-AC-MP were 1080 and 1197 m2 g-1, 

respectively. A similar trend was observed for the total pore volume Vp and micropore volume 

W₀, both of which, although slightly, were higher for SBG-AC-MP than for SBG-AC-CP. These 

textural characteristics are expected to influence the adsorptive capacity of the materials 

positively. 

SBG-AC-MP exhibited a slightly higher SBET than SBG-AC-CP, indicating that MP 

enhances microporosity development to a greater extent than CP, as it promotes faster, more 

homogeneous heating of the precursor material, thereby facilitating the formation of a 

microporous network. The data obtained in this thesis are consistent with findings from other 

studies, such as that of Sousa et al. (2020), which reported that ACs were produced from CP of 

SBG after chemical activation with KOH, sodium hydroxide (NaOH), or phosphoric acid 

(H₃PO₄) [104]. Different pyrolysis temperatures and residence times were tested; at 800 °C and 

a 150-minute residence time, the SBET values obtained with KOH, NaOH, and H3PO4 activation 

were 1090 m2 g-1, 18 m2 g-1, and 14 m2 g-1, respectively [104]. Only the KOH-activated AC 

exhibited a specific surface area (1090 m2 g-1) comparable to those of the ACs produced in this 

thesis (1080 m2 g-1 for SBG-AC-CP and 1197 m2 g-1 for SBG-AC-MP). The formation of 

microporosity in ACs derived from SBG has also been reported in previous studies [306]. 

Sieradzka et al. (2022) demonstrated that the brewery grains precursor in its raw form, and the 

biochar obtained by CP at 400 °C with and without KOH chemical activation, exhibited SBET 

values of 0.36 m2 g-1, 0.67 m2 g-1, and 2619 m2 g-1, respectively. These results highlight the 

crucial role of chemical activation in producing ACs with high specific surface areas, thereby 

ensuring good adsorption performance and favorable removal efficiencies. However, this high 

SBET is generally achieved through a two-step pyrolysis process (pyrolysis followed by 

impregnation and pyrolysis), which has a significant impact on energy consumption during the 

process [306]. In the present study, milder conditions were used to pursue a more sustainable 

approach (e.g., microwave-assisted pyrolysis). In other studies, such as that by Fontana et al. 

(2016), SBG was used in its raw form - merely dried, crushed, and sieved - resulting in an SBET 

of 0.8246 m2 g-1 [307]. This further emphasizes that the precursor by itself (without chemical 



 

 

activation and thermal treatment) is insufficient to yield a material with the properties of an 

effective adsorbent. Gómez-Delgado et al. (2025) developed ACs from SBG for the removal of 

azo dye Orange II by treating it with NaOH at different mass ratios (1:1 up to 3:1) and activating 

at temperatures from 400 to 600 °C as CP with chemical activation, achieving BET surface 

areas ranging from 3.46 to 466 m2 g-1 [308]. 

 

 

 

 

Figure 6.1 SEM images of a) the precursor SBG, b) SBG-AC-CP, and c) SBG-AC-MP. 

 

SEM images obtained for the precursor and SBG-AC-CP and SBG-AC-MP (Figure 

6.1) reveal clear differences in surface morphology among them. The surface of the precursor 

SBG appears homogeneous and smooth, with no evident porous structure. In contrast, both ACs 

display much rougher surfaces with well-developed porosity, which is favorable for effective 

adsorbent–adsorbate interactions, as confirmed by the high SBET, Vp, and W₀ values reported in 

Table 6.1.  

 

 



 

 

6.4.2 Chromatographic analyses 

The quantification of VFX in the remaining water (ultrapure water and wastewater) 

following adsorption tests with SBG-AC-CP and SBG-AC-MP was performed by HPLC-FLD 

using the conditions described in Section 6.3.6. The LOD and the LOQ obtained for VFX 

calibration were 0.10 and 0.31 mg L-1, respectively, with a linearity of 99 %. 

 

6.4.3 Adsorption experiments  

6.4.3.1 Preliminary tests 

Figure 6.2 shows the histogram-like plot of the % adsorption of VFX onto two SBG-

AC-CP and SBG-AC-MP in ultrapure water and wastewater, at different material doses. Both 

SBG-AC-CP and SBG-AC-MP demonstrated high performance even at very low adsorbent 

doses. After 24 h of contact between the adsorbent and VFX, in ultrapure water, the percentage 

removal was 63±4% for SBG-AC-CP and 62±3% for SBG-AC-MP, using an adsorbent dose 

of only 50 mg L-1 (Figure 6.2a). The two materials exhibited equivalent adsorptive 

performance in VFX removal from ultrapure water: a statistical comparison of these data (t-

test, at 95% confidence level) revealed that there are no significant differences for adsorption 

of VFX onto SBG-AC-CP and SBG-AC-MP (Tcal (0.96) < Ttab (2.12), where Tcal represents the 

calculated t value, while Ttab is the tabulated value taken from the Student’s t-table). In 

particular, the presence of hydroxyl and methoxy substituents in VFX’s structure enables 

hydrogen bonding with oxygen-containing surface groups (carboxyl, hydroxyl, carbonyl) on 

the adsorbent. At the same time, π–π interactions can occur between the aromatic moiety of 

VFX and the graphitic domains of carbon materials, further enhancing adsorption [21]. Thus, 

the adsorption mechanism of VFX is typically governed by a combination of hydrophobic 

partitioning, electrostatic interactions, hydrogen bonding, and π–π stacking [309]. For both 

materials, a dose of 50 mg L-1 was selected for subsequent kinetic tests in ultrapure water.  

Wastewater was also used to evaluate the adsorptive performance of the two materials 

under more realistic and representative conditions. To assess the adsorption capacity of the 

materials in wastewater, three adsorbent doses (150, 200, and 250 mg L-1), higher than those 

used in ultrapure water, were applied, as the competitive and inhibitory effects of the real matrix 

must be considered, which may reduce the adsorption capacity of the materials. For SBG-AC-

MP, complete VFX removal was achieved at all three doses (below LOQ), rendering the drug 

peak undetectable by HPLC-FLD. Consequently, the doses for SBG-AC-MP were 

subsequently reduced to 50, 75, and 100 mg L-1.  



 

 

Figure 6.2 Adsorption percentage of VFX (5 mg L⁻¹) in ultrapure water (a) and in wastewater (b) at 

different doses of adsorbent materials, using SBG-AC-CP (blue) and SBG-AC-MP (red). 

 

The adsorption percentages of the two materials for VFX in wastewater differed 

markedly (Figure 6.2): in both cases, the removal efficiency increased as the adsorbent dose 

increased, but for SBG-AC-MP, a dose of 50 mg L-1 was sufficient to achieve ~50% VFX 

removal, whereas SBG-AC-CP required substantially about fivefold higher doses. Thus, 

although the adsorption performance is similar in ultrapure water, when comparing the two 

materials in wastewater, the performance gap becomes evident, highlighting the importance of 

testing matrices relevant to the target application, as extrapolation of results can lead to 

erroneous conclusions.   

SBG-AC-MP achieved 62±3% and 49.5±0.6% VFX removal in ultrapure water and 

wastewater, respectively, using the same dose of 50 mg L-1. The lower removal in wastewater 

is due to matrix effects. A statistical comparison of these data (t-test, at 95% confidence level) 

revealed that SBG-AC-MP exhibited equivalent adsorptive performance in VFX removal from 

ultrapure water and wastewater: there are no significant differences for adsorption of VFX onto 

SBG-AC-MP in ultrapure water and wastewater (Tcal (1.90) < Ttab (2.12)). The situation is 

different for SBG-AC-CP: at a dose of 50 mg L-1, it achieved 63±4% removal, but an adsorbent 

dose of at least 200 mg L-1 was required to achieve more than 40% VFX removal in wastewater. 

These results highlight the better adsorption capacity of SBG-AC-MP and its superior 

robustness under realistic conditions.  

Differences in adsorption between wastewater and ultrapure water can be explained by 

inhibitory and matrix effects, as well as by the interplay between VFX protonation and the 

materials’ PZC. Because VFX has a pKa of 9.6, the Henderson–Hasselbalch equation indicates 

that at pH 6 of ultrapure water, VFX will be predominantly in its protonated form, enabling 

strong electrostatic attraction with the negatively charged AC surfaces, in accordance with the 

higher % of removal for this matrix. In wastewater (pH 7.7), a lower fraction of VFX remains 



 

 

protonated, reducing potential attractive electrostatic interactions and consequently lowering 

adsorption, as previously demonstrated. However, the decline is less severe for SBG-AC-MP: 

these features enhance the accessibility and strength of adsorbate–adsorbent interactions, 

allowing SBG-AC-MP to perform effectively even under matrix-limited conditions. As a result, 

kinetic and equilibrium studies in wastewater were carried out only for SBG-AC-MP, as it 

showed the most promising material in terms of both adsorption performance and energy-

efficient production. 

 

6.4.3.2 Adsorption kinetics  

Based on the preliminary tests (Section 6.4.3.1), a dose of 50 mg L-1 was selected for all 

kinetic experiments. To determine the time required to reach adsorption equilibrium of VFX 

onto SBG-AC-MP, kinetic studies were conducted in ultrapure water and wastewater, and onto 

SBG-AC-CP in ultrapure water. The graphical representation of the experimental kinetic results 

(qt (mg g-1) vs. time (min)) is shown in Figure 6.3, together with the fitting curves of the applied 

mathematical models (Eqs. 6.5 and 6.6, Section 6.3.5.2). The kinetic data for VFX adsorption 

onto SBG-AC-MP and SBG-AC-CP were fitted to both the pseudo-first-order and pseudo-

second-order models.  

Figure 6.3 Kinetic fittings for the experimental data of VFX adsorption onto SBG-AC-CP in ultrapure 

water (a), SBG-AC-MP in ultrapure water (b), and SBG-AC-MP in wastewater (c). The results were 

fitted to the pseudo-first-order (solid lines) and pseudo-second-order (dashed lines) kinetic models. 

Each data point (± SD) represents the mean of three replicates. Experimental conditions: VFX 

concentration 5 mg L⁻¹; adsorbent dose 50 mg L⁻¹; stirring at 80 rpm; temperature 25.0 ± 0.1 °C. 

 

Table 6.2 summarizes the kinetic parameters obtained from fitting the experimental data 

to the pseudo-first-order and pseudo-second-order models for VFX adsorption onto SBG-AC-

CP and SBG-AC-MP in ultrapure water and wastewater.  

 

 



 

 

Table 6.2 Fitting parameters of the pseudo-first-order and pseudo-second-order kinetic models applied 

to the experimental data for VFX adsorption onto SBG-AC-CP and SBG-AC-MP in ultrapure water and 

wastewater. n denotes the number of data points used for the fitting. 

  Ultrapure water Wastewater 

SBG-AC-CP SBG-AC-MP SBG-AC-MP 

Kinetics models 

Pseudo-first-order 

 

 

 

 

Pseudo-second-order 

 

qe (mg g-1) 

k1 (min-1) 

r2 

n 

Sxy 

qe (mg g-1) 

k2 (mg g-1 min) 

r2 

n 

Sxy 

 

30±1 

0.10±0.02 

0.9537 

8 

2.584 

32.6±0.8 

0.0050±0.0008 

0.9877 

8 

1.332 

 

53±2 

0.05±0.01 

0.9578 

8 

4.387 

58±2 

0.0012±0.0002 

0.9844 

8 

2.663 

 

64±3 

0.045±0.008 

0.9600 

8 

5.193 

71±2 

0.0009±0.0002 

0.9858 

8 

3.092 

 

Comparing the kinetic profiles of SBG-AC-CP and SBG-AC-MP, as well as their 

performance in ultrapure water and wastewater systems, enables assessment of both the 

production process and the solution matrix on the adsorption rate. Across all systems, the 

pseudo-second-order model yielded a superior fit, as indicated by higher determination 

coefficients (r²) and lower residual errors Sxy (Table 6.2). Although the pseudo-first-order 

model yields r² values above 0.95 for all experimental conditions, it less accurately represents 

the data than the pseudo-second-order model (r² > 0.98). This was further evidenced by the 

higher Sxy values obtained for the pseudo-first-order fitting (2.584, 4.387, and 5.193) relative to 

those for the pseudo-second-order fitting (1.332, 2.663, and 3.092). Consequently, the pseudo-

second-order model was selected for further discussion. According to this model, the adsorbed 

concentration at the equilibrium qₑ for VFX removal was 32.6±0.8 mg g-1 for SBG-AC-CP in 

ultrapure water, 58±2 mg g-1 for SBG-AC-MP in ultrapure water, and 71±2 mg g-1 for SBG-

AC-MP in wastewater, all obtained under the same conditions, including material dose. As 

shown in Figure 6.3 and Table 6.2, VFX adsorption onto both materials proceeded relatively 

rapidly, with equilibrium reached in 1 h. In all cases, a steep increase in qₜ values was observed 

during the first ~30 min, in both ultrapure water and wastewater, indicating a fast initial uptake 

phase driven by the abundance of readily accessible active sites on the adsorbent surface. SBG-

AC-CP in ultrapure water exhibited a slower approach to equilibrium and a lower qₑ than SBG-

AC-MP, underscoring the role of preparation method and resulting textural properties in 

determining the adsorption performance of the chosen materials. These findings indicate that 



 

 

the chemical activation method and the thermal treatment led to favorable textural 

characteristics in the adsorbent, and that, together with the solution chemistry, they 

synergistically influence the adsorption kinetics of VFX.  

For all experimental conditions investigated in this thesis, encompassing ultrapure water 

and actual wastewater matrices, the pseudo-second-order model yielded better outcomes. The 

adsorption kinetics obtained in this study for VFX are fully aligned with those reported by other 

studies [103, 310-312]. Table 6.3 summarizes literature data on the adsorption kinetics of 

various organic contaminants from ACs derived from SBG, reporting pseudo-first-order and 

pseudo-second-order rate constants, correlation coefficients, and best-fit models, and provides 

a direct comparison with the findings of the present study. These referred studies, involving 

structurally diverse contaminants, such as tartrazine, acetaminophen, sulfamethoxazole, 

trimethoprim, ciprofloxacin, and carbamazepine, consistently indicate that adsorption onto AC 

is better described by the pseudo-second-order kinetic model, with reported correlation 

coefficients generally exceeding 0.94 [103, 310-312]. For example, Castro et al. (2022) studied 

the adsorption of the tartrazine yellow dye onto ACs obtained by CP. In this case as well, the 

pseudo-second-order model described the adsorption kinetics better than the first-order model 

[310]. Similarly, in a study of Araújo et al. (2020), the adsorption of acetaminophen onto KOH-

activated hydrochar from SBG produced by hydrothermal carbonization was investigated. 

Neither raw SBG nor the corresponding non-activated hydrochar exhibited significant 

acetaminophen removal compared with the activated hydrochar, indicating that adsorption 

capacity was generated only through the activation process. In contrast, activated hydrochar 

derived from SBG showed high removal efficiencies, reaching 95.14% at an initial 

acetaminophen concentration of 50 mg L⁻¹. The adsorption kinetics of acetaminophen onto 

activated hydrochar from SBG revealed a rapid increase in adsorption capacity during the initial 

minutes, followed by a slight decrease after 30 min. After approximately 60 min, the adsorption 

capacity stabilized at around 20 mg g-1, indicating that equilibrium had been reached. The 

kinetic data were well described by the pseudo-second-order model [103]. In the study of Sousa 

et al. (2023), sulfamethoxazole and trimethoprim adsorbed onto microwave-assisted carbons at 

pH 8 followed a pseudo-second-order model, with relatively low rate constants (k₂ = 3.6·10-4 

and 1.1·10-4 g·mg-1·min-1, respectively), while ciprofloxacin followed a pseudo-first-order 

model with k₁ = 0.21 min-1 [311]. In the study by Apinyakul et al. (2024), carbamazepine 

adsorbed onto hydrothermally produced carbon at neutral pH also showed that the pseudo-

second-order model provided an excellent fit (r² = 0.995) [312].  

The overall findings from the present study provided the basis for subsequent 

equilibrium studies aimed at quantifying the maximum adsorption capacities. 



 

 

 

Table 6.3 Operating conditions, adsorption kinetics, and isotherm parameters of ACs derived from 

SBG: literature reports versus the SBG-AC-MP synthesized in this study. The abbreviations AMP, SMX, 

TMP, CFX, and CBZ mean “acetaminophen”, “sulfamethoxazole”, “trimethoprim”, “ciprofloxacin”, 

and “carbamazepine”, respectively; the abbreviations Conv., Hydr. M-A mean “conventional”, 

“hydrothermal”, and “microwave-assisted”, respectively; the abbreviations PFO and PSO mean 

“pseudo-first-order” and “pseudo-second-order”, respectively; the abbreviation L means “Langmuir”. 

The dose of adsorbate reported in the table refers to that used in the adsorption kinetic and isotherm 

tests. The dose of adsorbent reported in the table refers to that used in the adsorption kinetic tests. 
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Adsorbate 

and dose  

Type 

of 

pyroly

sis 

Activating 

agent 

SBET 

m2g-

1 

 Adsorbent 

dose (mg L-

1)  

 

Type of 

matrix 

(pH) 

 k₁ 

min⁻¹ 

r² 

PFO 

k₂ 

g·mg⁻¹·min⁻¹ 

r² 

PSO 

Best-

Fit 

Model 

qm 

mg 

g−1 

Best-fit 

isotherm 

r²  Reference 

Tartrazine 

yellow 

dye 

(10 mg L-1) 

Conv. H3PO4/ 

SBG 1:1 

ratio 

769  2000  Water 

adjusted 

(pH 3) 

 0.12 0.88 0.04 0.94 PSO 32 L 0.89  [310] 

AMP 

(250 mg L-1) 

Hydr. KOH/ 

SBG 4:1 

ratio 

1513  1000 Not 

specified 

 0.78 0.992 0.008 0.999 PSO 318 L 0.999  [103] 

SMX 

 

TMP 

 

CFX 

(20 µmol  L-1) 

M-A K2CO3/ 

SBG 1:2 

ratio 

929  15 Ultrapure 

water (pH 

8) 

 0.11 

 

0.04 

 

0.21 

0.959 

 

0.973 

 

0.974 

3.6·10-4 

 

1.1·10-4 

 

14·10-4 

0.992 

 

0.987 

 

0.939 

PSO 

 

PSO 

 

PFO 

434 

 

880 

 

418 

Both 

 

0.995 

 

0.970 

 

0.990 

 [311] 

CBZ 

(300 mg L-1) 

Hydr. KOH: 

NaCl 

(1:1; 

w/w) 

906  1000 Water 

adjusted 

(pH 7) 

 190 0.971 0.001 0.995 PSO 190 L 0.976  [312] 

VFX 

(5 mg L-1) 

M-A K2CO3/ 

SBG 1:2 

ratio 

1197  50 Ultrapure 

water 

(pH~6) 

 0.05 0.958 0.0012 0.984 PSO 74 L 0.973  Current 

study 
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6.4.3.3 Adsorption equilibrium  

Following the kinetic evaluation (Section 6.4.3.3), equilibrium adsorption studies were 

carried out to determine the maximum adsorption capacities of the produced ACs and to 

elucidate the influence of solution chemistry on VFX uptake. In fact, the adsorption isotherms 

represented the amount of VFX adsorbed onto SBG-AC-CP and SBG-AC-MP at equilibrium 

(qe, mg g−1) versus the amount of pharmaceutical remaining in solution (Ce, mg L−1). These 

experiments allow for a deeper understanding of the interaction between the adsorbent surface 

and the VFX under varying conditions, complementing the kinetic analysis and providing 

essential parameters for practical application. The experimental equilibrium data were fitted to 

the Langmuir and the Freundlich isotherm models (Eqs. 6.8 and 6.9, Section 6.3.5.3). The 

Langmuir model assumes monolayer adsorption onto a homogeneous surface with a finite 

number of identical sites, whereas the Freundlich model is an empirical equation that accounts 

for multilayer adsorption on heterogeneous surfaces. Figure 6.4 shows the experimental 

equilibrium data and the corresponding Langmuir and Freundlich isotherm fits for VFX 

adsorption onto SBG-AC-CP and SBG-AC-MP in ultrapure water and wastewater.  

Figure 6.4 Equilibrium adsorption for the experimental data of VFX adsorption onto SBG-AC-CP in 

ultrapure water (a), SBG-AC-MP in ultrapure water (b), and SBG-AC-MP in wastewater (c). The 

experimental data were fitted to both the Langmuir (solid lines) and the Freundlich (dashed lines) 

models. Each experimental point represents the mean of three replicates (± SD). Conditions: VFX at an 

initial concentration of 5 mg L⁻¹, adsorbent doses 5 - 125 mg L⁻¹, stirring (80 rpm), at 25.0 ± 0.1 °C. 

Table 6.4 reports the fitting parameters obtained from the Langmuir and the Freundlich 

isotherm models for VFX adsorption onto SBG-AC-CP and SBG-AC-MP in ultrapure water 

and wastewater. These parameters allow comparison of the maximum adsorption capacity and 

the adsorbent's affinity for VFX under different conditions, as well as the assessment of which 

model best describes the adsorption process. 
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Table 6.4 Fitting parameters of the Langmuir and the Freundlich equilibrium models for the adsorption 

of VFX onto SBG-AC-CP in ultrapure water, SBG-AC-MP in ultrapure water, and SBG-AC-MP in 

wastewater. 

  Ultrapure water Wastewater 

SBG-AC-CP SBG-AC-MP SBG-AC-MP 

Equilibrium adsorption 

models 

Langmuir 

 

 

 

 

Freundlich 

 

 

qm (mg g-1) 

KL (L mg-1) 

r2 

n 

Sxy 

KF (mg g-1(mg L-1)-N) 

N 

r2 

n 

Sxy 

 

 

41±1 

7±2 

0.9907 

8 

1.394 

36±1 

14±7 

0.9847 

8 

1.791 

 

 

71±4 

2.0±0.5 

0.9725 

7 

4.048 

46±2 

4±1 

0.9560 

7 

5.118 

 

 

72±3 

2.1±0.5 

0.9843 

9 

2.671 

50±2 

5±1 

0.9772 

9 

3.218 

 

Overall, as indicated by the r² and Sxy values reported in Table 6.4, the equilibrium 

experimental data were well fitted by both the Langmuir and the Freundlich models (r² ≥ 0.95). 

However, the Langmuir model, which assumes monolayer adsorption on a homogeneous 

surface with identical adsorption sites, showed slightly higher r² values and lower Sxy, 

suggesting a better fit. A clearer difference was observed for VFX adsorption onto SBG-AC-

MP in ultrapure water, where the Langmuir model yielded r² = 0.9480 and Sxy = 5.483, 

compared to r² = 0.9136 and Sxy = 7.072 for the Freundlich model. This indicates that, in this 

specific case, the Langmuir equation provides a noticeably better description of the equilibrium 

data, highlighting that VFX adsorption onto SBG-AC-CP and SBG-AC-MP occurs 

predominantly as a monolayer on a homogeneous surface with uniform adsorption sites. 

Consequently, the Langmuir model was used for subsequent discussion and interpretation of 

adsorption capacity parameters. The highest adsorption capacity for VFX was observed with 

SBG-AC-MP in ultrapure water, with a qm value of 74±6 mg g-1. In comparison, SBG-AC-CP 

in ultrapure water reached a qm of 41±1 mg g-1, while SBG-AC-MP in wastewater exhibited a 

qm of 72±3 mg g-1. Statistical analysis of these results, performed using a t-test at the 95% 

confidence level, confirmed that the adsorption capacities of SBG-AC-CP and SBG-AC-MP in 

ultrapure water differ significantly (Tcal = 33.18 > Ttab = 2.15), indicating the superior adsorption 

performance of the SBG-AC-MP. For SBG-AC-MP, the maximum adsorption capacity in 

ultrapure water is not significantly higher than in wastewater, confirming that the matrix 
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complexity does not adversely affect SBG-AC-MP's properties, where competitive adsorption 

and electrostatic interactions have negligible effects on adsorption capacity. Even the 

adsorption capacity of SBG-AC-MP in wastewater, despite the matrix effects inherent to real 

effluents, remains higher than that of SBG-AC-CP in ultrapure water: 72±3 mg g-1 for SBG-

AC-MP in wastewater vs. 41±1 mg g-1 for SBG-AC-CP in ultrapure water. This finding 

highlights not only the intrinsic superiority of the microwave-derived AC but also its robustness 

under realistic environmental conditions. Moreover, MP offers additional benefits such as 

shorter processing times and lower energy consumption, making it a more sustainable and 

efficient approach to AC production. 

The comparative evaluation of the equilibrium parameters obtained in this study and 

those reported in the literature further highlights differences in adsorption performance arising 

from variations in pyrolysis method, activation chemistry, and the physicochemical 

characteristics of each adsorbate [103, 310-312]. Table 6.3 presents the adsorption isotherm 

parameters for VFX onto SBG-AC-MP, along with data for other pharmaceuticals adsorbed 

onto various SBG-derived ACs reported in the literature.  

The equilibrium adsorption behavior of SBG-derived ACs shows that the nature of the 

adsorbate and solution conditions strongly influence adsorption capacity. In the study by Castro 

et al. (2022), tartrazine yellow dye exhibited a maximum adsorption capacity of 32 mg g-1 on 

SBG-derived AC at pH 3, with equilibrium data well described by the Langmuir isotherm [310]. 

In the study of Araújo et al. (2020), the activated hydrochar exhibited a very high maximum 

adsorption capacity (qm = 318 mg g-1) toward acetaminophen, with the equilibrium data fitting 

the Langmuir isotherm, indicating monolayer adsorption on uniform active sites. This high qm 

(318 mg g-1) is primarily attributed to the exceptionally large surface area of the hydrochar 

(1513 m2 g-1) generated through hydrothermal carbonization followed by KOH activation, as 

well as favorable interactions between acetaminophen molecules and surface functional groups 

[103]. The combination of a high activating agent/precursor ratio (4:1) and an intense 

hydrothermal process improves adsorption, but at the cost of higher processing costs and 

reduced sustainability. 

In contrast, the SBG-AC-MP developed in this thesis was produced via MP with a lower 

K2CO3/precursor ratio (1:2), resulting in a moderately high surface area and a qm of 71 mg g-1 

for VFX. Although this activation is less aggressive than hydrothermal KOH treatment, it still 

generates sufficient porosity and surface functionality for effective adsorption at 

environmentally relevant pH. These results underscore that both the activating agent/precursor 

ratio and the type of thermal treatment directly influence carbon structure and adsorption 

performance, with more intensive conditions yielding higher-performing materials, albeit with 
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increased cost and synthesis complexity. In the study by Sousa et al. (2023), sulfamethoxazole, 

trimethoprim, and ciprofloxacin were adsorbed onto microwave-derived carbons obtained 

using the same procedure as in the present study [311]. However, these ACs exhibited lower 

BET surface areas (929 m2 g-1) than those of the ACs in the present study (1197 m2 g-1), and 

both the Langmuir and the Freundlich isotherm models provided a good fit to the experimental 

data. Compared to the current study, the higher adsorption capacities (qm = 434, 880, and 418 

mg g-1 for sulfamethoxazole, trimethoprim, and ciprofloxacin, respectively) reported by Sousa 

et al. (2023) are likely due to different operating conditions and stronger interaction affinity 

with the adsorbent surface. Similarly, carbamazepine adsorption onto hydrothermally produced 

carbon (activated with 1:1 KOH:NaCl, w/w) at pH 7, with SBET = 906 m2 g-1, is better 

described by the Langmuir isotherm than by the Freundlich or other models [311]. 

The equilibrium adsorption study confirmed the high efficiency of SBG-AC-MP in 

removing VFX, while the similar qm values in ultrapure water and wastewater highlight its 

robustness under realistic conditions. The Langmuir model provided the best fit, indicating 

monolayer adsorption on homogeneous sites. Combined with the kinetic results, these findings 

demonstrate that MP activated with K2CO3 yields a material with superior adsorptive 

properties compared to CP, enabling high efficiency even in complex wastewater. This 

highlights both the strong potential of SBG-AC-MP for practical water treatment and the need 

to optimize operational parameters for real-world applications. 

 

6.5 Conclusions 

ACs derived from SBG were successfully produced via CP and MP using K2CO3 

activation and evaluated for VFX removal. MP resulted in materials with superior surface 

properties and adsorption performance compared with CP under identical activation conditions. 

High removal efficiencies were achieved in ultrapure water at low adsorbent dosages, 

while in wastewater, SBG-AC-MP maintained a high adsorption capacity, demonstrating 

greater resistance to matrix interferences than SBG-AC-CP. Adsorption kinetics followed a 

pseudo-second-order model, with equilibrium reached within approximately 2 h. Equilibrium 

data were best described by the Langmuir isotherm, indicating monolayer adsorption. 

Maximum adsorption capacities confirmed the superior performance of SBG-AC-MP, which 

retained its efficiency in wastewater despite higher pH values and inhibitory matrix effects. 

Overall, MP combined with K2CO3 activation represents an effective strategy for 

producing high-performance adsorbents from agro-industrial residues. This approach offers a 

sustainable solution for removing pharmaceutical contaminants from complex aqueous 

matrices. Future research should focus on improving production yields, assessing adsorbent 
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regeneration, and extending the application to other contaminants and water matrices to support 

large-scale implementation. 

 

The results presented in this contribution were published in the journal Pharmaceuticals 

(https://doi.org/10.3390/ph19030344).   

 

Similarly, adsorption-based processes have been extended to other pharmaceutical 

contaminants, such as SILD and TAD, a potent, highly lipophilic PDE-5i that shares a similar 

polycyclic structure with SILD. The study reported in Chapter 7 evaluates the effectiveness of 

various adsorbent materials in maximizing water purification while preventing the formation 

of toxic transformation products, a common risk in the photochemical degradation methods 

previously discussed. 
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7. CONTRIBUTION 5 

 

Comparative removal of erectile dysfunction pharmaceuticals from water 

using microwave-activated carbon derived from brewery waste and 

modified montmorillonite 

 

7.1 Abstract 

ED pharmaceuticals, including SILD and TAD, are increasingly recognized as ECs in 

aquatic environments due to their widespread consumption, environmental persistence, and 

incomplete removal by conventional wastewater treatment technologies. This chapter 

investigates the development and application of sustainable adsorbents derived from SBG via 

conventional and microwave-assisted pyrolysis, followed by K2CO3 chemical activation. The 

adsorption performance of these carbon-based materials is systematically compared with that 

of natural MMT and DDAB-MMT. 

Batch adsorption experiments were conducted at an initial pharmaceutical concentration 

of 5 mg L-1. ACs produced via microwave-assisted pyrolysis exhibited the highest adsorption 

efficiencies, reaching equilibrium within 2 h and achieving removal percentages of 90.3 ± 0.1% 

for SILD and 95 ± 2% for TAD at an adsorbent dosage of 50 mg L-1. DDAB-MMT also 

demonstrated substantial adsorption capacity, attaining equilibrium within 60 min and removal 

efficiencies of 84.9 ± 0.1% for SILD and 91 ± 3% for TAD at a higher dosage of 250 mg L-1. 

Overall, the results emphasize the decisive role of adsorbent surface chemistry, porosity, 

and functionalization in controlling pharmaceutical uptake and confirm that both microwave-

derived ACs and surfactant-modified clays represent effective and sustainable materials for 

mitigating persistent pharmaceutical contamination in water. 

 

7.2 Introduction 

The widespread occurrence of ECs in aquatic environments has emerged as a critical 

environmental concern, primarily due to their intrinsic chemical persistence and the insufficient 

removal efficiencies of conventional wastewater treatment processes [28-29, 96, 313-315]. 

Among these pollutants, PDE-5i such as SILD and TAD are increasingly detected in surface 

waters and effluents, a phenomenon directly linked to their surging global consumption and 

resistance to conventional biological degradation. While these compounds have not yet been 

formally included in any of the five European Union Watch Lists published to date, their 
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potential ecological impacts and bioaccumulation have necessitated an intensified scientific 

focus on advanced remediation technologies [29, 314-315]. 

Building on the results presented in the previous chapter, which demonstrated the 

effectiveness of MP combined with K2CO3 activation in producing high-performance ACs from 

SBG, this chapter further explores the application of these materials for the adsorption of ED 

pharmaceuticals. The MP approach represents a sustainable valorization pathway for agro-

industrial waste, in line with circular economy principles, while providing adsorbents with 

enhanced surface area and tailored pore structures [104, 316-318]. 

In addition to carbon-based materials, this chapter also evaluates mineral-based 

adsorbents, specifically natural MMT and its organo-modified derivative [96, 319-320]. 

Mineral-based adsorbents, such as MMT, were selected for comparison with SBG-derived 

activated carbons due to their complementary adsorption properties and practical advantages. 

MMTs are naturally occurring layered silicates characterized by a lamellar structure, high 

cation exchange capacity, and the ability to intercalate organic and inorganic molecules 

between their layers. These features make them effective in removing a wide range of 

pollutants, including charged species, which are less efficiently adsorbed by purely carbon-

based materials. Mineral-based adsorbents are abundant, cost-effective, and chemically stable, 

which supports their practical relevance as alternatives or complements to activated carbons. 

While natural MMT exhibits limited affinity for weakly polar organic molecules, surface 

modification via intercalation with cationic surfactants enhances its organophilic character and 

adsorption performance for non-polar and lipophilic compounds. In this study, natural MMT 

was functionalized with DDAB to increase lipophilicity. 

This chapter aims to comparatively evaluate two SBG-derived ACs and clay-based 

adsorbents (MMT and DDAB-MMT) and elucidate the roles of synthesis pathways and surface 

modification in governing the removal of SILD and TAD from aqueous environments. 

 

7.3 Materials and methods 

7.3.1 Reagents and Chemicals 

The reagent used in the activation process during ACs production was potassium 

carbonate (K2CO3, AnalaR normapur, 99.9%). For washing SBG-derived ACs, hydrochloric 

acid (HCl, Honeywell FLUKA, 37.0%) was employed. HCl (Honeywell FLUKA, 37.0%), 

sodium hydroxide (NaOH, José Manuel Gomes dos Santos, 99.3%), and sodium chloride 

(NaCl, Fluka, ≥99.5%) were used to determine the PZC of SBG-derived ACs.  

Natural Na-Ca montmorillonite (beidellite) was sourced from Ward’s Natural Science 

Establishment, Inc. (Rochester, NY, USA). 
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The standard sildenafil citrate and tadalafil (Certified Reference Material) were 

purchased from Sigma Aldrich (St. Louis, USA). Stock solutions of SILD and TAD were 

prepared in ultrapure water using an ultrasonic bath. Ultrapure water was sourced using an Elga 

Purelab Flex 4 purification system (Veolia) and a Milli-Q RG system (Millipore, Bedford, MA, 

USA). For HPLC analyses, acetonitrile (HPLC grade) was obtained from Fisher Scientific, and 

HCl (37%) was supplied by Honeywell FLUKA. 

 

7.3.2 Production and characterization of adsorbent materials 

In this study, the following materials were used: SBG-AC-CP and SBG-AC-MP as 

carbon-based adsorbents, MMT and DDAB-MMT as the clay components. SBG-AC-CP, SBG-

AC-MP, and DDAB–MMT complexes were prepared in previous studies [1, 321]. The XPS 

characterization of MMT and DDAB–MMT was performed in this study. 

ACs were produced and characterized according to the procedure described by Zizzamia 

et al. (2026) [321]. Briefly, SBG was dried, milled, and impregnated with K2CO3 (activating 

agent/SBG 1:2 mass ratio). Then, a portion of the dried impregnated material was carbonized 

by CP, under a nitrogen atmosphere in a muffle furnace (Nüve, series MF 110, Turkey), heating 

at a rate of 10 °C min−1 until reaching 800 °C, with a 2-hour residence time at 800 °C; the other 

portion was carbonized in a microwave furnace (CEM Phoenix™ AirWave) under an inert 

nitrogen flow, at 800 °C (heating rate of 15 °C min−1), with a 20-minute residence time. After 

acid washing, rinsing, drying, and sieving, two ACs were obtained: SBG-AC-CP (by 

conventional pyrolysis) and SBG-AC-MP (by microwave pyrolysis).  

DDAB–MMT complexes were prepared by Villaverde et al. according to the procedure 

reported in their study [1]. To obtain DDAB–MMT complexes, suspensions containing 6 mM 

DDAB and 5 g L-1 clay were stirred for 24 h, centrifuged at 25.000 g, and the supernatants 

discarded; the resulting complexes were lyophilized.  

The elemental composition and chemical states of MMT and DDAB-MMT complexes 

were examined using XPS.  The spectra were obtained using a PHOIBOS 100 MCD-5 (SPECS) 

spectrometer featuring a monochromatic Al Kα (1486.6 eV) X-ray source. The wide spectrum 

was acquired in Fixed Retard Ratio (FRR) mode with an energy step of 1 eV and a channel time 

of 0.5 s. The main signals of each sample were selected for the detailed acquisitions in Fixed 

Analyzer Transmission (FAT) mode, with a step energy E° = 9 eV, a channel width of 0.1 eV, 

and a channel time of 0.5 s, and processed with the Googly curve-fitting software for 

semiquantitative analysis [37].  
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7.3.3 Adsorption experiments 

7.3.3.1 Preliminary tests 

Batch adsorption experiments were conducted under controlled shaking conditions to 

evaluate the efficacy of SBG-AC-CP, SBG-AC-MP, MMT, and DDAB-MMT complexes in 

removing SILD and TAD from water. During initial screening, adsorption tests were conducted 

to determine the optimal adsorbent dosage for subsequent kinetic investigations, ensuring high 

adsorption efficiency while allowing quantifiable concentration changes over time. Distinct 

stock solutions of SILD and TAD (5 mg L-1) were prepared in ultrapure water and aliquoted 

into polypropylene tubes containing varying amounts of adsorbent. The final concentrations of 

adsorbents were established at 25, 50, and 75 mg L-1 for ACs, and 100, 250, and 500 mg L-1 for 

MMT and DDAB-MMT. All samples were stirred in an overhead shaker (Heidolph Reax 2) at 

80 rpm for 24 h at 25.0 ± 0.1 °C to ensure sufficient contact time for adsorption equilibrium. 

Following shaking, aliquots were filtered through 0.22 μm PVDF filters (Whatman) and 

analyzed by HPLC–UV. Based on the adsorption efficiencies obtained, the adsorbent dosage 

producing reliable kinetic profiles under the tested conditions was selected for subsequent 

kinetic studies. All experiments were conducted in triplicate. Control samples containing only 

the pharmaceutical solutions without adsorbent were used as references for adsorption 

percentage calculations, determined according to Eq. 7.1: 

Adsorption (%) = 
𝐶𝑐−𝐶𝑓

𝐶𝑐
𝑥 100 (7.1) 

Where Cc (mg L-1) is the initial concentration in the control sample, and Cf (mg L-1) 

represents the residual concentration after contact time. 

 

7.3.3.2 Adsorption kinetics 

Kinetic experiments were conducted at a fixed adsorbent dosage and a constant drug 

concentration of 5 mg L-1 to determine the contact time required to achieve adsorption 

equilibrium. Adsorbent concentrations were set at 50 mg L-1 for SBG-AC-CP and SBG-AC-

MP and 250 mg L-1 for DDAB-MMT. Each polypropylene tube contained either 30 mL of the 

pharmaceutical solution and 1.5 mg of the selected AC, or 10 mL of the pharmaceutical solution 

and 5 mg of DDAB-MMT complexes. The suspensions were agitated at a controlled 

temperature for predetermined contact times ranging from 5 to 450 min for SBG-AC-CP and 

SBG-AC-MP, and from 5 to 240 min for DDAB-MMT. 

The amount of SILD or TAD adsorbed at time t (qt, mg g-1) was calculated using Eq. 

7.2. Experimental data were then fitted to the pseudo-first-order [291] and pseudo-second-order 



 

160 

 

[322] kinetic models, expressed by Eqs. 7.3 and 7.4, respectively, to evaluate the kinetic 

behavior and determine the model parameters for each adsorbent–pharmaceutical system. 

𝑞𝑡 =
(𝐶𝑖 − 𝐶𝑡)𝑉

𝑚
 (7.2) 

                                      𝑞𝑡 =  𝑞𝑒(1-𝑒−𝑘1𝑡) (7.3) 

𝑞𝑡 =
𝑞𝑒

2𝑘2𝑡

1 +  𝑘2𝑞𝑒𝑡
 

(7.4) 

Where Cc (mg L-1) is the initial pharmaceutical concentration, Ct (mg L-1) is the 

concentration at time t, V (L) is the solution volume, and m (g) is the mass of adsorbent, qe (mg 

g-1) denotes the adsorbed concentration of adsorbate at the equilibrium, k1 (min-1) is the pseudo-

first-order rate constant, and k2 (g mg-1 min-1) is the pseudo-second-order rate constant. Non-

linear regression analyses of the kinetic models were performed using GraphPad Prism (version 

8.0.2) to obtain the best-fit parameters (qe, k1, k2) and to evaluate the goodness of fit based on 

the correlation coefficient (r2) and residual distribution. 

 

7.3.3.3 Adsorption equilibrium 

To determine the adsorption isotherms, equilibrium batch experiments were carried out 

by varying the adsorbent dose while maintaining a constant initial concentration of SILD and 

TAD (5 mg L-1). Solutions were contacted with different amounts of each AC produced and of 

DDAB-MMT complexes. Based on preliminary kinetic studies, the mixtures containing SBG-

AC-CP, SBG-AC-MP, and DDAB-MMT complexes were agitated for 4 h, 2 h, and 1 h, 

respectively, to ensure equilibrium was reached. The applied adsorbent dosages ranged from 

15 to 90 mg L-1 for SBG-AC-CP, from 15 to 80 mg L-1 for SBG-AC-MP, and from 25 to 500 

mg L-1 for DDAB-MMT complexes. At least seven different concentrations were tested for 

each adsorbent–pharmaceutical system. These experiments allowed the determination of the 

materials' equilibrium adsorption capacities. The adsorbed concentration of adsorbate at the 

equilibrium (qₑ, mg g-1) was calculated according to Eq. 7.5. Experimental data were fitted to 

the non-linear Langmuir (homogeneous monolayer adsorption) and the Freundlich 

(heterogeneous adsorption) models, expressed in Eqs. 7.6 and 7.7, respectively [309]. 

𝑞𝑒 =
(𝐶𝑖 − 𝐶𝑒)𝑉

𝑚
 (7.5) 

𝑞𝑒 =  
𝑞𝑚 𝑋 𝐾𝐿 𝑋 𝐶𝑒

1 +  𝐾𝐿 𝑋 𝐶𝑒
  

(7.6) 

𝑞𝑒 =   𝐾𝐹 𝑋 𝐶𝑒

(
1
𝑁

)
 

(7.7) 
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Where Cₑ (mg L-1) is the equilibrium concentration of SILD or TAD in solution, qm (mg 

g-1) represents the maximum adsorption capacity of each material toward the two 

pharmaceuticals, KL (L mg-1) is the Langmuir equilibrium constant, and KF (mg g-1 (L mg-1)1/N) 

denotes the Freundlich equilibrium constant. The parameter N describes the degree of 

nonlinearity and reflects the heterogeneity of the adsorption sites. All other variables are defined 

as in Eqs. 7.2, 7.3, and 7.4. Non-linear regression and parameter estimation for both isotherm 

models were performed using GraphPad Prism (version 8.0.2). The fitted parameters (qm, KL, 

KF, N) and statistical indicators (r2 and residual errors) were used to evaluate the model 

suitability and describe the adsorption behavior of SILD and TAD on the investigated materials. 

 

7.3.4 Chromatographic analyses 

Analyses were performed on a Shimadzu HPLC equipped with a UV detector. The 

reverse-phase column used was an ACE5 C18 (5 µm, 150 × 4.6 mm). Measurements were 

performed isocratically. For both pharmaceuticals, the mobile phase used was acetonitrile/water 

0.37% HCl (v/v), in a 35:65 ratio for SILD and 50:50 for TAD. The flow rate was 1.0 mL min-

1, the injection volume was 20 µL, and the total run time was 7 min. Both the acidified water 

and acetonitrile were filtered through a 0.2 µm polyamide membrane (Whatman) before use. 

The column was preconditioned and post-conditioned with 100% acetonitrile after each batch 

run to ensure consistency and avoid cross-contamination. Detection occurred at 254 nm for 

SILD and 290 nm for TAD. Retention times were 7.6 minutes for SILD and 8.6 minutes for 

TAD.  Calibration curves were derived by analyzing standard solutions ranging from 0.1 to 5.0 

mg L-1, with each measurement conducted in triplicate.  The analytical performance was 

assessed regarding linearity, accuracy, and sensitivity.  

LOD and LOQ were determined for each curve in accordance with Eqs. 7.8 and 7.9, 

respectively: 

LOD= 
3.3· 𝜎

𝑏
 (7.8) 

 LOQ=   
10·𝜎

𝑏
 (7.9) 

Where σ is the SD of the intercept and b is the slope of the calibration curve [293]. The 

linearity (Lin%) of the analytical method was determined using Eq. 7.10: 

Lin(%) = 100 - RSDb (7.10) 

Where RSDb is the relative standard deviation of the slope (in percentage) [294]. 
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7.4 Results and discussion 

7.4.1 Characterization of natural MMT and DDAB-MMT 

In Figure 7.1a, the XPS spectra (in wide mode) of natural MMT and the DDAB-MMT 

system are shown, with the photoelectron signals and the corresponding Auger signals indicated 

for qualitative analysis [19, 27]. To better highlight the lower-intensity signals, a magnified 

view of the wide-scan in the 900–1500 eV range is shown below (Figure 7.1b). 

 

 

Figure 7.1 a) XPS spectrum (in wide mode) of MMT (black) and DDAB-MMT complexes (red); b) a 

magnification of the wide scan in the 900–1500 eV range. 

 

The wide scan of natural MMT (black line in Figure 7.1) shows the presence of the 

photoelectron signals corresponding to C, K, O, Fe, Mg, Na, Al, and Si, as well as the related 

Auger signals for O, Mg, and Na. The wide scan of DDAB-MMT (red line in Figure 7.1), in 

addition to the photoelectron signals of C, O, Mg, Si, and Al, also shows the signals of N and 

Br, while those of Na, K, and Fe are absent; the Auger signals of C, O, and Mg are also present. 

a) 

b) 
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The presence of the signals of N and Br in the spectrum of DDAB-MMT, absent in the wide 

scan of raw MMT, and the increase of the signal of C1s are a confirmation of the 

functionalization of MMT with charged DDAB-vesicles. 

 

7.4.2 Performance of the analysis method 

To evaluate the adsorptive efficacy of the adsorbents, studies were conducted using 

HPLC–UV, following the chromatographic conditions described in the “Materials and 

methods” section. The analytical technique exhibited exceptional sensitivity and 

reproducibility. LOD and LOQ for SILD were 0.3 mg L-1and 0.9 mg L-1, respectively, 

demonstrating a linearity of 91.6%. For TAD, the LOD and LOQ were 0.3 mg L-1 and 1.0 mg 

L-1, respectively, with a linearity of 97.4%. The calibration curves for both SILD and TAD are 

shown in Figure 7.2, and both demonstrate strong correlation coefficients across the studied 

concentration range, validating the linearity, accuracy, and sensitivity of the devised HPLC–

UV technique for trace-level detection of these medicines in aqueous matrices. 
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Figure 7.2 Calibration curves of (a) TAD and (b) SILD. 

 

7.4.3 Adsorption experiments 

7.4.3.1 Preliminary tests 

Adsorption experiments were carried out to evaluate the removal efficiency of SILD 

and TAD from water using ACs and natural and DDAB-MMT. As shown in Figure 7.3 and 

Table 7.1, SBG-AC-MP exhibited markedly superior performance even at low adsorbent 

dosages, whereas SBG-AC-CP displayed moderate adsorption efficiency. After 24 h of contact, 

removal of SILD and TAD reached 64 ± 3% and 62 ± 6%, respectively, using 50 mg L-1 SBG-

AC-CP; with SBG-AC-MP, SILD removal was 90.3 ± 0.1%, and TAD removal was 95 ± 2%, 

at an adsorbent dose of only 50 mg L-1.  
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Figure 7.3 Adsorption efficiencies of SILD (a) and TAD (b) (5 mg L-1) in ultrapure water at different 

concentrations of adsorbent materials, using SBG-AC-CP (red) and SBG-AC-MP (green). 

 

The data in Table 7.1 show that the adsorption percentage increased with increasing 

adsorbent dose from 25 to 75 mg L-1 for both pharmaceuticals. The higher number of available 

active sites at elevated doses led to greater removal percentages. SBG-AC-MP consistently 

outperformed SBG-AC-CP, attaining over 90% adsorption for both compounds at 

concentrations of 50 mg L-1 or higher. By contrast, SBG-AC-CP showed significantly poorer 

performance, with adsorption levels remaining below 50% for SILD and below 10% for TAD 

at a concentration of 25 mg L-1. The results show that, compared to SBG-AC-CP, SBG-AC-

MP is a more efficient, stable, and reproducible adsorbent for removing SILD and TAD from 

ultrapure water, especially at moderate to high dosages.  

Table 7.1 Adsorption efficiency and RSD of SILD 5 mg L-1 (a) and TAD 5 mg L-1 (b) in ultrapure water 

at different concentrations of SBG-AC-CP and SBG-AC-MP. 

(a) % adsorption 

Concentration of adsorbent SBG-AC-CP SBG-AC-MP 

25 mg L-1 40±3% 76±1% 

50 mg L-1 64±3% 90.3±0.1% 

75 mg L-1 81±2% 90.6±0.4% 

(b) % adsorption 

Concentration of adsorbent SBG-AC-CP SBG-AC-MP 

25 mg L-1 8±6% 89±6% 

50 mg L-1 62±6% 95±2% 

75 mg L-1 87±10% 95.7±0.5% 

 

SILD, with a pKa ≈ 6.0, exists predominantly in protonated cationic form at working 

pH (ultrapure water exhibits a nearly neutral pH (≈ 7)), while TAD, characterized by a very 

high pKa (~15.2), remains neutral and non-ionized under the same conditions. Both ACs 
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possess a PZC of 3.5-4. Thus, at pH levels above this threshold, their surfaces acquire a negative 

charge due to the deprotonation of hydroxyl and carboxyl groups. Under these circumstances, 

the adsorption of SILD is significantly enhanced by the electrostatic attraction between its 

cationic species and the negatively charged surface of ACs. In contrast, TAD, being neutral, is 

adsorbed mainly through π–π stacking, hydrogen bonding, and van der Waals interactions with 

the aromatic carbon framework. 

The exceptional adsorption capacity of SBG-AC-MP is due to its broad microporous 

structure, which facilitates access to active adsorption sites. This outcome highlights the 

intrinsic superiority of microwave-assisted activation compared to traditional pyrolysis.  As 

previously mentioned, microwave heating facilitates the swift and uniform formation of 

micropores, leading to an increased total pore volume and specific surface area, even under the 

same chemical activation conditions, in contrast to traditional pyrolysis. These structural 

changes directly improve adsorption efficiency. MP also provides operational advantages, such 

as reduced processing time and lower energy consumption, improving its feasibility as a more 

sustainable and efficient technique for producing high-performance ACs. 

MMT-based materials required considerably higher doses to attain comparable removal 

efficiencies, owing to their lower surface area and the finite availability of active sites, in 

contrast to ACs [1]. Accordingly, the natural MMT and DDAB-MMT complexes 

concentrations tested were 100, 250, and 500 mg L-1 (Figure 7.4). 

 

Figure 7.4 Adsorption efficiencies of SILD (a) and TAD (b) (5 mg L⁻¹) in ultrapure water at different 

concentrations of adsorbent materials, using MMT (blue) and DDAB-MMT complexes (grey). 

 

As shown in Table 7.2, the removal percentage increased with the dosage of both the 

natural adsorbent and the DDAB-MMT. However, the DDAB-MMT complexes exhibited 

substantially higher adsorption percentage at all concentrations tested. For SILD, adsorption by 

the DDAB-MMT system exceeded 93% at 500 mg L-1, compared to 68% for natural 
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montmorillonite. The difference was even more pronounced for TAD: the DDAB-MMT 

complex achieved a removal efficiency of 98.4% under the same conditions, compared to 

37.7% for natural MMT. These results suggest that SILD and TAD, both lipophilic and poorly 

soluble in water [37, 41], are adsorbed inefficiently by natural montmorillonite. The clay's 

inherent hydrophilicity, coupled with its limited ability to interact with non-polar or weakly 

polar compounds, restricts its adsorption performance towards these pharmaceuticals. In 

contrast, functionalization with DDAB-vesicles enhances the surface lipophilicity of MMT and 

improves its affinity for hydrophobic molecules, as corroborated by XPS analyses. 

Consequently, unmodified MMT exhibits substantially lower adsorption capacities due to its 

hydrophilic nature and structurally compact framework. 

Table 7.2 Adsorption efficiency and RSD of SILD 5 mg L-1 (a) and TAD 5 mg L-1 (b) in ultrapure water 

at different concentrations of natural MMT and DDAB-MMT complexes. 

(a) % adsorption 

Concentration of adsorbent MMT DDAB-MMT 

100 mg L-1 12.5±0.4% 64.1±0.6% 

250 mg L-1 24.1±0.1% 84.9±0.1% 

500 mg L-1 68.2±0.2% 93.1±0.1% 

(b) % adsorption 

Concentration of adsorbent MMT DDAB-MMT 

100 mg L-1 11±3% 79±2% 

250 mg L-1 18±1% 91±3% 

500 mg L-1 37.7±0.4% 98.4±0.1% 

 

TAD shows slightly higher adsorption than SILD on modified MMT, mainly because 

of its more hydrophobic and aromatic structure. Since the surface of DDAB-MMT complexes 

is organophilic and hydrophobic due to the organic functionalization, it interacts more favorably 

with nonpolar and planar aromatic molecules like TAD through van der Waals forces and π–π 

stacking between aromatic rings. SILD primarily interacts through hydrogen bonds and 

electrostatic interactions.  At pH ≈ 7, the MMT layers exhibit a permanent negative charge due 

to isomorphic substitution in the silicate lattice, which is counterbalanced by hydrated inorganic 

cations (Na+, Ca2+) present in the interlayer space.  SILD may exhibit weak adsorption due to 

limited ion-exchange interactions; however, competition with hydrated cations and steric 

hindrance at the narrow interlayer spacing significantly limit uptake. For TAD, which remains 

neutral under these conditions, electrostatic attraction is absent. These results demonstrate that 

surface functionalization by the cationic double-chain surfactant DDAB markedly enhances the 
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adsorption performance of montmorillonite, making modified MMT a more efficient and 

versatile adsorbent, also for non-polar and hydrophobic molecules such as SILD and TAD. 

A comparative analysis of the adsorption performance of ACs and montmorillonite-

based materials reveals significant differences in efficiency and behavior.  While both types of 

AC demonstrate effective adsorption performance at low concentrations, SBG-AC-MP 

achieved the highest overall adsorption percentage, exceeding 90% for both SILD and TAD 

with a dosage of just 50 mg L-1.  In contrast, although montmorillonite-based adsorbents are 

naturally abundant, inexpensive, and environmentally friendly, significantly higher doses (≥250 

mg L-1) are required to achieve adsorption levels comparable to those of ACs.  At a 

concentration of 250 mg L-1, the DDAB-MMT system achieved 85–91% removal, whereas 

natural MMT remained below 25%. This highlights a significant trade-off: while MMT offers 

advantages in terms of sustainability, availability, economic feasibility, and functionalization 

potential, its reduced intrinsic surface area and fewer active sites make it a less efficient 

adsorbent than AC-based materials. 

 

7.4.3.2 Adsorption kinetics 

Kinetic experiments were conducted using adsorbent concentrations of 50 mg L-1 for 

ACs and 250 mg L-1 for the DDAB-MMT complexes. These concentrations were selected to 

maximize adsorption efficiency and allow quantifiable changes in concentration over time. 

Natural MMT was excluded from the kinetic experiments due to its poor adsorption efficiency, 

which prevented the development of reliable kinetic profiles under the tested conditions. 

The experiments aimed to determine the time required to reach adsorption equilibrium, 

focusing on the adsorption characteristics of SILD and TAD on SBG-AC-CP, SBG-AC-MP, 

and DDAB-MMT. The experiments evaluated the adsorption rates of the carbon compounds 

compared with those of the clay-based adsorbent. The results were analyzed using the pseudo-

first-order and pseudo-second-order kinetic models, recognized methods for characterizing 

adsorption on solid surfaces. The suitability of each model was assessed by comparing the 

experimental equilibrium adsorption capacities qe and the corresponding correlation 

coefficients r2, thereby identifying the model that best described the adsorption process for each 

material. The experimental kinetic profiles, expressed as the amount of SILD or TAD adsorbed 

per unit mass of adsorbent (qt, mg g-1) as a function of contact time, are presented in Figures 
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7.5 and 7.6, respectively. These figures also include the fitted curves obtained from the pseudo-

first-order and pseudo-second-order models. 

Figure 7.5 Kinetic fittings for the experimental data of SILD adsorption onto (a) SBG-AC-CP, (b) SBG-

AC-MP, and (c) DDAB-MMT complexes in ultrapure water. The results were fitted to the pseudo-first-

order (solid lines) and pseudo-second-order (dashed lines) kinetic models. Each data point (± SD) 

represents the mean of three replicates. Points with error bars correspond to the experimental results. 

Experimental conditions: SILD concentration 5 mg L-1; adsorbent dose 50 mg L-1 for both ACs and 250 

mg L-1 for DDAB-MMT; stirring rate 80 rpm; temperature 25.0 ± 0.1 °C. Note that the y- and x-axis 

scales differ across the graphs to visualize the results better. 

Figure 7.6 Kinetic fittings for the experimental data of TAD adsorption onto (a) SBG-AC-CP, (b) SBG-

AC-MP, and (c) DDAB-MMT complexes in ultrapure water. The results were fitted to the pseudo-first-

order (solid lines) and pseudo-second-order (dashed lines) kinetic models. Each data point (± SD) 

represents the mean of three replicates. Points with error bars correspond to the experimental results. 

Experimental conditions: TAD concentration 5 mg L-1; adsorbent dose 50 mg L-1 for both ACs and 250 

mg L-1 for DDAB-MMT; stirring rate 80 rpm; temperature 25.0 ± 0.1 °C. Note that the y- and x-axis 

scales differ across the graphs to visualize the results better. 

 

The longer equilibrium time of 4 hours observed for SBG-AC-CP indicates that the 

adsorption process is slower. This is probably due to its narrower pore structure and increased 

microporosity, which limit the diffusion of SILD and TAD molecules into the internal 

adsorption sites. SBG-AC-MP (2 hours) and the DDAB-MMT system (1 hour) both exhibited 

faster adsorption kinetics. This can be attributed to the larger, more accessible pores of these 

materials and the presence of surface functional groups that enable contact with adsorbates.  

Fitting the experimental data to the pseudo-first-order and pseudo-second-order models 

for both pharmaceuticals yielded the kinetic parameters shown in Table 7.3. The symbol n 

represents the number of experimental data points used in the regression analysis. 
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Table 7.3 Fitting parameters of the pseudo-first-order and pseudo-second-order kinetic models applied 

to the experimental data for SILD (a) and TAD (b) adsorption onto SBG-AC-CP, SBG-AC-MP, and 

DDAB-MMT complexes in ultrapure water. 

(a)  Ultrapure water 

SBG-AC-CP SBG-AC-MP DDAB-MMT 

Kinetics models 

 

Pseudo-first-order 

 

 

 

 

Pseudo-second-order 

 

 

qe (mg g-1) 

k1 (min-1) 

r2 

n 

Sxy 

qe (mg g-1) 

k2 (mg g-1 min-1) 

r2 

n 

Sxy 

 

 

62±3 

0.07±0.02 

0.9000 

11 

6.8 

65±2 

0.0018±0.0004 

0.9646 

11 

4.0 

 

 

78±1 

0.068±0.005 

0.9906 

11 

2.7 

82±1 

0.0013±0.0001 

0.9917 

11 

2.5 

 

 

16.8±0.5 

0.4±0.1 

0.9584 

8 

1.3 

17.4±0.5 

0.05±0.02 

0.9738 

8 

1.1 

(b)  Ultrapure water 

SBG-AC-CP SBG-AC-MP DDAB-MMT 

Kinetics models 

 

Pseudo-first-order 

 

 

 

 

Pseudo-second-order 

 

 

qe (mg g-1) 

k1 (min-1) 

r2 

n 

Sxy 

qe (mg g-1) 

k2 (mg g-1 min-1) 

 

 

59±2 

0.027±0.003 

0.9718 

10 

3.6 

66±1 

0.00055±0.00005 

 

 

107.8±0.9 

0.25±0.02 

0.9939 

11 

2.7 

110±1 

0.0050±0.0007 

 

 

12.4±0.2 

0.33±0.04 

0.9913 

8 

0.4 

12.7±0.3 

0.07±0.02 
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r2 

n 

Sxy 

0.9952 

10 

1.5 

0.9932 

11 

2.8 

0.9870 

8 

0.5 

 

The kinetic parameters describe the adsorption behavior of SILD and TAD onto SBG-

AC-CP, SBG-AC-MP, and DDAB-MMT complexes in ultrapure water. In all cases, the 

experimental data fitted both the pseudo-first-order and pseudo-second-order models 

reasonably well (r2 > 0.90). However, the pseudo-second-order model showed a stronger 

correlation for SBG-AC-CP, as reflected by a higher r2 and lower Sxy. SBG-AC-MP exhibited 

the highest qe, compared to SBG-AC-CP and to DDAB-MMT. DDAB-MMT complexes 

displayed a significantly lower adsorption capacity; nonetheless, its higher apparent rate 

constants (k1 = 0.4 min-1 and k2 = 0.05 mg g-1 min-1 for SILD and k1 = 0.3 min-1 and k2 = 0.07 

mg g-1 min-1 for TAD) indicate a faster adsorption process: equilibrium was achieved within 

only one hour, indicating a rapid initial uptake, consistent with surface interactions mediated 

by the organophilic functional groups introduced through surfactant modification. While ACs 

offer higher adsorption capacities, DDAB-MMT complexes exhibit rapid uptake kinetics and 

could serve as a complementary adsorbent for fast contaminant removal. These observations 

align well with previous studies. Comparable kinetic behavior has been reported for other 

hydrophobic pharmaceuticals adsorbed onto biochars and ACs, where surface-mediated 

interactions, such as π–π stacking and hydrophobic partitioning, dominate over intraparticle 

diffusion [325]. In a study of Alkaram et al. (2009), natural MMT exhibits very low adsorption 

efficiency, primarily due to its hydrophilic character and limited affinity toward nonpolar 

molecules [326]. However, organically modified montmorillonites, such as MMT-CTAB or 

MMT functionalized with long-chain surfactants, display markedly improved performance. 

This surface modification has also been shown to enhance adsorption kinetics and capacity in 

carbonaceous materials by introducing oxygen-containing functional groups that improve 

surface reactivity and polarity [327]. Research indicates that ACs and organically modified 

montmorillonites are among the most effective adsorbents for removing pharmaceuticals from 

aqueous environments, albeit via different mechanisms. ACs function primarily through surface 

chemisorption, with π–π and van der Waals interactions also contributing. In contrast, modified 

montmorillonites enhance performance by increasing surface affinity and hydrophobicity 

through organic modification.   
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7.4.3.3 Adsorption equilibrium 

Following the kinetic evaluation, equilibrium adsorption studies were conducted to 

determine the maximum adsorption capacities of the tested adsorbent materials and compare 

them. The adsorption isotherms represented the amount of SILD or TAD adsorbed onto SBG-

AC-CP, SBG-AC-MP, or DDAB-MMT complexes at equilibrium (qe, mg g−1) versus the 

amount of pharmaceutical remaining in solution (Ce, mg L−1). These tests provide a deeper 

understanding of the interaction between the adsorbent surface and the pharmaceutical 

compound, yielding essential parameters for practical application. Equilibrium adsorption 

experiments were performed by maintaining the initial concentration of SILD and TAD (5 mg 

L-1) while varying the adsorbent doses. The experimental equilibrium data were fitted to the 

Langmuir and the Freundlich isotherm models (Eqs. 7.6 and 7.7) to describe the adsorption 

behavior and surface properties of SBG-AC-CP, SBG-AC-MP, and DDAB-MMT. The 

Langmuir model assumes monolayer adsorption onto a homogeneous surface with a finite 

number of identical sites, whereas the Freundlich model is an empirical equation that accounts 

for multilayer adsorption on heterogeneous surfaces. Figures 7.7 and 7.8 show the experimental 

equilibrium data and the corresponding Langmuir and Freundlich isotherm fits for SILD and 

TAD adsorption, respectively, onto the SBG-AC-CP, SBG-AC-MP, and DDAB-MMT system.  

Figure 7.7 Equilibrium adsorption isotherms of SILD onto (a) SBG-AC-CP, (b) SBG-AC-MP, and (c) 

DDAB-MMT systems in ultrapure water. The experimental data were fitted to both the Langmuir (solid 

lines) and the Freundlich (dashed lines) models. Each experimental point represents the mean of three 

replicates (± SD), with error bars indicating the corresponding variability. The isotherms were obtained 

using SILD solution at an initial concentration of 5 mg L-1 and adsorbent doses ranging from (a) 15 to 

90 mg L-1, (b) from 15 to 80 mg L-1, and (c) from 25 to 500 mg L-1, under controlled stirring (80 rpm) at 

25.0 ± 0.1 °C. Note that the y-axis scales differ across the graphs to visualize the results better. 
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Figure 7.8 Equilibrium adsorption isotherms of TAD onto (a) SBG-AC-CP, (b) SBG-AC-MP, and (c) 

DDAB-MMT systems in ultrapure water. The experimental data were fitted to both the Langmuir (solid 

lines) and the Freundlich (dashed lines) models. Each experimental point represents the mean of three 

replicates (± SD), with error bars indicating the corresponding variability. The isotherms were obtained 

using TAD solution at an initial concentration of 5 mg L⁻¹ and adsorbent doses ranging from (a) 15 to 

90 mg L⁻¹, (b) from 15 to 80 mg L-1 and (c) from 25 to 500 mg L-1, under controlled stirring (80 rpm) at 

25.0 ± 0.1 °C. Note that the y-axis scales differ across the graphs to visualize the results better. 

 

Table 7.4 reports the fitting parameters obtained from the Langmuir and the Freundlich 

isotherm models for (a) SILD and (b) TAD adsorption onto produced carbon materials, SBG-

AC-CP, SBG-AC-MP, and DDAB-MMT. These parameters allow comparison of the maximum 

adsorption capacities and the adsorbent's affinity for SILD and TAD, as well as the assessment 

of which model best describes the adsorption process. 

Table 7.4 Fitting parameters of the Langmuir and the Freundlich equilibrium models applied to the 

experimental data for (a) SILD and (b) TAD adsorption onto SBG-AC-CP, SBG-AC-MP, and DDAB-

MMT systems in ultrapure water. 

(a)  Ultrapure water 

SBG-AC-CP SBG-AC-MP DDAB-MMT 

Equilibrium models 

 

Langmuir 

 

 

 

 

Freundlich 

 

 

qm (mg g-1) 

KL (L mg-1) 

r2 

n 

Sxy 

KF (mg g-1(mg L-1)-N) 

N 

r2 

n 

Sxy 

 

 

113±12 

0.8±0.2 

0.9667 

8 

5.4 

52±3 

2.5±0.4 

0.9672 

8 

5.3 

 

 

207±10 

2.0±0.3 

0.9893 

7 

7.1 

133±2 

3.3±0.2 

0.9950 

7 

4.8 

 

 

39±3 

2.3±0.6 

0.9204 

11 

3.4 

25±2 

3.3±0.8 

0.8399 

11 

4.8 

(b)  Ultrapure water 

SBG-AC-CP SBG-AC-MP DDAB-MMT 

Equilibrium models 

 

Langmuir 

 

 

 

 

qm (mg g-1) 

KL (L mg-1) 

r2 

 

 

73±4 

2.9±0.9 

0.9546 

 

 

119±6 

2.9±0.6 

0.9857 

 

 

38±1 

3.1±0.4 

0.9885 
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Freundlich 

n 

Sxy 

KF (mg g-1(mg L-1)-N) 

N 

r2 

n 

Sxy 

9 

4.9 

52±1 

4.4±0.6 

0.9814 

9 

3.2 

6 

5.4 

83±2 

4.0±0.4 

0.9927 

6 

3.9 

8 

1.5 

26±1 

3.4±0.6 

0.9444 

8 

3.2 

 

Both models adequately described the adsorption process, as evidenced by the high 

correlation coefficients for all systems. For adsorption onto DDAB-MMT, the Langmuir model 

provided a better fit to the experimental data than the Freundlich model. This suggests that 

adsorption on the modified clay predominantly occurs through the formation of a monolayer of 

adsorbate molecules on a finite number of active sites. The organomodification process likely 

creates a more homogeneous surface by intercalating DDAB vesicles between clay layers, 

thereby generating well-defined hydrophobic domains and accessible adsorption sites, and 

leading to a relatively ordered adsorption process consistent with Langmuir-type behavior. 

According to the Langmuir model, the maximum adsorption capacities (qm) for SILD were 113 

± 12, 207 ± 10, and 39 ± 3 mg g-1 for SBG-AC-CP, SBG-AC-MP, and DDAB-MMT, 

respectively. For TAD, the corresponding qm values were 73 ± 4, 119 ± 6, and 38 ± 1 mg g-1, 

following the same order. In both cases, SBG-AC-MP displayed the highest adsorption 

capacity, consistent with more accessible adsorption sites and stronger adsorbate–adsorbent 

interactions. The higher Langmuir constants (KL) recorded for both ACs (2-3 L mg-1) affirm 

the pronounced affinity of both medicines for the carbonaceous surfaces, influenced by π–π 

stacking, hydrophobic interactions, and potential hydrogen bonding with oxygenated surface 

groups.  Conversely, the DDAB-MMT system exhibited reduced qm values while maintaining 

similar KL, suggesting that, although the number of adsorption sites is constrained, the modified 

clay maintains a significant affinity for the analytes owing to hydrophobic and electrostatic 

interactions facilitated by the organic surfactant modification. The Freundlich model 

demonstrated a strong fit to the experimental data, indicating the presence of adsorption sites 

with varying affinities. The Freundlich constants for all materials demonstrate favorable 

adsorption characteristics. Among the adsorbents, SBG-AC-MP displayed the highest KF 

values, measuring 133 ± 2 mg g-1(mg L-1) -N for SILD and 83 ± 2 mg g-1(mg L-1) -N for TAD, 

thereby underscoring its significant adsorption capacity.  A comparison of the two 

pharmaceuticals indicates that SILD demonstrated greater adsorption capacity than TAD on 

both ACs, suggesting a stronger electrostatic attraction due to its cationic nature at neutral pH.  
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TAD, characterized by a neutral pKa of approximately 15.2, primarily depends on hydrophobic 

and π–π interactions, leading to marginally reduced qm values.  The opposite trend was observed 

for DDAB-MMT, with TAD adsorption being marginally higher than that of SILD. The 

observed difference is likely due to TAD's increased hydrophobicity and larger aromatic 

structure, which improve its interaction with the surfactant-modified clay surface. Despite its 

lower capacity, the organically modified MMT demonstrates a notable affinity and accelerated 

kinetics, which can be attributed to the synergistic effects of hydrophobic and electrostatic 

interactions resulting from DDAB-modification. This makes DDAB-MMT complexes a 

promising, sustainable, and low-cost complementary adsorbent, especially suitable for rapid or 

large-scale pharmaceutical removal from aqueous environments. 

 

7.5 Conclusions 

This study provided a comprehensive evaluation of sustainable adsorption strategies for 

the removal of SILD and TAD from aqueous solutions, comparing the performance of SBG-

derived ACs with natural MMT and its organo-modified derivative. Batch adsorption tests were 

conducted using 5 mg L-1 solutions of SILD and TAD, and the residual concentrations were 

measured via HPLC-UV analysis. The adsorption kinetics, equilibrium isotherms, and 

maximum adsorption capacities were then determined for each adsorbent. The ACs produced 

by MP performed exceptionally well: they reached adsorption equilibrium within 2 hours and 

achieved removal efficiencies of 90.3% for SILD and 95% for TAD at a low dose of 50 mg L-

1. DDAB-MMT was more effective than natural MMT due to its increased lipophilicity. It 

reached equilibrium within 60 minutes, removing 84.9% of SILD and 91% of TAD at a dose 

of 250 mg L-1. A direct comparison revealed that, although ACs achieved high removal 

efficiencies at lower dosages, the DDAB-MMT system required higher dosages but had a 

simpler preparation process. Overall, the results suggest that waste-derived ACs strike an ideal 

balance between cost, efficiency, and sustainability. However, DDAB-MMT is a viable 

alternative for applications requiring rapid adsorption and functionalized surfaces. This 

research highlights the efficacy of adsorption techniques in mitigating pharmaceutical 

pollutants in water and promotes the use of sustainable, cost-effective materials. Future research 

should focus on refining synthesis parameters and functionalization techniques to improve 

adsorption capacity and operational viability. 
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8. CONCLUSIONS AND OUTLOOK 

In this Ph.D. thesis, three pharmaceutical contaminants were investigated using 

innovative techniques to remove them from aquatic environments. The widespread use, 

persistence, and toxicity of these compounds pose a pressing challenge for water resource 

protection and environmental health, making the development of effective, sustainable, and 

scalable treatment solutions critical. This study explored advanced oxidation processes, 

electrochemical degradation, and adsorption-based approaches to provide environmentally 

friendly, practical remediation strategies. 

Among the AOPs evaluated towards SILD, Sunlight/PMS proved the most efficient, 

achieving complete removal within 80–130 minutes in both DW and SWW. LC-LTQ-MS 

analysis identified photoproducts analogous to human metabolites, highlighting the importance 

of assessing transformation products. Ecotoxicity tests with Vibrio fischeri showed minimal 

adverse effects, validating the system's environmental compatibility. These results underscore 

the potential of Sunlight/PMS photooxidation as a cost-effective, sustainable, and scalable 

technique for PDE-5i removal, with future research focusing on catalyst optimization, recovery, 

and green alternatives. 

The study on the electrochemical oxidation of VFX demonstrated that Pt electrodes are 

a robust, chloride-free alternative to BDD electrodes for VFX degradation. Indirect oxidation 

via hydroxyl and sulfate radicals enabled up to 94% removal of 25 ppm VFX after 7 hours 

under optimized conditions (0.1 M Na₂SO₄, pH 9, 25 mA cm-2). LC-ESI-MSn analysis revealed 

that transformation products formed through demethylation, hydroxylation, and ring 

modifications, including N-desmethylvenlafaxine and V276 isomers. In silico ECOSAR 

toxicity assessment indicated that these products were generally less toxic than VFX, 

confirming the environmental sustainability of this electrochemical approach, despite its higher 

energy requirements. 

Regarding the adsorption studies, SBG-AC-MP exhibited superior physicochemical 

properties and adsorption performance compared to SBG-AC-CP. For VFX removal, SBG-AC-

MP achieved a maximum adsorption capacity of 74 ± 6 mg g-1 in ultrapure water and maintained 

performance in wastewater without inhibitory effects. Equilibrium was reached within ~2 

hours, following pseudo-second-order kinetics and Langmuir monolayer adsorption behavior. 

SBG-derived ACs also effectively removed SILD and TAD, achieving high efficiencies 

at low doses (50 mg L-1), while DDAB-MMT required higher doses (250 mg L-1) but reached 

equilibrium faster (1 hour) due to increased lipophilicity. 

Addressing the persistent challenge of ECs in aquatic environments, this thesis 

demonstrates that photooxidation, electrochemical oxidation, and adsorption using waste-
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derived and functionalized materials can effectively mitigate the environmental burden of ECs. 

In particular, adsorption offers significant advantages in terms of low cost, operational 

efficiency, environmental compatibility, and scalability. By combining innovative 

technologies, sustainable materials, and circular-economy principles, it is possible to develop 

water-treatment solutions that are economically viable, scalable, and environmentally safe, 

thereby supporting global water protection, public health, and environmental sustainability. 
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